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As comunidades de invertebrados de água doce estão frequentemente expostas a múltiplas 
pressões que podem perturbar as cadeias tróficas e funções do ecossistema. A 
contaminação por inseticidas e a presença de espécies invasoras são duas das principais 
pressões antropogénicas nestes sistemas. Entender os seus efeitos combinados na 
estrutura e funções das comunidades é um dos atuais desafios para uma melhor avaliação 
de risco ecológico. O principal objetivo deste estudo foi avaliar se os efeitos deletérios da 
poluição por inseticidas são mediados pela presença de espécies invasoras. Para tal, foi 
realizado um estudo integrativo dos efeitos diretos e indiretos destas ameaças para as 
comunidades bentónicas de água doce, medindo respostas ao nível do indivíduo, da 
comunidade e ecossistema, com foco em cadeias alimentares de detritos.  
Chlorantraniliprole (CAP), uma diamida antranílica, foi usado como composto modelo devido 
ao seu modo de ação que lhe confere especificidade pelos recetores de rianodina de insetos. 
Além disso, a neurotoxicidade do CAP pode perturbar o normal comportamento e 
comunicação química entre espécies. Primeiramente, a toxicidade do CAP foi avaliada e 
comparada com a de um piretróide de amplo espectro. Embora o CAP se tenha revelado 
menos tóxico para as espécies estudadas que o esfenvalerato (ESF), concentrações 
ambientalmente relevantes de ambos os inseticidas inibiram a alimentação do fragmentador 
Sericostoma vittatum e diminuíram o desenvolvimento do coletor Chironomus riparius. Os 
custos metabólicos e os efeitos ao nível suborganismal foram avaliados através de diferentes 
biomarcadores bioquímicos, revelando elevados custos energéticos para estes invertebrados 
quando sob stress químico.  
Os efeitos de dois fatores bióticos de elevada relevância ecológica, predação e qualidade do 
recurso alimentar, foram estudados e avaliados alterando a sua identidade por duas 
espécies invasoras (Procambarus clarkii e Eucalyptus globulus) amplamente distribuídas na 
Europa. Exposições a múltiplos stressores foram então realizadas em sistemas de 
microcosmos com cadeias alimentares de detritos simplificadas para avaliar a decomposição 
de folhada, o crescimento de C. riparius e alterações nas interações fragmentador-coletor. 
Num primeiro ensaio, foram avaliados os efeitos combinados da exposição a CAP e risco de 
predação. A presença de fragmentadores aumentou consideravelmente as taxas de
decomposição da folhada, mas a contaminação por CAP teve o efeito contrário. A toxicidade 
do CAP, o risco de predação e a presença de fragmentadores contribuíram para o 
decréscimo do crescimento de C. riparius. Em ensaios similares, a decomposição da folhada 
de amieiro e eucalipto foi reduzida sob risco de predação, diminuindo o crescimento das 
larvas, sendo este efeito exacerbado com eucalipto, de menor valor nutricional. Em ambos 
os ensaios, o crescimento de C. riparius foi reduzido na presença dos fragmentadores, 
sugerindo uma competição entre estas espécies, independentemente da exposição a CAP 
ou presença do predador. 
Por fim, comunidades bentónicas de água doce foram expostas a CAP e presença de 
espécies invasoras em mesocosmos, permitindo testar as diferentes combinações de 
stressores sob um cenário de exposição mais relevante. As respostas das comunidades ao 
CAP foram avaliadas na presença de folhada de diferentes valores nutricionais (da nativa 
Alnus glutinosa vs folhas da invasora E. globulus) e na presença de diferentes predadores 
(odonata nativo Cordulegaster boltonii vs lagostim invasor P. clarkii). Para identificar, 
quantificar e discriminar a magnitude dos diversos efeitos diretos, indiretos e combinados 
dos vários stressores sobre a estrutura da comunidade (abundância de macroinvertebrados) 
e função do ecossistema (decomposição foliar e produção primária), utilizou-se um método 
de análise de equações estruturais (SEM). Concentrações ambientalmente relevantes de 
CAP, a presença do lagostim e das folhas de eucalipto, contribuíram para alterações na 
abundância de macroinvertebrados. A presença do lagostim mediou os efeitos tóxicos do 
CAP para coletores e herbívoros. A sobrevivência dos fragmentadores e coletores foi 
reduzida nos tratamentos com folhada de eucalipto, que por sua vez também apresentaram 
menor decomposição em comparação com os rios com folhada de amieiro. A toxicidade do 
CAP para os coletores foi magnificada em rios com eucalipto como recurso alimentar. Efeitos 
mediados pela densidade foram observados através da redução de herbívoros que levou ao 
aumento de produção primária. Em síntese, este estudo demonstra que a identidade do 
predador e a qualidade dos recursos alimentares podem mediar os efeitos da contaminação 
por inseticidas em parâmetros estruturais e funcionais das comunidades bentónicas de água 
doce e destaca o valor da incorporação de stressores bióticos em testes ecotoxicológicos.  
A presente tese é um contributo para a complexa tarefa de avaliar os efeitos dos pesticidas 
considerando cenários de exposição ecologicamente relevantes que é, no entanto, crítica
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abstract 
 
Freshwater invertebrate communities are often exposed to multiple stressors that can disrupt 
aquatic trophic chains and ecosystem functioning. Insecticide contamination and invasive 
species are two main anthropogenic stressors of concern in freshwaters. Understanding their 
combined effects to community structure and vital ecosystem functions present challenges for 
an improved ecological risk assessment. The main objective of this research was thus to 
investigate whether the deleterious effects of insecticide pollution may be mediated by the 
presence of alien invasive species. An integrative study was designed to assess the direct 
and indirect effects of these actual threats to freshwater benthic communities, from the 
individual towards the community and ecosystem levels with focus on detritus-based food 
webs.  
Chlorantraniliprole (CAP), an anthranilic diamide was selected as model compound due to its 
novel mode of action that confers specificity for ryanodine receptors of insects. Plus, CAP 
neurotoxicity can potentially disrupt individual behaviour and chemical communication among 
freshwater species. In a first step, CAP toxicity was assessed and compared with that from a 
broad-spectrum pyrethroid. Although CAP revealed less toxicity towards the selected species 
in comparison with the pyrethroid esfenvalerate (ESF), environmentally relevant 
concentrations of both insecticides disrupted the feeding behaviour of the shredder 
Sericostoma vittatum and impaired the development of the collector Chironomus riparius. 
Further, metabolic costs and sub-organismal effects due to insecticide-induced stress were 
also assessed with different biochemical biomarkers, revealing high energetic costs in
exposed organisms.  
Two biotic factors of high ecological relevance, predation and resource quality, were selected 
and effects of two widely distributed invasive species (Procambarus clarkii and Eucalyptus 
globulus) were also considered. Multiple stressors exposures were then performed in 
microcosms systems with tri-trophic simplified detritus-based food webs to evaluate effects 
on leaf decomposition, C. riparius development and shredder-collector interactions. In a first 
trial, combined effects of CAP exposure and predation risk were tested. Shredders presence 
drastically increased leaf decomposition, but CAP exposure decreased this ecosystem 
process. CAP toxicity, predation risk and shredders presence independently lead to 
decreases on C. riparius growth. Additionally, in similar assays, alder and eucalypt leaf 
decomposition was reduced under predation risk, impairing larvae growth, being this effect 
exacerbated in the presence of less nutritive eucalypt leaves. In both assays, C. riparius
growth was reduced in the presence of the shredders, suggesting a competition between 
these species, irrespective of CAP exposure or predation risk. 
Lastly, freshwater benthic communities were exposed to CAP and invasive species presence 
in mesocosms systems allowing to test the different combinations of stressors under a more 
complex and realistic exposure scenario. Community responses to CAP were assessed in the 
presence of leaf litter of different nutritional value (native A. glutinosa vs invasive E. globulus 
leaves) and the presence of different predators (native dragonfly Cordulegaster boltonii vs 
invasive crayfish P. clarkii). A path analysis using structural equation modeling (SEM), was 
applied to identify, quantify and discriminate between the strength of direct and indirect 
effects of all stressors and their combination on community structure (macroinvertebrate 
abundances) and ecosystem function (leaf decomposition and primary production). 
Environmentally relevant exposure to CAP, presence of crayfish and eucalypt leaves all 
contribute to changes on macroinvertebrate abundances. Crayfish presence mediated CAP 
toxicity to collectors and grazers. Shredders and collectors survival was reduced in 
treatments with eucalypt leaves which also presented lower leaf decomposition in comparison 
with streams with alder leaves. CAP toxicity towards collectors was magnified in the streams 
with Eucalyptus leaves. Density-mediated effects were observed and reductions of grazer 
species lead to increased primary production. In summary, this research showed that 
predator identity and detritus quality can mediate the effects of insecticide contamination on 
structural and functional endpoints in benthic freshwater communities and highlights the value 
of incorporating biotic stressors in ecotoxicological experiments.  
The present thesis is a contribution to the complex task of assessing the effects of pesticides 
under a more natural and complex scenario of exposure that is, nevertheless, critical for an 
effective risk management of freshwater ecosystems near agricultural areas. 
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Freshwater bodies and their surroundings have been used and exploited since they are essentials 
for human life, being a valuable natural resource in economic, cultural, aesthetic, scientific and 
educational terms (Science for Environment Policy 2015).  
Freshwaters cover only 0.8 % of Earth’s surface area, but are habitat for more than 125,000 
species of animals, 9.5 % of all known animal species (Balian et al. 2008), constituting a hotspot for 
biodiversity urging effective conservation actions (Ormerod et al. 2010; Strayer and Dudgeon 2010). 
More so since it is nowadays widely accepted that ecosystem services depend on biodiversity, 
through its role on ecosystem functioning. As an example, biodiversity controls the stocks and flows 
of energy and materials through the interactions between different functional groups (Cardinale et 
al. 2012; Science for Environment Policy 2015).  
In Europe, the Water Framework Directive (European Community 2000) aims to improve the 
status of all surface freshwater ecosystems by 2027. Although, some improvements like river 
hydromorphology and/or water chemistry have been successful accomplished, the ecological status 
of most European streams and rivers is still poor (Jähnig et al. 2011; Haase et al. 2013; González del 
Tánago et al. 2016).  
Historically, natural freshwater communities have been threatened by the pervasive 
transformation of riparian zones and watersheds, which in combination with chemical pollution 
seriously compromise their biotic communities (Strayer and Dudgeon 2010). Another critical threat 
to natural biodiversity is represented by the thousands of exotic species that are introduced worldwide 
into freshwaters (FAO 2016), posing large and long-lasting ecological impacts (Strayer and Dudgeon 
2010). Thus, the major challenge to successfully achieve good quality status of freshwater 
ecosystems, not only in Europe but worldwide, is to understand the consequences of multiple 
stressors and of their interactions (Ormerod et al. 2010).  
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Insecticides: one of the major anthropogenic pollutants in freshwater systems  
Pollution by insecticides is one major driver of animal biodiversity loss in aquatic ecosystems 
with effects on both ecosystem structure and function on various spatial and temporal scales, 
modifying community composition (Hasenbein et al. 2015), recruitment success (Cold and Forbes 
2004; Palmquist et al. 2012) and by altering important ecosystem processes (Rasmussen et al. 2012; 
Halstead et al. 2015). Still, the total extent of insecticides effects and the spatial magnitude of 
exposure remain largely unknown (Köhler and Triebskorn 2013; Ippolito et al. 2015), which is 
critical since insecticides market increases every year, as intensive agriculture grows to meet global 
food demand (Ippolito et al. 2015; Li et al. 2017). 
Regardless of the efforts to design insecticides with increasingly specificity for the target pest, 
the close phylogenetic relationship between pests and beneficial species puts at risk the latter ones 
(Köhler and Triebskorn 2013). So, ecotoxicological studies focused on the understanding of direct 
and indirect effects of pesticides at different levels of biological complexity (from their cellular 
targets, to natural populations, communities and ecosystem) are needed (Köhler and Triebskorn 
2013; Bendis and Relyea 2016). Understanding the relative toxicities of insecticides to aquatic non-
target functional groups is the first and critical step for predicting effects on ecosystem functions.  
Anthranilic diamides are an example of recent insecticides designed to be highly selective towards 
target pests, being effective at reduced application loads (Gentz et al. 2010; Gnamm et al. 2012). 
Chlorantraniliprole (CAP, Table 1) is a first generation anthranilic diamide that impairs regulation 
of muscle contraction through activation of the insect ryanodine receptors (RyRs) within the 
sarcoplasmic reticulum (Lahm et al. 2007; Sattelle et al. 2008). Ryanodine receptor channels regulate 
the release of internal calcium supplies (Melzer et al. 1995) and the sustained release of calcium 
within the cytosol leads to muscle contraction, paralysis and subsequent death of the organism. While 
insects possess a single form of the RyR distributed in muscle and neuronal tissue, mammals have 
three different forms. Thus, developed anthranilic diamide compounds exhibits more than 500-fold 
in vitro differential selectivity for insect RyRs over those in mammals (Cordova et al. 2006; Sattelle 
et al. 2008). 
Due to its potency and specificity, CAP market rapidly increased replacing other insecticides 
classes such as neonicotinoids, organophosphates, carbamates and pyrethroids for which pesticide 
resistance had been already observed (Sattelle et al. 2008; Casida 2009; Jeanguenat 2013). Indeed, 
CAP uses vary from agricultural crops to ornamentals and turf grass of urban areas (FAO 2007; 
USEPA 2008) and have demonstrated to be effective against a broad range of agricultural pests 
(Lahm et al. 2009; Gentz et al. 2010). Consequently, and due to CAP persistence and mobility in soil 
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and aquatic environments (EFSA 2013), reported measured concentrations in surface waters go 
currently beyond the USEPA benchmarks for acute/chronic (4.9/4.5 µg/L CAP) toxicity to 
freshwater invertebrates (CDPR 2016). Despite some information available about CAP toxicity 
(Preetha et al. 2009; Spomer et al. 2009; EFSA 2013), a better understanding of sub-lethal and 
chronic toxicity of CAP to non-target freshwater invertebrates is still needed. 
Pyrethroids on the other hand remain one of the most used class of insecticides due to their broad-
spectrum of action being also used in a wide range of activities (Spurlock and Lee 2008; Rasmussen 
et al. 2013). The primary mechanism of action of pyrethroids is by interfering with the close of 
voltage-dependent sodium channels, resulting in the repetitive firing of neurons (Soderlund et al. 
2002; Brander et al. 2012; Casida and Durkin 2013), thus organism may exhibit hyperexcitation, 
convulsions, followed by lethargy, paralysis and death (Soderlund et al. 2002). Type II pyrethroids, 
those that contain a cyano group substituting the alcohol moiety and halogen in the acid moiety, are 
also reported to have effects at the presynaptic membrane of voltage-dependent calcium channels 
and to interfere with ATPase enzymes involved with maintaining ionic gradients across membranes 
(Narahashi 2000; Soderlund 2012). Due to their lipophilic nature, pyrethroids are quickly 
incorporated into biological membranes and tissues (Soderlund 2012).  
Esfenvalerate (ESF, Table 1) is a type II synthetic pyrethroid with high efficacy against target 
species, but also high toxicity to non-target aquatic invertebrates and fish (Rasmussen et al. 2013; 
EFSA 2014). Environmental concentrations of up to 0.66 µg/L ESF have been reported in water 
samples (Forbes and Cold 2005; Brady et al. 2006), and it is frequently detected in sediments and 
organic matter in aquatic systems at concentrations that are toxic to aquatic organisms (Kuivila et al. 
2012; Rasmussen et al. 2013; Weston et al. 2013; EFSA 2014; Allinson et al. 2015). However, 
investigations linking biochemical to life-history effects on aquatic sediment-dwelling invertebrates 
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Table 1 Identity, physical and chemical characteristics of chlorantraniliprole and esfenvalerate 












Chemical class Anthranilic diamide insecticide Pyrethroid insecticide 
Molecular weight 483.15 g/mol 419.91 g/mol 
CAS No. 500008-45-7 66230-04-4 
Water solubility  pH 4: 0.972 mg/L at 20 ºC 
pH 7: 0.880 mg/L  
pH 9: 0.971 mg/L  
pH 5: <1 μg/L at 20 °C  
pH 7: No effect of pH expected due 
to no dissociation pH 
Log KOW 2.90 6.2 
a
 (USEPA 2008), b (EFSA 2013), c (EFSA 2014) 
 
Most knowledge on ecotoxicological effects of insecticides to freshwater organisms is based 
largely on standardized single-species toxicity (Maltby et al. 2005; Larson et al. 2014). These assays 
are an important first step as they give information about relative sensitivity among taxa and different 
contaminants, as well as about the magnitude of the expected effects (Gessner and Tlili 2016). 
Additionally, neurotoxic insecticides such as anthranilic diamides can cause behavioural 
alterations, toxic anorexia and also disrupt chemical communication among aquatic invertebrates 
with potential changes for communities structure and function (Hannig et al. 2009; Hunting et al. 
2016). Therefore, it is clear that microcosm and mesocosm trials using several species and trophic 
levels are required, in addition to more environmentally relevant scenarios of exposure, such as the 
consideration of multiple stressors (Bendis and Relyea 2016; Rohr et al. 2016). 
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Invasions by alien species in freshwater detritus-based trophic webs 
Invasions by alien species are key drivers of economic and ecological problems (Goodenough 
2010; Strayer 2010), leading to a rapid loss of native biodiversity worldwide (Goodenough 2010; 
Courchamp et al. 2016). As invasive species enter and are part of trophic webs they generally have 
faster and stronger direct impacts on the communities than chemical or abiotic factors (Jackson et al. 
2017). Invasion-driven changes in the structure and functioning of ecosystems are been studied and 
it is known that biotic invasions can alter the density, behaviour, physiology and life-history of 
detritivores species (Charles and Dukes 2007; Jackson et al. 2017). Thus, biotic invasions disrupt 
communities through many mechanisms (competition, predation, parasitism, nutrient cycling, habitat 
alteration, etc.) and alter spatial distributions of native species, changing their roles in food webs 
(Millennium Ecosystem Assessment 2005; Dornelas et al. 2014), or even by disrupting the 
relationship between native biodiversity and ecosystem function (Strayer 2010). It is thus critical to 
investigate the potential for invasive species to play an important role in altering the community 
context and thus become themselves an important mediator of contaminant effects on natural 
communities (Guedes et al. 2016; Jackson et al. 2016).  
Two widely distributed and well established biotic invaders affecting European streams are 
crayfish Procambarus clarkii and trees from the genus Eucalyptus. 
Many European streams are now facing a threat posed by the presence of the crayfish 
Procambarus clarkii Girard, 1852 (Decapoda: Cambaridae), native from Mexico and the south-
central USA. Their first introduction into Spain in the 1970’s is well-documented, and a rapid spread 
occurred being nowadays a dominant macroinvertebrate in several European freshwater systems 
(Gherardi 2007; Souty-Grosset et al. 2016). These crayfish have revealed numerous properties that 
makes them successful invaders: they are r-selected species (with early maturity at small body size, 
rapid growth rates, large numbers of offspring and relatively short life spans) (Gherardi 2006); they 
are also plastic in their life cycles, being able to disperse broadly in the habitat and to endure extreme 
environmental ranges, such as desiccation (Banha and Anastácio 2014); plus a behavioral flexibility 
and high learning capability are advantageous when facing competitors (Gherardi et al. 2011). 
Further, omnivore P. clarkii shows generalist and opportunistic feeding habits, being juveniles the 
more active predators (Correia 2003). Thus, severe impacts of P. clarkii presence on rice fields and 
on native biota, from macrophytes to macroinvertebrates or amphibians have been reported (Correia 
and Anastácio 2007; Cruz and Rebelo 2007; Gherardi 2007). Omnivorous top consumers, such as 
these, may therefore be expected to cause cascade effects through direct and indirect effects on preys 
(Usio 2000). Nevertheless, few studies focused on their effects on recipient communities (Gherardi 
and Acquistapace 2007). 
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Invasive tree species may alter the strucute and functioning of aquatic benthic detritivore 
assemblages, through changes of allochthonous leaf litter litterfall timing, quantity and nutritional 
quality that affect decomposition rates in freshwaters (Larrañaga et al. 2009; Boyero et al. 2012; 
Martínez et al. 2016). Therefore, there is growing interest in understanding the effects of changing 
native deciduous forests by exotic plantations on stream communities and litter decomposition 
(Ferreira et al. 2015). Eucalyptus globulus Labill., 1799 (Myrtales: Myrtaceae) is an Australian tree 
introduced to the Iberian Peninsula around 1829 that conquered the paper industry due to the faster 
growth and high adaptability (Lopes et al. 2003; Molinero and Pozo 2004). For instance, in the 
Iberian Peninsula eucalyptus plantations cover more than 1.5 million ha, replacing native mixed 
broad-leaved deciduous forests (ICNF 2013; Ferreira et al. 2015). Eucalyptus leaves have low 
nutritional value (Ferreira et al. 2006) for aquatic detritivores species, in comparison with the leaves 
of native tree such as Alnus glutinosa (L.) Gaertn (Pérez et al. 2014; Correa-Araneda et al. 2015). 
Further, physical (thick and a waxy cuticule) and chemical (oils and polyphenols) barriers of 
eucalyptus leaves have been shown to retard microbial colonization and impair shredders growth 
(Graça et al. 2002; Canhoto and Laranjeira 2007). Similarly, field studies have observed that 
eucalyptus litter inputs reduce biodiversity of microorganisms and invertebrates, compromising 
ecosystem processes (Ferreira et al. 2006, 2015; Larrañaga et al. 2009; Kominoski et al. 2013). 
Freshwater macroinvertebrate detritivores and their role on leaf decomposition 
Macroinvertebrate detritivores often dominate benthic communities in terms of biomass and 
numbers and, thus, detritus-based trophic chains have great ecological relevance in freshwater 
ecosystems (Merritt and Cummins 2009). Detritivore invertebrates are essential for nutrient cycling 
(Atkinson et al. 2016) and are sometimes ecosystem engineers (Statzner 2012) and food resource for 
higher trophic levels (Schmera et al. 2016).  
One of the main contributions of detritivore invertebrates is related with decomposition of organic 
matter (Tank et al. 2010), with benthic invertebrates contributing to the decomposition of riparian 
leaf litter inputs in headwater streams (Graça 2001; Brett et al. 2017). Leaf litter decomposition links 
terrestrial and aquatic nutrient cycles, prompting biomass production, therefore, is an integrative and 
useful index of ecosystem functioning to evaluate the impacts of biotic, abiotic or chemical 
disturbances in lotic systems (McKie et al. 2009; Boyero et al. 2016; Gessner and Tlili 2016). 
Litterfall composition varies with vegetation type, location and/or climate, but leaves usually 
constitute the largest part of it, ranging from 41 to 98 % of the total litterfall (Abelho and Graça 1996; 
Oelbermann and Gordon 2000). In temperate deciduous forests autumn litter inputs may be as high 
as 79 % of annual leaf litter input (Abelho and Graça 1998). Although seasonal patterns are also 
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observed for Eucalyptus forests and plantations, their major litterfall occurs during spring or summer 
(up to 75 %) (Abelho and Graça 1996; Guo and Sims 1999). When leaf litter enters the stream, the 
conditioning by microorganisms (fungi and/or bacteria) increases the palatability of leaves to 
shredders (Graça 2001; Cornut et al. 2015) that efficiently decompose leaf litter and, therefore, 
perform a key role in the energetics of these freshwater ecosystems (Cummins et al. 1989; Wallace 
and Webster 1996). Microbial and shredder activities on leaf litter degradation have been discussed 
(Graça 2001; Jonsson et al. 2001; Cornut et al. 2015), and it is known that dominant mechanisms of 
leaf decomposition change along a latitudinal gradient, with the shredding activity described of 
primary importance in low order streams, where shredders are abundant (Graça et al. 2001; Brett et 
al. 2017).  
Within detritus processing chain, shredders process coarse particulate organic matter (CPOM) 
and produce fine particulate organic matter (FPOM), as they feed, and it is commonly assumed that 
shredders facilitate collectors because of these FPOM production (Heard and Richardson 1995). 
Therefore, this shredder collector facilitation hypothesis can be posited at the population level, 
involving particular species of shredders and collectors, or at an ecosystem level comprising the 
shredder and collector functional groups in the community (Heard and Richardson 1995).  
Detritus processing chains thus offer great potential to be used in the field of community 
ecotoxicology, but several questions remain on how diversity and composition of macroinvertebrates 
change in freshwater systems under natural or contaminated conditions (Schmera et al. 2016). 
 In the present thesis, a simplified detritus-based chain was used as model chain: leaves of Alnus 
glutinosa – the shedder Sericostoma vittatum Rambur, 1842 (Trichoptera: Sericostomatidae) – the 
collector Chironomus riparius Meigen, 1804 (Diptera: Chironomidae).  
Sericostoma vittatum is an abundant and efficient shredder in many Iberian streams, playing a key 
role in the allochthonous organic matter degradation in these streams (Feio and Graça 2000; 
González and Graça 2003). Their life cycles are relatively long, possibly with a bivoltine life history 
(González and Graça 2003). S. vittatum larvae construte mineral cases that are important antipredator 
defenses, more than a physical protection, cases also reduce caddisflies detection and chang their 
palatability to predators (Wissinger et al. 2006; Ferry et al. 2013). S. vittatum have been used in 
ecotoxicological studies, where their feeding behaviour has been proved a sensitive and reliable 
endpoint to assess chemical stress (Pestana et al. 2009; Campos et al. 2014). 
Chironomids are often dominat in terms of number and biomass in benthic communities of lotic 
and lentic environments (Merritt and Cummins 2009). Thus, these collectors have essential roles on 
nutrient cycling (Ferrington 2008) but also on habitat structure, since their sediment-dwelling larvae 
activity influences bioirrigation of the sediment and bioturbation (Matisoff and Wang 1998; Stief 
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and de Beer 2002). Further, they are preys for several invertebrates and vertebrates’ predators. 
Chironomids are multivoltine, with short life cycles and high reproduction outputs that makes them 
attractive organisms for maintenance and culture in the laboratory. As sediment-dwelling larvae, 
chironomids have been used as model organisms for laboratory and in situ sediment-water toxicity 
studies with a variety of behavioural and developmental endpoints assessed (OECD 2004, 2011; 
Pestana et al. 2009; Marinković et al. 2011). Their demonstrated sensitivity to pollutants and easy 
laboratory testing have led to growing use of chironomids to develop biochemical biomarkers in 
ecotoxicological studies (Hyne and Maher 2003; Domingues et al. 2007, 2010). 
Research objectives and thesis outline 
The main objective of the present research was to investigate whether the deleterious effects of 
insecticide exposure on detritus-based food webs may be mediated by the presence of alien invasive 
species. An integrative approach was performed starting with the assessment of direct effects of 
insecticide exposure on single-species tests. These standardized laboratorial assays, following for 
example OECD guidelines, are reliable tools, easy to replicate and validate, allowing to establish 
causation. Therefore, insecticides (CAP and ESF) toxicity evaluation encompassed individual 
endpoints such as developmental rates and behaviour, complemented by biochemical and 
physiological biomarkers. Following such approaches, energetic costs and detoxification processes 
induced by insecticides exposure might be correlated with effects observed at higher levels of 
biological organization. 
Then, multiple stressors interactions were studied to contribute to a better understanding of the 
mechanisms underlying insecticide toxicity to aquatic non-target detritivores, interspecific 
interactions and functions within a community. Combined effects of insecticide contamination and 
biotic invasions were assessed. Increasing biodiversity complexity allows to study concepts of 
community structure (abundance) and ecosystem function (leaf decomposition and primary 
production), and how the components and processes within the system are interacting. Such 
systematic integration of functional measurements into ecotoxicological studies of multiple stressors 
will allow the development of better ecological assessments that can be generalized at a wide range 
of spatial and temporal scales (Nienstedt et al. 2012; Piggott et al. 2015; Van den Brink et al. 2016). 
So, the following key questions were addressed throughout the present work:  
- What are the ecotoxicological effects of insecticide exposure at organismal and sub-
organismal levels on non-target freshwater macroinvertebrates?  
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- How does predation risk mediate the response of detritivore species to insecticide 
contamination?  
- Do changes on resource quality alter detritivores response to stress?  
- How does the presence of invasive species mediate the community responses to 
contamination? 
The first step was to assess the individual toxicity of the two model insecticides to the freshwater 
invertebrates selected. So, ESF (Chapter II and III) and CAP (Chapter IV and V) exposure effects to 
the shredder Sericostoma vittatum and the collector Chironomus riparius are reported. In these four 
chapters, single-species ecotoxicity tests were performed, measuring multiple parameters (survival, 
growth, development rate, energetic reserves, oxidative stress and neurotransmission) to evaluate 
insecticide toxicity at different levels of biological organization. Concerning predator species, the 
effects of CAP on survival and feeding behaviour were also evaluated (Chapter VI: native planarian 
Dugesia subtentaculata; Appendix III: native odonata Cordugelaster boltonii and invasive decapoda 
Procambarus clarkii).  
Microcosms tests were then performed to investigate the effects of dual stressors combinations 
within a simplified detritus-based trophic chain, chosen based on invertebrates’ co-occurrence in 
Iberian streams. On a first trial were assessed the combined effects of CAP exposure and predation 
risk on a simplified food chain constituted by: leaf litter from the native tree Alnus glutinosa – the 
shredder S. vittatum – the collector C. riparius – the native predator odonata C. boltonii (Chapter 
VII). Here, the emphasis was on how predation risk mediated CAP toxicity to the model detritivores 
and if their effects might change shredder-collector interactions. In Chapter VIII, the effects of 
resource quality were assessed in dual species tests also where both shredders and collectors were 
offered alder (high quality, native species) or eucalyptus (less nutritive, invasive species) leaves, 
combined with presence/absence of a native predator, the planarian D. subtentaculata. Focus was 
given to how resource quality mediates responses to predation risk on detritus-based steam trophic 
chains, and also in if these multiple stressors could change shredder-collector interactions. In both 
experiments, results were assessed as S. vittatum and C. riparius feeding activity (measured as leaf 
degradation) and performance of C. riparius (measured as growth rates).  
On the following chapter (Chapter IX), experiments with a macroinvertebrate community were 
conducted in an indoor stream mesocosms system. The experimental design focused on testing 
combination of stressors by manipulating insecticide contamination (0 or 2 μg/L CAP), leaf litter 
quality (leaves from the native A. glutinosa or the invasive E. globulus) and predator identity (native 
Cordulegaster boltonii or invasive P. clarkii). Effects on community structure (abundance of 
organisms) and ecosystem function (leaf decomposition and primary production) were measured. 
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The identification, comparison and interpretation of direct, indirect and interaction effects was 
possible due to structural equation modelling (SEM) analysis.  
Finally, on Chapter X, the main contributions of the presented research for understanding the 
combined effects of insecticides and invasive species on freshwater benthic communities are 
summarized and discussed. 
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Energetic costs and biochemical biomarkers associated with 
esfenvalerate exposure in Sericostoma vittatum 
Abstract 
Pyrethroid insecticides have been used for decades and their worldwide market continues to 
increase, despite their high toxicity to non-target insects. Recent studies reveal that it is essential to 
investigate the secondary mechanisms of action of type II pyrethroids to understand their cellular 
effects on invertebrates. The aim of this study was to evaluate the lethality, behaviour and 
physiological alterations and energetic costs in caddisfly larvae exposed to environmentally relevant 
concentrations of esfenvalerate (ESF). ESF caused both mortality and feeding inhibition of exposed 
caddisfly larvae: nominal ESF 96 h LC50 was 2.29 µg/L; feeding activity was impaired from 
concentrations equal or above 0.25 μg/L. At the cellular level, glutathione-S-transferase (GST) 
activity was increased on caddisfly larvae exposed to 0.25 and 0.5 µg/L ESF, which might contribute 
to prevent oxidative damage since levels of lipid peroxidation (LPO) were not altered. The energy 
budget of exposed caddisfly larvae was impaired from 0.25 µg/L ESF since sugar and protein 
contents decreased, while a decline of energy consumption was observed. The analysis of feeding 
and energy reserves and consumption data through structural equation modelling (SEM) allowed to 
quantify the direct and indirect effects of ESF exposure on bioenergetics of caddisfly larvae. SEM 
analysis showed a strong, negative direct influence of ESF onto feeding activity, sugars and energy 
consumption, highlighting a significant positive relationship between sugars and protein contents. 
These results show that energy expenditure is related to oxidative defense mechanisms induced by 
ESF stress that may lead to deleterious effects on growth and development. 
 
Key-words: Pyrethroids, non-target insects, cellular energy allocation, biomarkers, feeding 
behaviour, structural equation modelling   






The global and widespread use of pyrethroids, from agricultural to urban activities, make this 
class of insecticides one of the most frequently found in freshwater environments at concentrations 
that pose risk to freshwater life (Rasmussen et al. 2013; EFSA 2014; Allinson et al. 2015; Siegler et 
al. 2015). Despite their high hydrophobicity (log Kow > 4.5), and contrary to what was expected and 
believed in the past, the high sorption of pyrethroids to particulate organic matter and inorganic 
particle surfaces does not seem to cause a major decrease of its bioavailability to biota (Rasmussen 
et al. 2016). 
Pyrethroids bind and modulate the activity of the voltage-gated sodium channels, which cause 
hyperactivity of the nervous system with a subsequent lack of its normal function (Narahashi 2000; 
Casida and Durkin 2013). Pyrethroids are divided into two groups, type I compounds cause a 
prolonged opening of sodium channels, leading to repetitive firing, while type II pyrethroids act by 
membrane depolarization leading to conductance block of the nervous system, resulting in prolonged 
sodium tail current (Narahashi 2000). Recently, the neurotoxic effects related to most type II 
pyrethroids (the α-cyano pyrethroids) have been also described as a consequence of secondary sites 
of action, namely voltage-gated calcium channels and chloride channels, defined as potent enhancers 
of both calcium uptake and neurotransmitter release (Soderlund 2012). Therefore, studying the 
toxicity of type II pyrethroids, such as esfenvalerate (ESF), through biochemical and physiological 
biomarkers is of central importance to understand their high toxicity to target and non-target 
invertebrates and also evolution of insect resistance.  
Nowadays, the growing knowledge on cellular biomarkers allows a better understanding of their 
role in detoxification process in several insect species. As pyrethroid molecules are esters, cleavage 
by esterases has been described as one major route of their biodegradation (Sogorb and Vilanova 
2002). Moreover, resistance to pyrethroids, organophosphates and carbamates in several arthropod 
pests has been correlated with an enhanced production of esterases through gene amplification or 
upregulation (Li et al. 2007; Bass and Field 2011). In the present study, we focus on 
acetylcholinesterase (AChE), the main cholinesterase described on the trichoptera species selected 
(Pestana et al. 2014). Furthermore, AChE has been used as biomarker of neurotoxicity and has been 
correlated with behavioural alterations under organophosphates and carbamates induced stress 
(Amiard-Triquet 2009; Xuereb et al. 2009). Recently, inhibition of AChE activity due to type II 
pyrethroid exposure was observed in rats’ brain (Mani and Sadiq 2014). 
Similarly to esterases, glutathione S-transferases (GSTs) in insects have caught the attention 
because of their role in insecticide resistance and detoxification of pyrethroids, organophosphorus, 
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organophosphate and organochlorine compounds (Kostaropoulos et al. 2001; Li et al. 2007; Bass and 
Field 2011). GSTs and reduced glutathione (GSH) are known to have a major role in the conjugation 
reactions of electrophilic compounds, but also in the repair processes by detoxification of peroxides 
and oxidized DNA bases, being a key protection mechanism (Vontas et al. 2001; Forman et al. 2009). 
Glutathione is also a ROS reductant, reducing H2O2 via glutathione peroxidase (Forman et al. 2009). 
Another frequently studied biomarker is the anti-oxidant enzyme catalase (CAT), a ROS scavenging, 
which decomposes H2O2 (Felton and Summers 1995), and therefore, counteract pyrethroid-induced 
oxidative stress.  
Moreover, and since biotransformation and some antioxidant defenses require energy, the energy 
related parameters have also been used as indicators of chemical induced-stress and, as a reflection 
of trade-offs that govern organisms’ life-history (Monaghan et al. 2009; Sokolova et al. 2012). It is 
known that the increased energy demand due to stress conditions results in a depletion of glycogen 
and lipid reserves (Sokolova 2013). Additionally, under prolonged moderate to high stress condition, 
proteins can be metabolized to produce energy under aerobic or anaerobic metabolism (Arrese and 
Soulages 2010; Sokolova et al. 2012), and several amino acids can be used to prevent oxidative 
damage (Monaghan et al. 2009). Also, the measurement of the energy consumption, through the 
electron transport system (ETS) activity, gives an insight into the metabolic activity of organisms, 
and energy consumption under stress conditions (Smolders et al. 2004). As energy balance is 
essential to an organism to be able to adapt and tolerate stress (Sokolova et al. 2012), the 
consequences of chemical stress to the bioenergetic parameters evaluated at the organismal level can 
be extrapolated, to predict effects on the growth and development of organisms (Parsons 2007; 
Sokolova 2013). 
Furthermore, the ultimate effects of neurotoxicants, like ESF, will be translated into behavioural 
changes, as behaviour is the final outcome of a chain of neurophysiological steps (Lagadic et al. 
1994; Amiard-Triquet 2009). Indeed, behaviour results from cumulative and integrative sequences 
of physiological alterations, and sometimes, it is even more sensitive to chemical stress than 
biochemical biomarkers (Amiard-Triquet 2009). One behavioural endpoint that has been frequently 
used and proved to be a sensitive and reliable ecotoxicological endpoint is feeding behaviour (Maltby 
et al. 2002; McWilliam and Baird 2002). Impairment of feeding behaviour in both target and non-
target invertebrate species due to pyrethroids exposure has been documented and associated with 
effects at individual and population levels, such as reduced growth and offspring production (Lagadic 
et al. 1994; Barata et al. 2006; Hannig et al. 2009). Further, the complementary use of behavioural 
parameters with biochemical and physiological biomarkers are recommended, and may give 
important clues to link sub-lethal biochemical changes to harmful effects in natural populations 
(Amiard-Triquet 2009). 





That said, we hypothesized that environmentally relevant concentrations of ESF would cause 
deleterious effects in exposed organisms through behavioural effects and also an increase of the 
metabolic costs of detoxification. The aim of this study was thus to evaluate behavioural and 
biochemical responses of the trichopteran Sericostoma vittatum Rambur, 1842 under exposure to 
environmentally relevant concentrations of ESF. Neurotransmission function was evaluated as the 
enzymatic activity of acetylcholinesterase – AChE – EC 3.1.1.7. Parameters related with oxidative 
stress, such as, the anti-oxidant enzyme catalase (CAT – EC 1.11.1.6), total glutathione levels (TG), 
phase II biotransformation enzyme glutathione S-transferase (GST – EC 2.5.1.18), and levels of lipid 
peroxidation (LPO) were also assessed. Energy homeostasis of exposed larvae was assessed through 
feeding activity and cellular energy allocation (CEA) methodology. Direct and indirect effects of 
exposure to ESF on feeding and energy fractions of the organisms were also analyzed and compared 
through the structural equation modelling (SEM) methodology. 
Material and Methods 
Test organisms and alder leaves 
Sericostoma vittatum Rambur (Trichoptera: Sericostomatidae) is a freshwater detritivore, 
described as a very efficient shredder (Feio and Graça 2000; Campos and González 2009). Also, its 
feeding behaviour has been shown a sensitive and reliable endpoint for ecotoxicological studies 
(Campos et al., 2014; Pestana et al., 2009). S. vittatum larvae were sampled using a hand net, in the 
fourth-order São João stream, Lousã, Portugal (40º06’N, 8º14’W). At the laboratory, the organisms 
were acclimated for at least one week at constant temperature (20 ± 1 ºC), 16 h light:8 h dark, in 
American Society for Testing Materials (ASTM) hard water (ASTM 1980) constantly aerated and 1 
cm layer of inorganic fine sediment. Commercial river sand was washed, sieved with a 1 mm mesh 
and burnt at 500 ºC for 4 h, to eliminate associated organic matter or possible adsorbed contaminants. 
Organisms were fed ad libitum with alder leaves (Alnus glutinosa). 
Alder leaves were collected from the riparian vegetation of Alva river at São Pedro de Alva, center 
of Portugal, soon after senescence. Leaves were air-dried and stored in the dark until needed. 
Esfenvalerate and chemical analysis 
Esfenvalerate (analytical grade, CAS Number 66230-04-4) was purchased from Sigma-Aldrich, 
UK. Analytical grade acetone was used to prepare stock solutions, which were then protected from 
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light to avoid degradation of the insecticide. In the preparation of the experimental concentrations 
acetone was kept below 0.01%.  
Water and inorganic sediment samples were collected 24 h after the beginning of the chronic 
exposure for the quantitative determination of ESF. Samples were kept at -20 ºC until analysis. ESF 
in water samples was extracted with dichloromethane and analyzed by GCMS-MS, with a detection 
limit of quantification of 0.02 µg/L. Around 2 grams of sediment with 10 mL of acetonitrile were 
analyzed by QuEchers extraction method (Anastassiades et al. 2003), with a detection limit of 
quantification of 10 µg/Kg. 
Acute exposure 
S. vittatum larvae were exposed for 96 h to a range of nominal ESF concentrations: 0.05, 0.15, 
0.45, 1.35, 4.05 and 12.15 µg/L, plus control (ASTM only) and solvent control treatments (0.01 % 
acetone). Ten individual replicates per concentration were used, and organisms were individually 
exposed in glass vials containing 50 mL of experimental solutions, without medium renewal during 
the 96 h of the trials. Mortality was assessed every 24 h until the end of the test (96 h), and confirmed 
by removing the organisms from their mineral cases. No sediment or food was added during the 
exposure period. Exposures were performed at 20 ± 1 ºC and a photoperiod of 16 h light: 8 h dark. 
Exposure for evaluation of feeding and biomarkers responses 
Exposure was performed at 20 ± 1 ºC with a photoperiod of 16 h light: 8 h dark following the 
experimental design described by Pestana et al. (2009), with slight modifications. Alder (Alnus 
glutinosa) 10 mm diameter leaf discs were prepared using a cork borer. The leaf discs were 
autoclaved, dried at 60 ºC for 4 days and then weighed before the feeding trials. Soaking of leaves 
were performed in respective experimental solutions during 4 days, before the beginning of the 
experiment. Fifteen S. vittatum larvae per treatment were individually exposed during 6 days in glass 
vessels with 150 mL of American Society for Testing Materials (ASTM) hard water medium spiked 
with ESF (nominal concentrations: 0.25; 0.5 and 1.0 µg/L), previously contaminated food in the form 
of six alder leaf discs, and a 1 cm layer of inorganic fine sediment (< 1 mm). A control and solvent 
control treatments were also used. At the end of exposure (6th day), organisms were collected from 
each treatment, removed from their cases, quickly dried on filter paper, immediately weighed, frozen 
on liquid nitrogen, and kept at – 80 º C until further biomarkers analysis. The remaining alder discs 
were collected, dried at 60 ºC for 4 days and then reweighed. Feeding rate was calculated as the 
difference between the initial and final leaf disc dry weight (mg) divided by the fresh weight of 





organisms (mg) and elapsed time (days). These feeding trials included three control replicates per 
treatment with 6 disc each and no organisms so as to correct for leaf weight loss due to factors other 
than larvae feeding. ASTM medium physico-chemical parameters (temperature, pH, dissolved 
oxygen) were measured every other day with the multi parameters meter Multi 3430 Set F (WTW, 
Germany). 
Biomarkers 
S. vittatum individuals were individually homogenized by sonication on ice using 1600 μL of 
ultra-pure water. From each sample, 3 aliquots of 300 μL were taken for the analysis of lipid, sugar 
and protein contents, and electron transport system (ETS) activity. One aliquot of 200 μL containing 
4 μL of 4 % butylated hydroxytoluene (BHT) in methanol was used for the determination of LPO. 
The remaining homogenate (~500 μL) was diluted with 500 μL of 0.2 M K-phosphate buffer, pH 
7.4, and centrifuged for 20 min at 10,000 g (4 ºC). The post-mitochondrial supernatant (PMS) was 
divided into 5 microtubes and kept in –80 ºC until further analyses of AChE, CAT, GST, TG and 
protein content. 
All biomarkers determinations were performed in quadruplicate and accompanied by their 
respective blanks, with the Microplate reader MultiSkan Spectrum (Thermo Fisher Scientific, USA).  
Cellular Energy Allocation 
Energy available (Ea, assessed as the sum of sugars, lipids and proteins) and energy consumption 
(Ec, as ETS activity) were determined by following the methods described by De Coen & Janssen 
(1997) with slight modifications for microplate (Rodrigues et al., 2015b). All the values obtained 
were adjusted to the weight of the organisms. The final CEA value was calculated as: CEA = Ea/ Ec 
(Verslycke et al. 2003). 
Energy available (Ea) 
Total lipid content of each organism was determined using 300 µl of homogenized sample adding 
chloroform (119.38M; ACS spectrophotometric grade, ≥ 99.8%), methanol (32.04M; ACS reagent, 
≥ 99.8%) and Mili-Q water in a 2:2:1 proportion. After centrifugation (1000 g, 5 min, 25 ºC), the 
organic phase of each sample was transferred to clean glass tubes and 500 μL of H2SO4 were added 
prior to incubation during 15 min at 200 ºC. After cooling down to room temperature, 1500 μL of 
ultra-pure water was added to each sample and the absorbance measured at 375 nm. Tripalmitin was 
used as a lipid standard. 
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The quantification of carbohydrate content was performed by adding 100 μL of 15 % TCA to 300 
µl of each homogenized sample followed by incubation during 10 min at – 20 ºC. After centrifugation 
(1000 g, 10 min at 4 ºC), 200 μL of 5 % phenol and 800 μL of H2SO4 were added to the supernatant. 
The samples, and glucose that was used as a standard, were incubated (30 min at 20 ºC) and the 
absorbance read at 492 nm. The pellet from previous centrifugation was resuspended in 500 µl of 
NaOH, incubated (30 min at 60 ºC) and neutralized with 280 µl of HCl. Bradford’s method (Bradford 
1976) was used for total protein content quantification using bovine serum albumin as a standard. 
Absorbance was measured after 30 min incubation in the microplate at 520 nm.  
Fractions of energy available were converted into energetic equivalent values using the 
corresponding energy of combustion: 39500 mJ/ g lipid, 17500 mJ/ g glycogen, 24000 mJ/ g protein 
(De Coen and Janssen 1997). The final value of Ea was calculated as the sum of lipid, protein and 
sugar content in mJ/mg organism (wet wt). 
Energy consumption (Ec) 
For the ETS activity measurement, 150 μL of homogenization buffer (0.3 M Tris base; 0.45 % 
(w/v) Poly vinyl pyrrolidone; 459 µM MgSO4; 0.6 % (v/v) Triton X-100 at a pH of 8.5) were added 
to 300 µl homogenized sample and then centrifuged (1000 g, 10 min, 4 ºC). Supernatant was 
transferred to microplate (50 μL per replicate) and reactions started after addition of 150 μL of 
buffered solution B [solution A (0.13 M Tris base; 0.27 % (v/v) Triton X-100); 1.7 mM NADH; 274 
μM NADPH]; and 100 μL of INT solution (p-iodonitrotetrazolium; 8 mM). The absorbance was 
measured at 490 nm over a 3-min period.  
Cellular oxygen consumption rate was calculated based on the stoichiometrical relationship in 
which for 2 μmol of formazan formed, 1 μmol of oxygen is consumed. The quantity of oxygen 
consumed was determined by the formula of Lambert-Beer: A = ε x l x c (A = absorbance; ε for INT-
formazan = 15900/ M.cm; l = 0.9; c = oxygen consumed). Ec value was obtained by the conversion 
to energetic values using the specific oxyenthalpic equivalent for an average lipid, protein and 
carbohydrate mixture of 480 kJ/ mol O2.  
Neurophysiological and oxidative stress biomarkers 
Protein concentration of PMS was determined according to the Bradford method (Bradford 1976), 
adapted from BioRad's Bradford micro-assay set up in a 96 well flat bottom plate, using bovine γ-
globulin as a standard. Acetylcholinesterase (AChE) activity was measured using PMS by following 
Ellman’s method (Ellman et al. 1961) adapted to microplate (Guilhermino et al. 1996). The method 
uses acetylthiocholine as substrate following the increase of absorbance at 412 nm. Catalase (CAT) 
activity was determined in PMS by measuring decomposition of the substrate H2O2 at 240 nm 





(Clairborne 1985). Glutathione-S-transferase (GST) activity was determined in PMS following the 
conjugation of GSH with 1-chloro-2,4- dinitrobenzene (CDNB) at 340 nm (Habig et al. 1974). Total 
glutathione (TG) content was determined with PMS fraction at 412 nm using a recycling reaction of 
reduced glutathione (GSH) with 5,5'-dithiobis-(2-nitrobenzoic acid) (DTNB) in the presence of 
glutathione reductase (GR) excess (25 μL from stock with 1 U/mL) (Tietze 1969; Baker et al. 1990). 
TG content is calculated as the rate of TNB2- formation with an extinction coefficient of DTNB 
chromophore formed, ε = 14.1 x 103M-1cm-1 (Baker et al. 1990). Endogenous lipid peroxidation 
(LPO) was determined by measuring thiobarbituric acid-reactive substances (TBARS) at 535 nm 
(Bird and Draper 1984). 
Statistical analysis 
Sericostoma vittatum feeding rate and biochemical data were analyzed by analysis of variance 
(ANOVA) with multiple comparisons examined by Dunnett’s post hoc test. This procedure allowed 
us to identify statistically significant differences between the different ESF treatments and the solvent 
control treatment. A post hoc trend analysis was performed to evaluate the linear and monotonic 
relationship between feeding and ESF exposure. Since Student t tests did not identified significant 
differences between control and solvent control (p > 0.05) for any of the variables analyzed, only 
solvent control was used as the control treatment for all analyses performed. Data was checked for 
normality and variance homoscedasticity. AChE and CAT data were ln transformed to correct for 
normality. Feeding data was square rooted, sugars and Ea data were ln transformed to correct for 
equal variances. For all statistical tests, the significance level was set at 0.05 and standardized values 
of size effect (η2) are reported. LC50 was calculated using the probit method using Minitab software 
(Minitab Inc., State College, PA, USA). All other calculations were performed using GraphPad Prism 
version 6.00 for Windows (GraphPad Software, La Jolla California USA). 
Structural Equation Modelling (SEM) 
SEM models were used to investigate mechanistic pathways that may explain the toxic effects of 
ESF exposure in feeding rate and energy parameters on exposed organisms and how they are linked. 
Using path coefficients (partial multiple regression coefficients), the values of each variable are 
standardized to a common metric allowing to compare their relative importance. Direct effects 
account for the effects of ESF on the feeding rate and on individual energy parameter (lipid, sugar 
and protein content, as well as, energy consumption). Indirect effects reveal ESF effects on a response 
variable through other variables and are quantified as the sum of the products of path coefficients of 
the involved chains. Strength and sign of the total effect of a stressor on one variable can be thus 
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calculated as the sum of both direct and indirect effects. The fit of the path model to our data was 
tested using goodness-of-fit measures: the χ2 test value that tests the similarity between the observed 
and the predicted covariance matrix; the comparative fit index (CFI) where a value ≥ 0.95 combined 
with the standardized root-mean-squared residual (SRMR) value ≤ 0.08 indicate a good fit (Kline 
2011). All the analysis was performed with R software 3.2.2 version, from The R Foundation for 
Statistical Computing. 
Results 
Concentration of ESF after 24 h 
The nominal concentration of 1 µg/L ESF decreased to 0.05 µg/L ESF after 24 h. Analysis of 
water samples from lower concentrations and sediment samples were below the limit of detection of 
the method. Thus, results are presented based on nominal ESF concentrations tested. 
Acute toxicity 
The estimated 96 h LC50 (95 % CI) values for ESF was 2.02 (1.37 – 2.66) µg/L ESF, with a slope 
= 0.92 ± 0.20 (± SEM), p < 0.001; χ2 = 9.22, df = 5, p =0.10. Mortality was not observed in control 
or solvent control treatments during the exposure period (96 h). 
Feeding behaviour 
Mortality of S. vittatum larvae exposed to ESF during 6 days was 7, 20 and 53 % in the 0.25, 0.5 
and 1 µg/L ESF treatments, respectively. Furthermore, mortality was not observed in control nor 
solvent control treatment at the end of the exposure period, 6th day. Caddisfly larvae exposed to 1 
µg/L of ESF showed high mortality, thus this treatment was excluded from biomarkers 
measurements.  
Physico-chemical parameters remained stable along the trials, presenting mean values of water 
temperature of 19.6 ± 0.4 ºC, pH of 8.26 ± 0.02 and dissolved oxygen (DO) of 6.74 ± 0.11 mg/L. 
Feeding rates (mean ± SE) observed in control treatment (0.108 ± 0.007 mg/mg/day) and solvent 
control treatment (0.098 ± 0.005 mg/mg/day) were not significantly different (t(28) = 1.146, p = 
0.190). A significant reduction (F3,44 = 23.63, p < 0.001, η2 = 0.617, Fig. 1) in S. vittatum feeding rate 
of 27, 47 and 76 % was observed for ESF concentrations of 0.25, 0.5 and 1 µg/L, respectively, when 
compared to the solvent control treatment. Plus, a post hoc trend analysis confirmed a significant 





monotonic and linear decrease in feeding rates with increasing ESF concentrations (p < 0.001, η2 = 
0.54). 
  
Fig 1. Feeding rate (mg/mg/day; mean ± SEM) of S. vittatum larvae after 6 days exposure to esfenvalerate 
(ESF, nominal concentrations). * denotes a significant (p < 0.05) difference when compared with the solvent 
control (SCTR) treatment following ANOVA and post-hoc Dunnett’s tests. 
Neurophysiological and oxidative stress biomarkers 
AChE activity of S. vittatum larvae exposed to 0.5 µg/L ESF was significantly increased (F3,38 = 
5.029, p = 0.012, η2 = 0.209, Fig. 2a), when compared to the solvent control treatment. GST activity 
was also significantly increased (F3,38 = 8.059, p = 0.001, η2 = 0.298, Fig. 2c) on larvae exposed to 
0.25 and 0.50 µg/L ESF, when compared to the solvent control treatment. In contrast, no significant 
alterations were observed for CAT activity (F3,37 = 1.467, p = 0.244, η2 = 0.073), TG (F3,36 = 1.688, 
p = 0.199, η2 = 0.086) and LPO (F3,38 = 0.758, p = 0.475, η2 = 0.095) levels on caddisfly larvae 
exposed to ESF (Fig. 2b, d, e). 
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Fig 2. Biochemical biomarker responses of S. vittatum larvae after 6 days of exposure to esfenvalerate (ESF, 
nominal concentrations): a) acetylcholinesterase activity (AChE, nmol/min/mg protein; mean ± SEM): b) 
catalase (CAT, µmol/min/mg protein); c) glutathione-S-transferase (GST, nmol/min/mg protein); d) total 
glutathione (TG, nmol TNB2-/min/mg protein); e) lipid peroxidation (LPO, TBARS nmol/g wet weight). All 
values are presented as mean ± SEM. * denotes a significant (p < 0.05) difference when compared with the 
solvent control (SCTR) treatment following ANOVA and post-hoc Dunnett’s tests. 
Cellular energy allocation 
ESF at concentrations of 0.25 and 0.5 µg/L significantly decreased the sugar content (F3,38 = 
15.10, p < 0.001, η2 = 0.443, Fig. 3b) and also protein content (F3,38 = 11.15, p = < 0.001, η2 = 0.370, 
Fig. 3c) in S. vittatum larvae, when compared to respective solvent control treatment. In contrast, 
lipid content in larvae was not significantly altered (F3,36 = 2.170, p = 0.129, η2 = 0.108, Fig 3a) by 
ESF exposure. All ESF concentration tested caused significant reduction in Ec
 
(F3,38 = 10.29, p < 
0.001, η2 =0.351) and
 
Ea (F3,37 = 15.22, p < 0.001, η2 = 0.451) in S. vittatum larvae (Fig. 3e, d). CEA 
was only affected at 0.5 µg/L ESF (F3,37 = 5.463, p = 0.008, η2 = 0.228, Fig 3f).  
 






Fig 3. Energy budget of S. vittatum larvae after 6 days exposure to esfenvalerate (ESF): a) lipids content 
(Elipids, mJ/mg organism); b) sugars content (Esugars, mJ/mg organism); c) proteins content (Eproteins, 
mJ/mg organism); d) energy available – Ea (mJ/mg organism); e) energy consumption – Ec (mJ/h/mg 
organism); f) cellular energy allocation – CEA. All values are presented as mean ± SEM. * denotes a significant 
(p < 0.05) difference when compared with the solvent control (SCTR) treatment following ANOVA and post-
hoc Dunnett’s tests. 
SEM analysis of feeding and energy fractions 
The SEM model provided good fit to the data: χ2 = 3.812, df = 1, p = 0.051; CFI = 0.953; SRMR 
= 0.052. Variation of feeding, energy consumption, sugar and protein content were well explained 
by the model (R2 range: 0.192–0.414), while lipid content was not (R2 = 0.087).  
SEM analysis identified and calculated standardized path coefficients to the several effects of the 
ESF on feeding behaviour and energy fractions, and their interactions (Fig. 4). The strongest 
significant direct effects of ESF exposure were on feeding behaviour (- 0.610), sugar content (- 0.521) 
and Ec
 
(- 0.440). A significant direct relationship of sugar with protein content (0.323) was identified. 
The indirect effect of ESF on proteins (- 0.281) was mediated through all other variables (feeding, 
sugars, lipids and Ec). Total effects on sugar (- 0.615) and protein (- 0.605) contents show that these 
were the energy fractions more affected by direct and indirect effects of ESF-induced stress. Despite 
no significant direct influence of the analyzed variables on lipid content, the total effect on this 
variable was - 0.179. The SEM direct, indirect and total effects of ESF exposure on feeding and 
energy fractions of S. vittatum are presented in Table 1. 
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Fig 4. Graphical representation of the supported SEM model for esfenvalerate. Standardized path coefficients 
and variation explained by the model are given for response variables. Significant path coefficients (p < 0.05) 















Table 1 Estimates for standardized path coefficients of direct effects of the structural equation model, indirect 
and total effects of esfenvalerate (ESF) exposure on feeding behaviour and energy fractions of exposed S. 
vittatum larvae. SE – standard error. 
  
    ESF 
    Direct effects Indirect effects Total effects 
Response Predictor Estimate SE Z-value P-value Standardized coefficients 
Feeding ESF - 0.648 0.119 - 5.434 < 0.001 - 0.610  - 0.610 
Lipids ESF - 0.434 0.245 - 1.773 0.076 - 0.362 0.183 - 0.178 
 Feeding - 0.150 0.210 - 0.717 0.473 - 0.133   
 Ec - 0.240 0.169 - 1.417 0.156 - 0.233   
Sugars ESF - 0.580 0.174 - 3.326 0.001 - 0.521 - 0.094 - 0.615 
 Feeding 0.018 0.159 0.116 0.908 0.018   
 Ec 0.180 0.160 1.125 0.261 0.189   
Proteins ESF - 0.345 0.193 - 1.783 0.075 - 0.324 - 0.281 - 0.605 
 Feeding - 0.101 0.142 - 0.713 0.476 - 0.101   
 Ec 0.173 0.116 1.484 0.138 0.190   
 Sugars 0.309 0143 2.155 0.031 0.323   
 Lipids - 0.009 0.144 - 0.063 0.949 - 0.010   
Ec ESF - 0.514 0.213 - 2.417 0.016 - 0.440 0.001 - 0.439 
 Feeding - 0.002 0.214 - 0.009 0.993 -0.002   
 
Discussion 
The widespread use of ESF results in its frequent detection in environmental samples with peak 
concentrations after runoff up to 0.7 µg/L reported for freshwaters (Werner et al. 2004; Brady et al. 
2006). Together with its high persistence in sediments and nonselective potency, ESF toxicity to non-
target aquatic organisms has been observed at concentrations below 1 μg/L (Werner and Moran 2008; 
Palmquist et al. 2012; EFSA 2014). Further, the hydrophobic nature of ESF (log Kow = 6.2) leads 
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to a rapid partition between the available organic matter (sediment and/or biota) (Fairchild et al. 
1994; Kelley 2004; Brander et al. 2012), so that uptake and bioaccumulation in S. vittatum larvae 
and adsorption to leaf discs must have been the central routes of ESF dissipation from abiotic 
compartments in our test vessels. Therefore, data are discussed based on nominal ESF 
concentrations. 
Regarding ESF acute exposure, S. vittatum (nominal 96 h LC50 of 2.29 µg/L ESF) appears to be 
less sensitive to the aqueous phase of ESF than other freshwater organisms, such as the dipteran 
Chironomus riparius (LC50 of 0.085 μg/L) (Vlaardingen et al. 2008) or the amphipoda Gammarus 
pulex (96 h LC50 of 0.13 µg/L ESF) (Cold and Forbes 2004) or the cladoceran Daphnia magna (48 h 
LC50 of 0.24 µg/L ESF) (Kelley 2004). This relative tolerance might be due to the protective effect 
of the case against such hydrophobic compounds, which probably hinder their passive uptake, as 
already suggested for the trichoptera Limnephilus lunatus (Rasmussen et al. 2013).  
After a 6 days exposure, ESF impaired the feeding activity of S. vittatum at 0.25 µg/L and higher 
nominal concentrations tested. Feeding inhibition is not surprising due to the neurotoxic action of 
ESF, which disrupts normal muscular function incapacitating the larvae to forage for food and ESF 
has been classified as one of the fastest insecticides that cause feeding cessation of target insects 
(Lagadic et al. 1994; Hannig et al. 2009). Other studies have described similar effects in other insect 
species and, ESF was shown to cause effects on the trichoptera Brachycentrus americanus 
development and case-abandonment behaviour at 0.2 µg/L (Johnson et al. 2008). Moreover, S. 
vittatum showed similar sensitivity to ESF exposure as the dipteran Chironomus riparius 
(impairment of growth and emergence at 0.7 µg/L) (Rodrigues et al. 2015a), but as showed for 
gammarids (Cold and Forbes 2004) even lower concentrations of ESF can cause effects on other 
parameters such as reproductive behaviour. The deleterious effects of ESF on the development, 
growth and behaviour of caddisfly larvae have been correlated with altered adult morphology 
(Johnson et al. 2008), and might be translated into reduction of flight ability and fecundity of adults 
(Stevens et al. 2000). Ultimately, pyrethroids might pose at risk natural populations and ecosystem 
function due to disruption of leaf litter processing (Pestana et al., 2009; Rasmussen et al., 2008). 
Regarding oxidative stress related biomarkers, ESF did not impair TG levels or CAT activity, but 
significantly increased GST activity. These results are not surprising, since induction of GST activity 
has been correlated with insect resistance to type II pyrethroids and a lack of pyrethroid-induced lipid 
peroxidation and reduced mortality (Vontas et al. 2001), which is also in agreement with the absence 
of oxidative damage (measured as LPO levels) observed in our study.  
Neurotransmission was altered by ESF exposure, with an increase of AChE activity at 0.5 µg/L 
ESF. Although pyrethroids target primarily the voltage-gated or voltage-dependent sodium channels, 





some sodium channels are extracellularly-gated by acetylcholine (ACh) (Denac et al. 2000; Casida 
and Durkin 2013) and there is evidence that pyrethroids modulate the ACh release in the 
hippocampus of rat brain (Hossain et al. 2004). In fact, the release of ACh may induce an up-
regulation leading to an overcompensation of AChE, as suggested for terrestrial insects in which the 
pyrethroid deltamethrin caused an increase of AChE activity (Badiou and Belzunces 2008). On the 
other hand, and since AChE enzymes are esterases, some evidence has been shown that enhanced 
activities of some types of AChEs may be related with hydrolysis of pyrethroids allowing for their 
detoxification. For instance, the enhanced activity of two AChEs was associated with increased 
resistance to pyrethroids exposure of Riphicephallus microplus parasites (Baffi et al. 2008). 
Therefore, the increase of AChE activity observed in this study may also be due to AChE role in the 
hydrolysis of pyrethroids. 
The energy needed to deal with detoxification processes plus the impairment of feeding observed 
at all tested concentrations were translated into negative effects on bioenergetics of S. vittatum larvae. 
The use of the SEM method allowed to mathematically describe the metabolic adjustments due to 
ESF-induced stress. Our results suggest that the decrease of sugars, proteins and energy consumption 
was mainly due to the energetic costs of the protection and detoxification mechanisms induced by 
ESF exposure, and not a major direct consequence of feeding inhibition even if not reflected by an 
increase in ETS activity (used here as a proxy of cellular metabolism). As such, the significant 
negative effect of ESF on sugar content supports the important role of sugars in detoxification process 
in insects, not only as energy molecules but also as these molecules conjugate with pyrethroid 
metabolites facilitating their excretion, as already suggested by Soderlund et al. ( 2002). Similarly, 
cycles of protein breakdown to increase free amino acids to help as antioxidant defenses and 
excretion have been described in invertebrates (Soderlund et al. 2002; Monaghan et al. 2009; 
Sokolova et al. 2012). Further, proteins can also be used as a source of energy for both aerobic an 
anaerobic metabolism during periods of limited energy intake (Sokolova 2013), as in the present 
study. Moreover, the indirect effects of ESF through impairment of feeding and of energy 
consumption
 
contributed to a higher negative total effect of ESF-induced stress in the energy 
reserves. 
One hypothesis for the observed decline in energy consumption, measured as ETS activity, might 
be due to the capability of the α-cyano group (and its metabolites) to inhibit the respiratory chain in 
mitochondria (Gassner et al. 1997; Vontas et al. 2001; Soderlund et al. 2002). Nevertheless, this 
inhibition was not observed for the dipteran C. riparius exposed to ESF for 24 h. On the contrary, 
these organisms increased their energy consumption (Rodrigues et al. 2015a). Therefore, the present 
results of decreased energy consumption simultaneously with a decrease of protein content suggest 
that S. vittatum larvae can depress its metabolism under prolonged stressful conditions, as shown 
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under sub-lethal anthranilic diamide exposure (Rodrigues et al. 2016). This capability of metabolic 
depression has been observed in several aquatic invertebrates as a natural mechanism during 
ontogeny (pupation, aestivation) or in response to natural abiotic stressors (Guppy 2004; Hahn and 
Denlinger 2007).  
In agreement with our results, Oliveira et al. (2012) suggested that the decapoda Palaemon 
serratus exposed to the pyrethroid deltamethrin allocated most of their energy for detoxification and 
antioxidant protection instead of swimming activity. Similarly, decreased feeding efficiency and 
sugar content in Daphnia magna exposed to type II pyrethroid cypermethrin have been reported 
(Christensen et al. 2005). Prusty et al. (2015) summarizes several studies where metabolic 
disturbances due to type II pyrethroids-induced stress were translated into decrease of sugar and 
protein contents of freshwater fish species. 
In summary, the cellular and behavioural alterations observed in the present study illustrate the 
high toxicity of pyrethroid ESF to the non-target S. vittatum at environmentally relevant 
concentrations. Disruption of vital cellular functions by ESF exposure (from neurotransmission, 
oxidative stress until bioenergetics) were translated at the organismal level as behaviour impairment 
and, ultimately death of the caddisfly larvae, representing a real concern to natural populations and 
ecosystem functioning. 
Conclusion 
The present study is a contribution to the knowledge of ESF secondary mechanisms of action that 
elucidate the high toxicity of this pyrethroid towards non-target freshwater insects. Our results 
showed that ESF exposure induces high energetic costs related with detoxification and physiological 
mechanisms in caddisfly larvae, which are worsened by reductions of energy intake due to feeding 
inhibition. The analysis of the direct and indirect effects of ESF exposure on bioenergetic parameters 
of S. vittatum larvae allowed to identify plastic physiological and metabolic responses to pesticide-
induced stress.  
Since most aquatic insects rely on the energy reserves that they accumulate during the larval stage, 
to successfully reach the adult stage and reproduce (Hahn and Denlinger 2007), the study of their 
bioenergetics, especially in organisms with long life cycles like S. vittatum, is critical for a better 
prediction of fitness and, consequently for a better assessment of long-term effects of pesticide 
contamination on natural populations’ dynamics.  






Allinson, G., Zhang, P., Bui, A., Allinson, M., Rose, G., Marshall, S., Pettigrove, V., 2015. 
Pesticide and trace metal occurrence and aquatic benchmark exceedances in surface waters and 
sediments of urban wetlands and retention ponds in Melbourne, Australia. Environmental Science 
and Pollution Research 22, 10214–10226.  
Amiard-Triquet, C., 2009. Behavioral Disturbances: The Missing Link between Sub-Organismal 
and Supra-Organismal Responses to Stress? Prospects Based on Aquatic Research. Human and 
Ecological Risk Assessment: An International Journal 15, 87–110. 
Anastassiades, M., Lehotay, S.J., Stajnbaher, D., Schenck, F.J., 2003. Fast and easy multiresidue 
method employing acetonitrile extraction/partitioning and “dispersive solid-phase extraction” for the 
determination of pesticide residues in produce. Journal of AOAC International 86, 412–31. 
Arrese, E.L., Soulages, J.L., 2010. Insect fat body: energy, metabolism, and regulation. Annual 
Review of Entomology 55, 207–225.  
ASTM, 1980. Standard practice for conducting acute toxicity tests with fishes, macroinvertebrates 
and amphibians. American Standards for Testing and Materials. Philadelphia, P.A. 
Badiou, A., Belzunces, L.P., 2008. Is acetylcholinesterase a pertinent biomarker to detect 
exposure of pyrethroids? A study case with deltamethrin. Chemico-Biological Interactions 175, 406–
9.  
Baffi, M.A., de Souza, G.R.L., de Sousa, C.S., Ceron, C.R., Bonetti, A.M., 2008. Esterase 
enzymes involved in pyrethroid and organophosphate resistance in a Brazilian population of 
Riphicephallus (Boophilus) microplus (Acari, Ixodidae). Molecular and Biochemical Parasitology 
160, 70–73.  
Baker, M., Cerniglia, G., Zaman, A., 1990. Microtiter plate assay for the measurement of 
glutathione and glutathione disulfide in large numbers of biological samples. Analytical 
Biochemistry 190, 360–5. 
Barata, C., Baird, D.J., Nogueira, A.J.A., Soares, A.M.V.M., Riva, M.C., 2006. Toxicity of binary 
mixtures of metals and pyrethroid insecticides to Daphnia magna Straus. Implications for multi-
substance risks assessment. Aquatic toxicology 78, 1–14.  
Bass, C., Field, L.M., 2011. Gene amplification and insecticide resistance. Pest Management 
Science 67, 886–890.  
Chapter II: Energetic costs and biochemical biomarkers associated with esfenvalerate exposure 
in Sericostoma vittatum 
45 
 
Bird, R.P., Draper, H.H., 1984. Comparative studies on different methods of malonaldehyde 
determination. Methods in enzymology 105, 299–305. 
Bradford, M.M., 1976. A rapid and sensitive method for the quantitation of microgram quantities 
of protein utilizing the principle of protein-dye binding. Analytical Biochemistry 72, 248–254.  
Brady, J.A., Wallender, W.W., Werner, I., Fard, B.M., Zalom, F.G., Oliver, M.N., Wilson, B.W., 
Mata, M.M., Henderson, J.D., Deanovic, L.A., Upadhaya, S., 2006. Pesticide runoff from orchard 
floors in Davis, California, USA: A comparative analysis of diazinon and esfenvalerate. Agriculture, 
Ecosystems & Environment 115, 56–68.  
Brander, S.M., Mosser, C.M., Geist, J., Hladik, M.L., Werner, I., 2012. Esfenvalerate toxicity to 
the cladoceran Ceriodaphnia dubia in the presence of green algae, Pseudokirchneriella subcapitata. 
Ecotoxicology 21, 2409–18.  
Campos, D., Alves, A., Lemos, M.F.L., Correia, A., Soares, A.M.V.M., Pestana, J.L.T., 2014. 
Effects of cadmium and resource quality on freshwater detritus processing chains: A microcosm 
approach with two insect species. Ecotoxicology 23, 830–839.  
Campos, J., González, J.M., 2009. Sericostoma vittatum (Trichoptera) Larvae Are Able to Use 
Pine Litter as an Energy Source. International Review of Hydrobiology 94, 472–483.  
Casida, J.E., Durkin, K.A., 2013. Neuroactive insecticides: targets, selectivity, resistance, and 
secondary effects. Annual review of entomology 58, 99–117.  
Christensen, B.T., Lauridsen, T.L., Ravn, H.W., Bayley, M., 2005. A comparison of feeding 
efficiency and swimming ability of Daphnia magna exposed to cypermethrin. Aquatic Toxicology 
73, 210–220.  
Clairborne, A., 1985. Catalase activity, in: Greenwald, R.A. (Ed.), CRC Handbook of Methods 
in Oxygen Radical Research. CRC Press, Boca Raton, pp. 283–284. 
Cold, A., Forbes, V.E., 2004. Consequences of a short pulse of pesticide exposure for survival 
and reproduction of Gammarus pulex. Aquatic Toxicology 67, 287–99.  
De Coen, W., Janssen, C.R., 1997. The use of biomarkers in Daphnia magna toxicity testing. 
IV.Cellular Energy Allocation: a new methodology to assess the energy budget of toxicant-stressed 
Daphnia populations. Journal of Aquatic Ecosystem Stress and Recovery 6, 43–55.  
Denac, H., Mevissen, M., Scholtysik, G., 2000. Structure, function and pharmacology of voltage-
gated sodium channels. Naunyn-Schmiedeberg’s Archives of Pharmacology 362, 453–479.  





EFSA, 2014. Conclusion on the peer review of the pesticide risk assessment of the active 
substance esfenvalerate. EFSA Journal 12, 3873.  
Ellman, G.L., Courtney, K.D., Andres, V., Featherstone, R.M., 1961. A new and rapid 
colorimetric determination of acetylcholinesterase activity. Biochemical Pharmacology 7, 88–95.  
Fairchild, J., Point, T. La, Schwartz, T., 1994. Effects of an herbicide and insecticide mixture in 
aquatic mesocosms. Archives of environmental contamination and toxicology 533, 527–533. 
Feio, M., Graça, M., 2000. Food consumption by the larvae of Sericostoma vittatum 
(Trichoptera), an endemic species from the Iberian Peninsula. Hydrobiologia 7–11. 
Felton, G.W., Summers, C.B., 1995. Antioxidant systems in insects. Archives of Insect 
Biochemistry and Physiology 29, 187–197.  
Forman, H.J., Zhang, H., Rinna, A., 2009. Glutathione: Overview of its protective roles, 
measurement, and biosynthesis. Molecular Aspects of Medicine 30, 1–12.  
Gassner, B., Wüthrich, A., Scholtysik, G., Solioz, M., 1997. The pyrethroids permethrin and 
cyhalothrin are potent inhibitors of the mitochondrial complex I. The Journal of Pharmacology and 
Experimental Therapeutics 281, 855–60. 
Guilhermino, L., Lopes, M.C., Carvalho, A.P., Soares, A.M.V.M., 1996. Acetylcholinesterase 
Activity in Juveniles of Daphnia magna Straus. Bulletin of Environmental Contamination and 
Toxicology 57, 979–985.  
Guppy, M., 2004. The biochemistry of metabolic depression: A history of perceptions. 
Comparative Biochemistry and Physiology - B Biochemistry and Molecular Biology 139, 435–442.  
Habig, W.H.H., Pabst, M.J.J., Jacoby, W.B., Jakoby, W.B., 1974. Glutathione S-transferases. The 
first enzymatic step in mercapturic acid formation. Journal of Biological Chemistry 249, 7130–7139. 
Hahn, D.A., Denlinger, D.L., 2007. Meeting the energetic demands of insect diapause: Nutrient 
storage and utilization. Journal of Insect Physiology 53, 760–773.  
Hannig, G.T., Ziegler, M., Marçon, P.G., 2009. Feeding cessation effects of chlorantraniliprole, 
a new anthranilic diamide insecticide, in comparison with several insecticides in distinct chemical 
classes and mode-of-action groups. Pest Management Science 65, 969–74.  
Hossain, M.M., Suzuki, T., Sato, I., Takewaki, T., Suzuki, K., Kobayashi, H., 2004. The 
modulatory effect of pyrethroids on acetylcholine release in the hippocampus of freely moving rats. 
NeuroToxicology 25, 825–833.  
Chapter II: Energetic costs and biochemical biomarkers associated with esfenvalerate exposure 
in Sericostoma vittatum 
47 
 
Johnson, K.R., Jepson, P.C., Jenkins, J.J., 2008. Esfenvalerate-induced case-abandonment in the 
larvae of the caddisfly (Brachycentrus americanus). Environmental Toxicology and Chemistry 27. 
Kelley, K., 2004. Environmental fate of esfenvalerate, Environmental Protection Agency, 
Sacramento, CA. 
Kline, R.B., 2011. Principles and Practice of Structural Equation Modeling, 3rd ed. The Guilford 
Press.  
Kostaropoulos, I., Papadopoulos, A.I., Metaxakis, A., Boukouvala, E., Papadopoulou-
Mourkidou, E., 2001. Glutathione S-transferase in the defence against pyrethroids in insects. Insect 
Biochemistry and Molecular Biology 31, 313–319.  
Lagadic, L., Caquet, T., Ramade, F., 1994. The role of biomarkers in environmental assessment 
(5). Invertebrate populations and communities. Ecotoxicology 3, 193–208.  
Li, X., Schuler, M.A., Berenbaum, M.R., 2007. Molecular Mechanisms of Metabolic Resistance 
to Synthetic and Natural Xenobiotics. Annu. Rev. Entomol 52, 231–53.  
Maltby, L., Clayton, S.A., Wood, R.M., McLoughlin, N., 2002. Evaluation of the Gammarus 
pulex in situ feeding assay as a biomonitor of water quality: robustness, responsiveness, and 
relevance. Environmental Toxicology and Chemistry 21, 361–368.  
Mani, V.M., Sadiq, A.M.M., 2014. Naringin modulates the impairment of memory, anxiety, 
locomotor, and emotionality behaviors in rats exposed to deltamethrin; a possible mechanism 
association with oxidative stress, acetylcholinesterase and ATPase. Biomedicine and Preventive 
Nutrition 4, 527–533.  
McWilliam, R.A., Baird, D.J., 2002. Postexposure feeding depression: A new toxicity endpoint 
for use in laboratory studies with Daphnia magna. Environmental Toxicology and Chemistry 21, 
1198–1205.  
Monaghan, P., Metcalfe, N.B., Torres, R., 2009. Oxidative stress as a mediator of life history 
trade-offs: Mechanisms, measurements and interpretation. Ecology Letters 12, 75–92.  
Narahashi, T., 2000. Neuroreceptors and Ion Channels as the Basis for Drug Action: Past, Present, 
and Future. The Journal of Pharmacology and Experimental Therapeutics 294, 1–26. 
Oliveira, C., Almeida, J., Guilhermino, L., Soares, A.M.V.M., Gravato, C., 2012. Acute effects 
of deltamethrin on swimming velocity and biomarkers of the common prawn Palaemon serratus. 
Aquatic Toxicology 124–125, 209–16.  





Palmquist, K., Salatas, J., Fairbrother, A., 2012. Pyrethroid insecticides: Use, environmental fate, 
and ecotoxicology. Insecticides: Advances in integrated pest management 1–708.  
Parsons, P.A., 2007. Energetic efficiency under stress underlies positive genetic correlations 
between longevity and other fitness traits in natural populations. Biogerontology 8, 55–61.  
Pestana, J.L.T., Alexander, A.C., Culp, J.M., Baird, D.J., Cessna, A.J., Soares, A.M.V.M., 2009. 
Structural and functional responses of benthic invertebrates to imidacloprid in outdoor stream 
mesocosms. Environmental Pollution 157, 2328–2334. 
Pestana, J.L.T., Loureiro, S., Baird, D.J., Soares, A.M.V.M., 2009. Fear and loathing in the 
benthos: Responses of aquatic insect larvae to the pesticide imidacloprid in the presence of chemical 
signals of predation risk. Aquatic Toxicology 93, 138–149.  
Pestana, J.L.T., Novais, S.C., Lemos, M.F.L., Soares, A.M.V.M., 2014. Cholinesterase activity 
in the caddisfly Sericostoma vittatum: Biochemical enzyme characterization and in vitro effects of 
insecticides and psychiatric drugs. Ecotoxicology and Environmental Safety 104, 263–268.  
Prusty, A.K., Meena, D.K., Mohapatra, S., Panikkar, P., Das, P., Gupta, S.K., Behera, B.K., 2015. 
Synthetic pyrethroids (Type II) and freshwater fish culture: Perils and mitigations. International 
Aquatic Research 7, 163–191.  
Rasmussen, J.J., Cedergreen, N., Kronvang, B., Andersen, M.-B.B., Nørum, U., Kretschmann, 
A., Strobel, B.W., Hansen, H.C.B., 2016. Suspended particles only marginally reduce pyrethroid 
toxicity to the freshwater invertebrate Gammarus pulex (L.) during pulse exposure. Ecotoxicology 
25, 510–520.  
Rasmussen, J.J., Friberg, N., Larsen, S.E., 2008. Impact of lambda-cyhalothrin on a 
macroinvertebrate assemblage in outdoor experimental channels: implications for ecosystem 
functioning. Aquatic Toxicology 90, 228–34.  
Rasmussen, J.J., Wiberg-Larsen, P., Kristensen, E.A., Cedergreen, N., Friberg, N., 2013. 
Pyrethroid effects on freshwater invertebrates: A meta-analysis of pulse exposures. Environmental 
Pollution 182, 479–485.  
Rodrigues, A.C.M., Gravato, C., Quintaneiro, C., Barata, C., Soares, A.M.V.M., Pestana, J.L.T., 
2015a. Sub-lethal toxicity of environmentally relevant concentrations of esfenvalerate to 
Chironomus riparius. Environmental Pollution 207, 273–279.  
Rodrigues, A.C.M., Gravato, C., Quintaneiro, C., Bordalo, M.D., Golovko, O., Žlábek, V., Barata, 
C., Soares, A.M.V.M., Pestana, J.L.T., 2016. Exposure to chlorantraniliprole affects the energy 
metabolism of the caddisfly Sericostoma vittatum. Environmental Toxicology and Chemistry 1–8.  
Chapter II: Energetic costs and biochemical biomarkers associated with esfenvalerate exposure 
in Sericostoma vittatum 
49 
 
Rodrigues, A.C.M., Gravato, C., Quintaneiro, C., Golovko, O., Žlábek, V., Barata, C., Soares, 
A.M.V.M., Pestana, J.L.T., 2015b. Life history and biochemical effects of chlorantraniliprole on 
Chironomus riparius. Science of the Total Environment 508, 506–513.  
Siegler, K., Phillips, B.M., Anderson, B.S., Voorhees, J.P., Tjeerdema, R.S., 2015. Temporal and 
spatial trends in sediment contaminants associated with toxicity in California watersheds. 
Environmental Pollution 206, 1–6.  
Smolders, R., Bervoets, L., De Coen, W., Blust, R., 2004. Cellular energy allocation in zebra 
mussels exposed along a pollution gradient: linking cellular effects to higher levels of biological 
organization. Environmental Pollution 129, 99–112.  
Soderlund, D.M., 2012. Molecular mechanisms of pyrethroid insecticide neurotoxicity: Recent 
advances. Archives of Toxicology 86, 165–181.  
Soderlund, D.M., Clark, J.M., Sheets, L.P., Mullin, L.S., Piccirillo, V.J., Sargent, D., Stevens, 
J.T., Weiner, M.L., 2002. Mechanisms of pyrethroid neurotoxicity: implications for cumulative risk 
assessment. Toxicology 171, 3–59. 
Sogorb, M.A., Vilanova, E., 2002. Enzymes involved in the detoxification of organophosphorus, 
carbamate and pyrethroid insecticides through hydrolysis. Toxicology Letters 128, 215–228.  
Sokolova, I.M., 2013. Energy-limited tolerance to stress as a conceptual framework to integrate 
the effects of multiple stressors. Integrative and Comparative Biology 53, 597–608.  
Sokolova, I.M., Frederich, M., Bagwe, R., Lannig, G., Sukhotin, A.A., 2012. Energy homeostasis 
as an integrative tool for assessing limits of environmental stress tolerance in aquatic invertebrates. 
Marine Environmental Research 79, 1–15.  
Stevens, D.J., Hansell, M.H., Monaghan, P., 2000. Developmental trade-offs and life histories: 
strategic allocation of resources in caddis flies. Proceedings of the Royal Society B: Biological 
sciences 267, 1511–5.  
Tietze, F., 1969. Enzymic method for quantitative determination of nanogram amounts of total 
and oxidized glutathione: applications to mammalian blood and other tissues. Analytical 
Biochemistry 27, 502–22. 
Verslycke, T., Vercauteren, J., Devos, C., Moens, L., Sandra, P., Janssen, C.R., 2003. Cellular 
energy allocation in the estuarine mysid shrimp Neomysis integer (Crustacea: Mysidacea) following 
tributyltin exposure. Journal of Experimental Marine Biology and Ecology 288, 167–179.  
Vlaardingen, P. Van, Vonk, J., Jong, F. De, 2008. Environmental risk limits for esfenvalerate. 
RIVM Report no. 601716017. 





Vontas, J.G., Small, G.J., Hemingway, J., 2001. Glutathione S-transferases as antioxidant defence 
agents confer pyrethroid resistance in Nilaparvata lugens. Biochemical Journal 357, 65–72. 
Werner, I., Moran, K., 2008. Effects of pyrethroid insecticides on aquatic organisms. ACS 
Symposium Series 991, 310–334.  
Werner, I., Zalom, F.G., Oliver, M.N., Deanovic, L.A., Kimball, T.S., Henderson, J.D., Wilson, 
B.W., Krueger, W., Wallender, W.W., 2004. Toxicity of storm-water runoff after dromant spray 
application in a french prune orchard, glenn county, California, USA: Temporal patterns and the 
effect of ground covers. Environmental Toxicology and Chemistry 23, 2719.  
Xuereb, B., Lefèvre, E., Garric, J., Geffard, O., 2009. Acetylcholinesterase activity in Gammarus 
fossarum (Crustacea Amphipoda): Linking AChE inhibition and behavioural alteration. Aquatic 





 Sub-lethal toxicity of environmentally relevant concentrations 
of esfenvalerate to Chironomus riparius  








Sub-lethal toxicity of environmentally relevant concentrations of 
esfenvalerate to Chironomus riparius  
Abstract 
Integrative studies focused on sub-organismal responses to pyrethroid exposure are important to 
understand life history responses. In this study, the ecotoxicological effects of esfenvalerate (ESF) 
on Chironomus riparius were assessed using five biochemical biomarkers related to 
neurophysiological function (acetylcholinesterase) and oxidative stress (catalase; glutathione-S-
transferase; total glutathione and lipid peroxidation). In addition, effects on cellular energy allocation 
were assessed and all results were compared with organismal level responses (larval growth, 
emergence and sex ratio). Exposure to sub-lethal concentrations of ESF caused the failure of C. 
riparius antioxidant defences (inhibition of catalase activity and decreased levels of total 
glutathione), which was reflected as oxidative damage. C. riparius energy budget was decreased by 
exposure to ESF due to an increased energy consumption. Life cycle tests showed that exposure to 
ESF impaired C. riparius developmental rates and increased male:female ratios, thereby confirming 
its toxicity and potential population level effects at environmentally relevant concentrations.  
 
Key-words: Pyrethroids, freshwater insects, oxidative stress, cellular energy allocation, life-
history traits 






Pyrethroids have replaced organophosphates as the most frequently class of insecticides and are 
used in a wide range of activities (Amweg et al. 2005; Rasmussen et al. 2013). This widespread 
application leads to the common detection of pyrethroids in sediments of streams and lakes (Weston 
et al. 2009; Domagalski et al. 2010; Kuivila et al. 2012).  
Esfenvalerate (ESF) is the biologically active isomer of the pyrethroid fenvalerate, with high 
efficacy against target species, but it is also highly toxic to non-target aquatic species (Solomon et 
al. 2001; Forbes and Cold 2005; EFSA 2011; Rasmussen et al. 2013). Due to its lipophilic nature 
(log Kow = 6.2), ESF is quickly incorporated into biological membranes and tissues (Kelley 2004; 
Floyd et al. 2008). Once absorbed, ESF disrupts the voltage-dependent sodium channels in the 
nervous system of insects and aquatic invertebrates causing involuntary and repeated nerve 
discharges, leading to hyperexcitability and convulsions, followed by lethargy, paralysis and death 
(Soderlund et al. 2002; Brander et al. 2012; Casida and Durkin 2013). 
Environmental concentrations up to 0.66 µg/L ESF have been reported in water samples (Forbes 
and Cold 2005; Brady et al. 2006), and it is frequently found in sediments and organic matter in 
aquatic systems at concentrations that are toxic to aquatic organisms (Fairchild et al. 1992; 
Domagalski et al. 2010; Ensminger et al. 2011; Rasmussen et al. 2013; Weston et al. 2013; EFSA 
2014; Allinson et al. 2015). However, investigations linking biochemical to life-history effects on 
aquatic sediment-dwelling invertebrates exposed to pyrethroids are still needed.  
This study aims to assess sub-lethal effects of ESF on physiological, biochemical and life history 
endpoints in the freshwater midge Chironomus riparius (Diptera: Chironomidae). 
To assess sub-organismal responses, we selected biochemical biomarkers such as: 
acetylcholinesterase (AChE – EC 3.1.1.7) activity, which is related to cholinergic neurotransmission; 
catalase (CAT – EC 1.11.1.6) activity as an enzymatic antioxidant defense and total glutathione (TG) 
as a non-enzymatic anti-oxidant defense; glutathione S-transferase (GST – EC 2.5.1.18), which is a 
phase II biotransformation enzyme; lipid peroxidation (LPO) as a measure of oxidative damage; and 
cellular energy allocation (CEA), which measures the energy budget of the organisms by assessing 
changes in energy consumption (Ec) and energy available (Ea). As organismal and population-
relevant responses to ESF exposure, we measured C. riparius larval growth and emergence with 
standard life cycle tests. 




Materials and Methods  
Test organisms 
Chironomus riparius Meigen (Diptera: Chironomidae) is a sediment-dwelling organism that is 
widely used as a model organism for full life-cycle toxicity testing, due to its wide distribution and 
ecological importance, sensitivity to different contaminants, short life-cycle and ease to culture in 
the laboratory (OECD 2004; Ferrington 2007; Pestana et al. 2009). Also, the later instars of C. 
riparius are known as stable and suitable to assess enzymatic activity and metabolic biomarkers 
responses under biotic and abiotic stress (Choi et al. 2001; Domingues et al. 2007; Rodrigues et al. 
2015). 
Egg masses of C. riparius were obtained from a well-established laboratory culture at the 
Department of Biology, University of Aveiro, Portugal. The culture is maintained in American 
Society for Testing and Materials (ASTM) hard water (ASTM 1980) as a medium and inorganic fine 
sediment (< 1mm) in a ratio of 4:1; at a temperature of 20 ± 1 ºC and with a photoperiod of 16 h 
light:8 h dark. A suspension of grinded commercial fish food TetraMin® (Tetrawerke, Melle, 
Germany) is provided three times a week as food. 
Esfenvalerate and chemical analysis of insecticide concentrations in sediments and water 
Esfenvalerate (analytical grade, CAS Number 66230-04-4) was purchased from Sigma-Aldrich, 
UK. Stock solutions of ESF were prepared using analytical grade acetone as a solvent, and were 
protected from light to avoid degradation. The solvent was kept below 0.01% in experimental 
concentrations. For the quantitative determination of ESF, water and inorganic sediment samples 
were collected at day 10 of the chronic exposure and water samples were collected from the short-
exposure experiment for biomarker analysis at 24 h. All samples were kept at –20 ºC until analysis. 
Water samples were extracted with dichloromethane and analyzed by GCMS-MS, with a reported 
quantification limit of 0.02 µg/L. Inorganic sediment samples were subjected to a QuEchERS 
extraction method (Anastassiades et al. 2003) of 2 grams of sediment with 10 mL of acetonitrile, 
with a quantification detection limit of 10 µg/Kg. 
Exposure conditions for biomarkers analysis 
Fourth instar larvae (12 days old) were exposed for 24 h to nominal ESF concentrations of 0.075, 
0.3 and 1.2 µg/L for neurotoxicity (AChE), oxidative stress (CAT, TG, GST and LPO) and CEA 





assessment. C. riparius larvae were divided into 7 replicates of 15 organisms each, in crystalizing 
dishes with 250 mL of experimental medium and no sand. After exposure, larvae were collected, 
quickly dried on filter paper, weighed and immediately frozen in liquid nitrogen and kept at –80 ºC 
until biochemical determinations. For homogenization, samples were kept on ice and sonicated in 
1600 μL of ultra-pure water. Aliquots of 300 μL were taken from each replicate for analysis of lipid, 
sugar, protein content and ETS activity. For the determination of LPO, an aliquot of 200 μL was used 
and the remaining homogenate (~500 μL) was diluted in 500 µL of 0.2 M K-Phosphate buffer, pH 
7.4 (PBS), and centrifuged for 20 min at 10,000 g (4 ºC). The post-mitochondrial supernatant (PMS) 
was then divided into five microtubes for each sample, which were kept at –80 ºC until the analyses 
of AChE, CAT, TG and GST. 
Oxidative stress and neurophysiological biomarkers 
The 200 µL homogenate used to determine LPO was treated with 4 μL of a 4 % solution of the 
antioxidant compound butylated hydroxytoluene in methanol. LPO were measured as thiobarbituric 
acid-reactive substances (TBARS) at 535 nm following Bird and Draper (1984). Total glutathione 
content was determined at 412 nm with the PMS fraction using the recycling reaction of reduced 
glutathione (GSH) 5,5'-dithiobis-(2-nitrobenzoic acid) in the presence of glutathione reductase (GR) 
excess (Tietze 1969; Baker et al. 1990). The activity of GST was determined in PMS following 
conjugation of GSH with 1-chloro-2,4- dinitrobenzene at 340 nm (Habig et al. 1974). Catalase 
activity was determined at 240 nm by decomposition of the substrate H2O2 (Clairborne 1985). The 
Ellman’s method (Ellman et al. 1961) was used to measure AChE activity, adapted to microplate 
(Guilhermino et al. 1996). This method uses acetylthiocholine as the substrate following an increase 
of absorbance at 412 nm. 
The Bradford method (Bradford 1976) was used to determine the protein concentration, adapted 
to a 96-well flat-bottom plate from BioRad's Bradford micro-assay set up and with bovine γ-globulin 
as a standard. 
Cellular Energy Allocation 
Energy available (sugars, lipids and proteins) and energy consumption (Ec) were quantified 
following the method described by De Coen & Janssen (1997) with minor modifications for 
microplate reading in the Microplate reader MultiSkan Spectrum (Thermo Fisher Scientific, USA). 
To 300 µL homogenate samples, 500μL of chloroform (119.38M; ACS spectrophotometric grade, 
≥ 99.8 %) and methanol (32.04M; ACS reagent, ≥ 99.8 %) were added to separate the total lipid 
content by centrifugation. The organic phase of each sample was transferred to a clean glass tube, 
where 500μL of H2SO4 was added, these were then incubated at 200 ºC for 15 min. Samples were 




cooled down to room temperature, and ultra-pure water (1500 μL) was added to each tube. The 
absorbance of samples and tripalmitin, as a standard, were measured on the microplate at 375 nm. 
Carbohydrate and total protein reserves were determined by first adding 100 μL of 15 % TCA to 
300 μL homogenized samples, following an incubation of 10 min at – 20 ºC. After centrifugation at 
1,000 g for 10 min at 4 ºC, the supernatant was collected and used for carbohydrate measurements. 
The pellet was then resuspended in 500 μL of NaOH, incubated for 30 min at 60 ºC and neutralized 
in 280 μL of HCl. This fraction was used for protein measurements. To quantify carbohydrate 
content, standards of glucose and samples were incubated at 20 ºC for 30 min and the absorbance 
was read on the microplate at 492 nm. Total protein content was quantified following Bradford’s 
method (Bradford 1976) as described above.  
ETS activity was measured following De Coen and Janssen (1997) on 300 μL homogenate 
samples which were added 150 μL of homogenization buffer (0.3M Tris base; 0.45 % (w/v) Poly 
Vinyl Pyrrolidone; 459 µM MgSO4; 0.6 % (v/v) Triton X-100 at a pH of 8.5) and centrifuged at 
1,000 g, 10 min, 4 ºC. On the microplate, 50 μL of supernatant was incubated with 150 μL of buffered 
solution (0.13 M Tris base containing 0.27 % (v/v) Triton X-100; 1.7 mM NADH; 274 μM NADPH); 
and with 100 μL of INT solution (p-iodonitrotetrazolium; 8 mM). The absorbance was then measured 
kinetically over a 3 min period at 490 nm.  
The fractions of energy available were converted into energetic equivalent values using the 
corresponding energy of combustion: 39,500 mJ/g lipid, 17,500 mJ/g glycogen, 24,000 mJ/g protein 
(De Coen and Janssen 1997). The cellular oxygen consumption rate conversion was performed based 
on the stoichiometric relationship, whereby for every 2μmol of formazan formed, 1 μmol of oxygen 
is consumed. The formula of Beer-Lambert was then applied to quantify the oxygen consumed: A = 
ε x l x c, where A = absorbance; ε for INT-formazan = 15,900/ (M.cm); l = 0.9 cm; and c = oxygen 
consumed. The final energy consumption (Ec) value was obtained by conversion to energetic values 
using the specific oxyenthalpic equivalent to an average lipid, protein and carbohydrate mixture of 
480 kJ/mol O2. All of the values obtained were adjusted to the weight of the organisms using the 
allometric equation: Z = Y (M – 0.71), where Y is the energetic value of each measured content; M 
is the fresh weight of the sample; Z is the final value corrected to the weight of the organisms 
(Penttinen and Holopainen 1995). The available energy (Ea) was calculated as the sum of the total 
lipid, carbohydrate and protein contents. Cellular energy allocation value was calculated according 
to the equation: CEA= Ea/Ec (Verslycke et al. 2003). 
 
 





Exposure conditions of life-history test 
The effects of ESF on the life-history traits of C. riparius were assessed by exposing organisms 
from the first instar (3 days old) to a gradient of ESF nominal concentrations: 0.3, 0.7 and 1.4 µg/L 
ESF, plus control treatments (ASTM only and with solvent), following OECD guideline 219 (OECD 
2004). Larvae were placed in glass flasks with a 1.5 cm layer of inorganic fine sediment (< 1 mm), 
previously burnt at 500 ºC for 5 h and 150 mL of ASTM medium. A stock solution of 1 g/L ESF was 
used for water spiking. Twelve replicates per treatment with 5 organisms each were used. Gentle 
aeration was provided 24 h after addition of larvae and no renewal of the medium was performed 
until the end of the experiment. At the beginning of the test, a set of 30 larvae was kept in 70 % 
ethanol to assess the initial length of chironomids. At the 10th day of exposure, larvae from five 
random replicates were collected in each treatment and kept in 70 % ethanol. Head capsule width 
and body length were then measured under a stereo dissecting microscope, to assess the larval stage 
(Domingues et al. 2007) and growth rate, respectively. The remaining seven replicates were 
maintained until the 28th day of the test, and the daily emergence of C. riparius was recorded. Adult 
chironomids were collected daily from emergent traps and kept in 70 % ethanol. The number and 
gender of emerging midges were recorded, in order to calculate the mean time to emergence, the 
cumulative percentage of emergence and the sex ratio (female to male). The weight of adult 
chironomids was measured using a microbalance (Mettler Toledo UMT 2), after drying at 50ºC for 
24 h. On the 28th day, each glass flask was checked for remaining larvae in the sediment. 
Statistical analysis  
Biochemical and life-history data were analyzed using analysis of variance (ANOVA) followed 
by multiple comparisons with Dunnett’s post hoc test in order to identify statistically significant 
differences between ESF treatments and non-exposed controls. Since no significant differences were 
found between negative and solvent control treatments (student t test, p > 0.05) for any of the 
responses measured, all comparisons were made against the solvent control treatment. Normality of 
data was assessed using the Shapiro-Wilk normality test and homoscedasticity was verified with the 
Brown-Forsythe test. To correct for unequal variances ETS data were log-transformed. The 
significance level was set at 0.05 and calculations were performed using GraphPad Prism version 
6.00 for Windows (GraphPad Software, La Jolla California USA). Sex ratios across treatments were 
analysed using contingency tables and Chi-square tests using SigmaPlot version 13.0 (Systat 
Software, Inc., San Jose California USA). 





Chemical analysis of sediment and water 
After 24 h, measured aqueous ESF in water samples was 0.09 µg/L for the nominal concentration 
1.4 µg/L ESF from the life-cycle test, and 0.38 µg/L for the nominal concentration 1.2 µg/L ESF 
from the biomarkers exposure. After 10 days, ESF concentrations were below detection limits for 
both water and sediment samples.  
Uptake and bioaccumulation in C. riparius larvae must have been the main route of ESF 
degradation (Brander et al. 2012). This rapid transfer of ESF from water to available organic matter 
(sediment and/or biota) is strongly considered to be due to the high log Kow (6.22) (Fairchild et al. 
1994; Forbes and Cold 2005). Thus, data are presented and discussed based on nominal ESF 
concentrations. 
Oxidative stress and neurophysiological biomarkers 
CAT activity was significantly inhibited (F3, 24 = 4.424, p = 0.014, Fig. 1a) by 14 and 15 % in C. 
riparius larvae exposed to 0.3 and 1.2 µg/L ESF, respectively, when compared to the solvent control 
treatment. Moreover, TG levels were significantly decreased (F3, 24 = 36.66, p < 0.001, Fig. 1c) to 
36, 27 and 27 % with increasing concentration tested, whereas LPO levels significantly increased 
(F3, 24 = 3.530, p = 0.030, Fig. 1d) to 136 % at the highest concentration tested, i.e. 1.2 µg/L ESF, 
when compared to the solvent control treatment. Neither AChE (F3, 23 = 0.102, p = 0.958; Fig. 1e) 
nor GST (F3, 24 = 2.565, p = 0.078; Fig. 1b) activities were significantly altered by ESF exposure.  
 






Fig. 1 Biomarker responses of 4th instar C. riparius larvae after short-term (24 h) exposure to esfenvalerate: a) 
catalase activity (CAT, µmol/min/mg protein); b) glutathione-S-transferase activity (GST, nmol/min/mg 
protein); c) total glutathione (TG, nmol/min/mg protein); d) lipid peroxidation (LPO, TBARS nmol/g wet 
weight), e) acetylcholinesterase activity (AChE, nmol/min/mg protein) All values are presented as mean ± 
SEM, n = 7. * denotes a significant (p < 0.05) difference when compared with the solvent control (SCTR) 
treatment following ANOVA and post-hoc Dunnett’s tests. 
Cellular Energy Allocation 
Sugar content was significantly reduced (F3, 24 = 5.359, p = 0.006; Table ) to 65 and 67 % in C. 
riparius exposed to 0.075 and 0.3 µg/L ESF, respectively, when compared to the solvent control 
treatment. This reduction of sugar content was non-monotonic, with no significant reduction of sugar 
content observed at the highest ESF concentration tested. Contents of lipids (F3, 24 = 0.159, p = 0.923) 
and proteins (F3, 23 = 1.238, p = 0.319) were not significantly altered in C. riparius exposed to ESF 
(Table 1). Therefore, Ea value was not significantly affected (F3, 23 = 2.770, p = 0.065) in C. riparius 
after exposure ESF (Fig. 2a).  
The energy consumption (Ec), measured as electron transport system (ETS) activity, was 
significantly increased (F3, 23 = 33.85, p < 0.001; Fig. 2b) to 168, 183 and 219 % in C. riparius larvae 
exposed to ESF with increasing concentration tested when compared to the solvent control treatment. 
In the final balance of CEA, all treatments showed a significant decrease (F3, 22 = 25.25, p < 0.001; 
Fig. 2) on the energy budget of C. riparius larvae compared to that of the solvent control treatment. 




Table 1 Effects of esfenvalerate short-term (24 h) exposure on the fractions of energy available of C. riparius 
4th instar larvae. Elipids, Esugars and Eproteins are expressed as mJ/mg organism. All values are presented as mean 
± SEM, n = 7. 
Fractions of 
energy available 
ESF concentrations (μg/L) 
SCTR 0.075 0.30 1.20 
E(lipids) 390.3 ± 28.8 410.4 ± 27.5 391.3 ± 35.2 417.1 ± 42.4 
E(sugars) 542.7 ± 46.6 350.3 ± 31.5a 362.0 ± 27.5a 471.5 ± 49.0 
E(proteins) 244.1 ± 3.5 272.5 ± 31.4 308.9 ± 37.5 319.8 ± 32.4 
a
 denotes a significant difference when compared with solvent control (SCTR) treatment (p < 
0.05, Dunnett’s test). 
 
 
Fig. 2 Effects of esfenvalerate short-term (24 h) exposure on the energy budget of C. riparius 4th instar larvae: 
a) Energy available – Ea (mJ/mg organism); b) Energy consumption – Ec (mJ/h/mg organism); c) Cellular 
energy allocation – CEA. All values are presented as mean ± SEM, n = 7. * denotes a significant (p < 0.05) 
difference when compared with the solvent control (SCTR) treatment following ANOVA and post-hoc 
Dunnett’s tests. 
Life-history traits 
No mortality occurred in either the negative or the solvent control treatments after 10 days. 
However, there was a 2 % mortality of larvae exposed to 0.3 and 0.7 µg/L ESF, reaching 8 % 
mortality in larvae exposed to 1.4 µg/L ESF. After 10 days, head capsule width of C. riparius larvae 
was significantly decreased (F3, 16 = 21.09, p < 0.001, Fig. 3a) by exposure to 1.4 µg/L ESF with 47.8 
% of larvae still in the third instar. Larval growth rate (Fig. 3b) was significantly reduced (F3, 16 = 
68.42, p < 0.001) to 84 and 56 % in C. riparius larvae exposed to 0.7 and 1.4 µg/L ESF, respectively, 
when compared to the solvent control treatment.  





After 28 days, the percentage of emergence was 77 % in the solvent control treatment and the 0.3 
µg/L ESF treatment, and 60 and 40 % in the 0.7 and 1.4 µg/L ESF treatments, respectively. Exposure 
to ESF caused a significant increase in the time to emergence of males (F3, 48 = 29.02, p < 0.001) and 
females (F3, 32 = 3.782, p = 0.020) with increasing concentrations (0.7 and 1.4 µg/L) when compared 
to solvent control treatment (Fig. 3c). No significant alterations on adults’ weight of males (F3, 41 = 
1.080, p = 0.368) or females (F3, 31 = 1.141, p = 0.348) were observed across ESF exposures when 
compared to solvent control treatment (Fig. 3d). There was a significant (χ2 = 10.18, df = 3, p < 0.017) 
imbalance in the female to male ratio, ranging from 0.93 in the solvent control treatment to 0.80, 
0.50 and 0.40 with increasing ESF concentrations. 
 
Fig. 1 Effects of esfenvalerate exposure on the organismal endpoints of C. riparius: a) Head capsule width 
(mm); b) Larval growth rate (mm/day); c) Mean time to emergence of males and females; d) Adult body weight 
(mg) of males and females, number below error bars represents number of adult midges collected. Endpoints 
represented on a) and b) assessed after 10 days of exposure; c) and d) assessed over 28 days of exposure. All 
values are presented as mean ± SEM. * denotes a significant (p < 0.05) difference when compared with the 
solvent control (SCTR) treatment following ANOVA and post-hoc Dunnett’s tests. 
 





The study of sub-organismal level responses is essential to a better understanding of the 
mechanisms of action of highly toxic pesticides such as pyrethroids. Biomarkers of oxidative stress 
and cellular energy allocation give us an insight into the physiological and metabolic status of an 
individual under stress conditions, which might be translated to the organismal level. 
ESF is described as one of the fastest-acting insecticides on feeding cessation (Hannig et al. 2009). 
Therefore, these effects on the life-history traits are expected due to ESF neurotoxic action, which 
acts as a voltage-dependent sodium channel modulator and disrupts its function, resulting in 
involuntary and repeated nerve discharges, incapacitating the larvae to forage for food. This feeding 
inhibition, plus the observed oxidative stress and high energy consumption to deal with ESF exposure 
might be translated into the observed effects at organismal level and that are likely to have an impact 
on natural population dynamics (Sibley et al. 1997; Connon et al. 2009). 
In this study, pro-oxidant properties were observed at environmental relevant concentrations of 
ESF. The consumption of TG observed in C. riparius exposed to the lowest concentrations of ESF, 
contributed to prevent oxidative damage. In fact, the ability of glutathione to bind to hydrophobic 
compounds allows for the maintenance of cellular redox status via reductive dehydrochlorination 
and conjugation reactions with reduced glutathione. This ability results in water-soluble metabolites 
that are easier and more rapidly excreted (Vontas et al. 2001; Enayati et al. 2005), thus preventing 
oxidative damage and allowing insects to cope with low concentrations of ESF. However, antioxidant 
defenses were overwhelmed (decreased levels of TG and CAT activity) for ESF concentrations 
higher than 0.3 μg/L, leading to oxidative damage, measured as an increase of LPO levels in C. 
riparius larvae. Despite the lack of information about biochemical responses of freshwater insects 
exposed to ESF, a decrease in CAT activity and an increase of LPO levels have been previously 
reported in marine invertebrates exposed to pyrethroids, such as in the decapods Penaeus monodon 
exposed to 4 µg/L fenvalerate (Vijayavel and Balasubramanian 2009), and Palaemon serratus 
exposed to 39 ng/L deltamethrin (Oliveira et al. 2012). Moreover, Vontas et al. (2001) observed that 
oxidative stress is an important secondary mechanism of toxicity of the pyrethroids permethrin and 
λ-cyhalothrin for the pest insect Nilaparvata lugens. Therefore, our study supports the hypothesis 
that oxidative stress and free radicals formation is one of the molecular mechanisms generally 
involved in pyrethroid-induced toxicity (Vontas et al. 2001; Abdollahi et al. 2004; Oliveira et al. 
2012). 
Although neuroactive pyrethroids act primarily on the axonal neurotransmission in insects’ 
sodium channels (Casida and Durkin 2013), they may also target sodium channels which are 





extracellularly-gated by acetylcholine (Denac et al. 2000). Effects on AChE activity of the terrestrial 
insect Apis mellifera were observed due to pyrethroid permethrin exposure and were suggested as a 
possible secondary effect by Badiou and Belzunces (2008). In our study, AChE activity of C. riparius 
larvae was not affected by ESF exposure. Likewise, no effects were also observed in either the AChE 
or GST activities of the freshwater crustacean Gammarus pulex exposed for 24 h to the pyrethroid 
permethrin (McLoughlin et al. 2000).  
The uptake of ESF leads to hyperactivity and also can increase detoxification mechanisms, both 
of which are processes with high-energy requirements. ETS activity itself is an inclusive biomarker 
of the metabolic energy requirements of an organism as it is directly related to the process of oxygen 
consumption. Increased Ec in chironomids after exposure to ESF reveals high demand of energy 
consumption related to hyperactivity or that required to deal with detoxification processes. Likewise, 
the consumption of sugars appears to reveal a physiological cost of hyperactivity or detoxification in 
midges of C. riparius exposed to ESF. Sugars are the first energetic reserve used by organisms, and 
also play an important role in the detoxification process and excretion, as these molecules are 
conjugated with the metabolized products of pyrethroids (Soderlund et al. 2002). The previous 
argument is in good agreement with the consumption of sugars observed and the absence of oxidative 
damage in C. riparius exposed to 0.075 and 0.3 µg/L ESF. Similar effects on sugar contents and 
increased energy consumption have been shown in G. pulex (Heckmann et al. 2005) and Daphnia 
magna (Christensen et al. 2005) exposed to pyrethroids. However, at the highest ESF concentration 
tested the sugar content was not significantly lower compared to control levels. This result can be 
explained by a lethargic behaviour caused by higher ESF concentrations (Cold and Forbes 2004; 
Hannig et al. 2009; Brander et al. 2012) which can lead to lower metabolic requirements and thus 
lower energetic reserves consumption. Other hypothesis relies on the influence of pyrethroids on 
adipokinetic hormones in insects (Kodrík and Socha 2005) that can stimulate catabolic reactions, 
altering the levels of energetic reserves available (Van der Horst et al. 2001). However, a more 
detailed evaluation of the effects of esfenvalerate on the hormonal system in Chironomus is needed 
to confirm the previous argument.  
The decreased energy budget of C. riparius larvae exposed to sub-lethal concentrations of ESF 
reveal that organisms were facing stress that might be translated into higher levels of biological 
organization, due to less energy available for growth and reproduction. Thus, our CEA results are in 
good agreement with the deleterious effects observed on development rates of C. riparius that 
showed effects at 0.7 µg/L ESF for both larval growth and adults’ emergence. The delayed 
emergence of C. riparius due to ESF exposure has been also reported at 0.1 µg/L (Forbes and Cold 
2005) and 0.8 µg/L ESF (Samsøe-Petersen et al. 2001). Despite few adults emerged at the highest 
ESF treatment, a change from the 1:1 sex ratio to a male-biased sex ratio was observed, which clearly 




indicated sex related developmental toxicity with males being more tolerant than females. Changes 
in the sex ratio due to pyrethroid exposure have been reported in chironomids (Maul et al. 2008; Agra 
and Soares 2009; Goedkoop et al. 2010). Differences in susceptibility to toxicants of female and male 
midges might be related to their differences in metabolism as female chironomids need higher levels 
of energetic reserves for egg masses production, which can also lead to higher toxicant accumulation 
(Goedkoop et al. 2010).  
In short, this study underlines the toxicity of ESF environmentally relevant concentrations to non-
target freshwater insects. Also, it is a contribution to the growing knowledge of pyrethroids-induced 
toxicity at biochemical processes underlying life history effects. 
Conclusions 
This study emphasizes the importance of integrative ecotoxicological approaches to attain a better 
understanding of the mechanisms of action of pyrethroids, their individual level effects and their 
potential ecological consequences in terms of aquatic insects’ populations.  
Despite the probable effects of ESF in terms of toxic induced anorexia, our results show that 
detoxification processes and increased cellular energy expenditure may also explain the reduced 
development rates in C. riparius larvae. Although they are not chemically specific indicators, 
biochemical biomarkers such as LPO, TG and CAT are useful for a mechanistic interpretation of 
sub-lethal effects of ESF and other pyrethroids in insects. Together with measures of cellular energy 
consumption, they can be suitable tools for the environmental monitoring of pyrethroids-induced 
stress in aquatic non-target insects. 
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Exposure to chlorantraniliprole affects the energy metabolism of the 
caddisfly Sericostoma vittatum  
Abstract 
Caddisflies have been included in ecotoxicological studies due to their sensitivity and ecological 
relevance. The present study aimed to assess the sub-lethal effects of an anthranilic diamide 
insecticide, chlorantraniliprole (CAP), to Sericostoma vittatum. CAP, used worldwide, is a persistent 
compound that has been found in surface waters at concentrations from 0.1 to 9.7 µg/L. CAP targets 
the ryanodine receptors and this ecotoxicological assessment was focused on biomarkers related to 
neurotransmission, biotransformation, oxidative stress damage and on energy processing related 
endpoints (feeding, energy reserves and cellular metabolism). Six days exposure trials revealed that 
feeding activity was significantly decreased in S. vittatum larvae exposed to 0.9 µg/L CAP. 
Concomitantly, a reduction of cellular metabolism and a significant decrease of proteins content were 
also observed in caddisfly larvae exposed to CAP suggesting metabolic depression. The results show 
that sub-lethal concentrations of CAP can cause detrimental sub-lethal effects on S. vittatum total 
glutathione content at concentrations as low as 0.2 µg/L. Bioenergetics can be used to assess 
physiological effects of contaminants and our results show that exposure to low, environmentally 
relevant, concentrations of CAP alter energy acquisition and metabolism in non-target aquatic insects 
with potential population level effects. 
 
Key-words: anthranilic diamides; aquatic invertebrate; feeding inhibition; biochemical and 
physiological biomarkers 
  






Streams located near agricultural areas are subjected to different pressures that lead to degradation 
of both physical characteristics and water quality, with potential deleterious effects on freshwater 
benthic communities. Anthranilic diamide insecticides are one of the newest class of insecticides that 
are being recorded in such freshwater systems worldwide due to their novel mode of action, broad 
spectrum and high level of insecticidal activity, and high levels of mammalian safety (Lahm et al. 
2009; EFSA 2013; CDPR 2016). 
Chlorantraniliprole (CAP), the first anthranilic diamide commercially available, targets the 
ryanodine receptors channels of insects, disrupting calcium homeostasis in muscle cells and neurons, 
leading to abnormal muscular contraction, resulting in paralysis and death of target pests (Lahm et 
al. 2009). However, CAP has been shown toxic to non-target aquatic invertebrate species (EFSA 
2013; Lavtižar et al. 2015; Rodrigues et al. 2015). Further, CAP has been reported as a persistent 
compound (EFSA 2013) and, measured concentrations in surface waters ranging from 0.1 to 9.7 µg/L 
confirm its potential ecological effects on freshwater ecosystems, exceeding the USEPA benchmarks 
for acute/chronic (4.9/4.5 µg/L CAP) toxicity to freshwater invertebrates (USEPA 2008; CDPR 
2016). 
Besides standard ecotoxicological tests, it is essential to evaluate ecological effects caused by 
pesticide contamination using non-target and non-model freshwater species while investigating 
effects at sub-organismal levels to identify potential early warning indicators of stress that can, at the 
same time, predict effects at higher levels of biological organization (Calow and Forbes 1998; Hyne 
and Maher 2003; Monaghan et al. 2009). 
Given the specificity of anthranilic diamides for insect ryanodine receptors and its environmental 
persistence, toxicity towards non-target freshwater insects is to be expected, and thus the present 
study aimed to determine the toxicity of environmental levels of CAP to the trichopteran Sericostoma 
vittatum.  
Trichoptera is a well-represented group, widely used to assess freshwater quality, with great 
ecological diversification, ranging from pollution-tolerant species, such as Hydropsyche exocellata, 
to highly sensitive families, namely Sericostomatidae (Stuijfzand et al. 1999; Bonada et al. 2004). 
Trichoptera have been selected as sentinel organisms due to their wide distribution, year-round 
occurrence, relatively large size and varying tolerance range along polluted areas within river 
systems (Stuijfzand et al. 1999; Bonada et al. 2004), and sensitivity of caddisflies to environmentally 
relevant concentrations of different pesticides has been shown for different species (Wendt-Rasch et 
al. 1998; Tessier et al. 2000; Pestana et al. 2009b). Despite the lack of information on biochemical 





responses of aquatic insects, and trichopteran species in particular, to anthranilic diamides exposure, 
physiological biomarkers have been investigated in monitoring studies with different caddisfly 
species, showing that they can be reliable and complementary indicators of exposure to chemical 
pollution (Berra et al. 2006; Damásio et al. 2011). 
Moreover, many Trichoptera species are shredders, with a primary role in the decomposition of 
coarse particulate organic matter, and so, in ecosystem functioning through nutrient cycling (Wallace 
and Webster 1996; González and Graça 2003). Several ecological aspects, such as feeding 
preferences, assimilation and production efficiency of Sericostoma vittatum have been already 
studied (González and Graça 2003). S. vittatum, a very efficient shredder, has been also suggested as 
an appropriate species for ecotoxicological studies with feeding rate used as a sensitive and reliable 
endpoint to assess effects of chemical stress (Pestana et al. 2009b; Campos et al. 2014).  
In the present study, the main objective was thus to evaluate the sub-lethal effects of CAP in terms 
of energy homeostasis addressing feeding behaviour and measurement of energy reserves and the 
electron transport system activity, as a proxy for energy metabolism. These bioenergetics endpoints 
have been considered sensitive physiological responses in ecotoxicological studies using aquatic 
invertebrates (Smolders et al. 2004) including freshwater insects (Choi et al. 2001; Campos et al. 
2016) to assess the effects of different natural and chemical stressors. Also, biochemical biomarkers 
comprising enzymatic activities related with cholinergic neurotransmission (i.e. acetylcholinesterase 
– AChE – EC 3.1.1.7), those related with oxidative stress such as the anti-oxidant enzyme catalase 
(CAT – EC 1.11.1.6), total glutathione levels (TG), lipid peroxidation (LPO), and the phase II 
biotransformation enzyme glutathione S-transferase (GST – EC 2.5.1.18) were evaluated as potential 
responses to sub-lethal concentrations of CAP. Although not directly, both neurotransmission and 
oxidative stress related biomarkers can provide clues to understand the trade-offs in energy resources 
allocation for detoxification and thus be related with the effects at higher levels of biological 
organization (Hyne and Maher 2003; Monaghan et al. 2009).  
We hypothesized that, due to its mode of action, sub-lethal concentrations of CAP would elicit 
feeding inhibition and an increase in the metabolic costs of detoxification in S. vittatum larvae. 
Moreover, such responses, should add important ecotoxicological data for environmental risk 
assessment of anthranilic diamide insecticides in freshwaters.  
 





Material and Methods 
Chemicals  
Chlorantraniliprole (analytical standard, CAS No. 500008-45-7) was purchased from Sigma-
Aldrich. Stock solutions were prepared in analytical grade acetone and they were protected from 
light to avoid degradation. To prepare experimental concentrations, stock solutions were diluted in 
American Society for Testing and Materials (ASTM) hard water (ASTM 1980) and acetone was kept 
below 0.01 %. 
Sericostoma vittatum and Alnus glutinosa leaves  
Sericostoma vittatum Rambur (Trichoptera: Sericostomatidae) larvae were collected using a hand 
net, in the fourth-order São João stream, at 230 m above sea level, Lousã, Portugal (40º06’N, 
8º14’W). Organisms were acclimated in the laboratory for at least one week. S. vittatum larvae were 
cultured in ASTM hard water medium and inorganic fine sediment (< 1 mm, commercial river 
sediment, previously burnt at 500 ºC for 4 h), at 20 ºC with 16 h light:8 h dark and fed ad libitum 
with alder leaves (Alnus glutinosa).  
Alder leaves were collected soon after senescence from the riparian vegetation of Alva river at 
São Pedro de Alva (40º28’N, 8º19’W), Portugal. Leaves were air dried and stored in darkness. 
Acute exposure 
Ten S. vittatum larvae per treatment were individually exposed in glass vessels containing 50 mL 
of experimental solutions, prepared in ASTM hard water medium. Mortality was assessed every 24 
h, and confirmed at the end of the test (96 h), by removing the organisms from their cases. CAP 
concentrations were tested in a range of 2.5, 5.0, 10.0, 20.0 and 40.0 µg/L CAP, plus control and 
solvent control (0.004 v/v% of acetone) treatments. 
Sericostoma vittatum exposure for evaluation of feeding rates and biomarkers assessment 
The experimental design for feeding behaviour assessment was adapted from Pestana et al. 
(2009b). Three nominal concentrations of CAP (0.25; 0.5 and 1.0 µg/L), below the previously 
estimated 96 h LC10 of 2.7 ± 1.4 µg/L, were used plus control and solvent control treatment. 
Exposure was performed at 20 ± 1 ºC with a photoperiod of 16 h light: 8 h dark. In each treatment, 





three replicates with six leaf discs but no organisms, allowed to estimate the leaf weight correction 
factor (Cf) to control for leaf weight loss due to factors other than S. vittatum feeding. Alder leafs 
were soaked in distilled water and leaf discs were cut with a cork borer (Ø 10 mm). Leaf discs were 
then autoclaved, dried at 60 ºC for 4 days and weighted. Prior to the test, leaf discs were soaked 
during 4 days in the respective experimental solutions. Fifteen S. vittatum larvae per treatment were 
used, individually allocated in glass vials with 150 mL of ASTM hard water medium, 1 cm layer of 
inorganic fine sediment (< 1 mm) and food in the form of six alder leaf discs. After six days of 
exposure, organisms were collected from each replicate, removed from their cases and quickly dried 
on filter paper, weighed, frozen in liquid nitrogen, and kept at – 80 ºC until further biomarkers 
analysis. Any remaining leaf material was collected, dried at 60 ºC for 4 days and then weighted. 
Feeding rates were calculated as the difference between the initial and final leaf disc dry weight (mg), 
corrected with the Cf, divided by the fresh weight of organisms (mg) and elapsed time (days). 
At the end of the experiment (6th day) sediment and water samples were collected and frozen at 
– 20 ºC for analysis of insecticide concentration. 
Biomarkers 
Sample preparation 
S. vittatum larvae exposed for six days in the feeding assays were individually homogenized on 
ice by sonication (pulsed mode of 10 % for 30 s, 250 Sonifier, Branson Ultrasonics Corporation) in 
1600 μL of ultra-pure water. From each replicate, three aliquots were taken for the analysis of lipid 
(300 μL), sugar and proteins contents (300 μL) and electron transport system (ETS) activity (300 μL) 
An aliquot of 200 μL was used for the determination of LPO, whereas the remaining homogenate 
(~500 μL) was diluted with 500 μL of 0.2 M K-Phosphate buffer, pH 7.4, centrifuged for 20 min at 
10,000 g (4 ºC) and the post-mitochondrial supernatant (PMS) divided into 5 microtubes. Those PMS 
samples were kept in –80 ºC for the analysis of neurotransmission and oxidative stress related 
biomarkers.  
All subsequent spectrophotometric measurements were performed in the Microplate reader 
MultiSkan Spectrum (Thermo Fisher Scientific). 
Neurotransmission and oxidative stress related biomarkers 
The Ellman’s method (Ellman et al. 1961), adapted to microplate (Guilhermino et al. 1996), was 
used to measure acetylcholinesterase (AChE) activity from 200 μL PMS sample, with 
acetylthiocholine as substrate following the increase of absorbance at 412 nm. Total glutathione (TG) 





content was determined on 200 μL PMS sample, at 412 nm during 3 min using a recycling reaction 
of reduced glutathione (GSH) with 5,5'-dithiobis-(2-nitrobenzoic acid) (DTNB) in the presence of 
glutathione reductase (GR) excess (25 μL from stock with 1 U/mL) (Tietze 1969; Baker et al. 1990). 
Specificity of the method is given by the functioning of an excess of GR that reduces oxidized 
glutathione and thus the limiting step is glutathione content in each sample. In this way, the rate of 
formation of TNB2- is exclusively dependent on the levels of total glutathione present in biological 
samples. So, total glutathione content is calculated as the rate of TNB2- formation with an extinction 
coefficient of DTNB chromophore formed, ε = 14.1 x 103M-1cm-1 (Baker et al. 1990). Glutathione-
S-transferase (GST) activity was determined from 100 μL PMS sample following the conjugation of 
GSH with 1-chloro-2,4- dinitrobenzene (CDNB) at 340 nm (Habig et al. 1974). Catalase (CAT) 
activity was determined from 50 μL PMS sample by measuring decomposition of the substrate H2O2 
at 240 nm in the PMS (Clairborne 1985). The protein concentration was determined from 50 μL PMS 
sample following the Bradford method (Bradford 1976), adapted from BioRad's Bradford micro-
assay set up in a 96 well flat bottom plate, using bovine γ-globulin as a standard. To 200 µl of tissue 
homogenate, 4 μL of 4 % butylated hydroxytoluene (BHT) in methanol were added for endogenous 
lipid peroxidation (LPO) determination by measuring thiobarbituric acid-reactive substances 
(TBARS) at 535 nm (Bird and Draper 1984). 
Cellular Energy Allocation 
The energy available (sugars, lipids and proteins) and energy consumption (measured as ETS 
activity) were assessed following the method of De Coen & Janssen (1997) with slight modifications 
for microplate reading (Rodrigues et al. 2015). Total lipid content was extracted by centrifugation of 
the 300 μL sample aliquots with a mixture of 500 µl of chloroform (119.38M; ACS 
spectrophotometric grade, ≥ 99.8 %) and 500 µl of methanol (32.04M; ACS reagent, ≥ 99.8 %). The 
organic phase of each sample was transferred to clean glass tubes and acidified with 500 µL of 
H2SO4. The absorbance of samples and tripalmitin, as a standard, were measured on the microplate 
at 375 nm. 
In the second aliquot of homogenized samples (300 μL), proteins were precipitated by adding 100 
µl of 15 % trichloroacetic acid (TCA), following an incubation of 10 min at – 20 ºC. After 
centrifugation (1,000 g for 10 min at 4 ºC), the supernatant was collected and used for carbohydrate 
measurements. To quantify carbohydrate content, standards of glucose and samples (300 μL) were 
incubated (20 ºC for 30 min) with 5 % phenol and H2SO4, the absorbance was read at 492 nm. The 
pellets were then resuspended in 500 µl of NaOH, incubated (30 min at 60 ºC) and neutralized with 
280 µl of HCl. Total protein content was then quantified following Bradford’s method (Bradford 
1976) at 592 nm and with bovine serum albumin as standard.  





The corresponding energy of combustion (39,500 mJ/g lipid, 17,500 mJ/g glycogen, 24,000 mJ/g 
protein) were used to convert the fractions of energy available into the respective energetic equivalent 
values (De Coen and Janssen 1997).  
The homogenate for ETS activity measurements (300 μL) was processed by adding 150 µl of 
homogenization buffer (0.3M Tris base; 0.45 % (w/v) Poly Vinyl Pyrrolidone; 459 µM MgSO4; 0.6 
% (v/v) Triton X-100 at a pH of 8.5) and centrifuged (1,000 g, 10 min, 4 ºC). On the microplate, 50 
μL of supernatant was incubated with 150 µl of buffered solution (0.13 M Tris base containing 0.27 
% (v/v) Triton X-100; 1.7 mM NADH; 274 μM NADPH); and INT solution (p-iodonitrotetrazolium; 
8 mM). The absorbance was then measured kinetically over a 3-min period at 490 nm. The cellular 
oxygen consumption rate conversion was based on the stoichiometric relationship, whereby for every 
2μmol of formazan formed, 1 μmol of oxygen is consumed. Then oxygen consumed was calculated 
by the formula of Beer-Lambert: A = ε x l x c (A = absorbance; ε for INT-formazan = 15,900/(M·cm); 
l = 0.9 cm; and c = oxygen consumed). Energy consumption (Ec) value was obtained by conversion 
to energetic values using the specific oxyenthalpic equivalent to an average lipid, protein and 
carbohydrate mixture of 480 kJ/mol O2. The values obtained were divided by the fresh weight of the 
organisms. Energy available (Ea) was set as the sum of the total lipid, carbohydrate and protein 
energetic equivalent values and cellular energy allocation (CEA) ratio was calculated as CEA= Ea/Ec 
(Verslycke et al. 2003). 
Chemical analysis of chlorantraniliprole  
Chemicals  
Liquid chromatography–mass spectrometry (LC-MS) grade methanol and acetonitrile (Li 
Chrosolv Hypergrade) were purchased from Merck. Formic acid was obtained from Labicom. Ultra-
pure water was produced using an Aqua-MAX-Ultra System (Younglin). All analytical standards 
were of high purity (mostly 98%). Metolachlor (13C6) was purchased from Cambridge isotope 
Laboratories Inc. and was used as internal standard (IS).  
Stock solution of CAP was prepared in methanol at a concentration of 1 mg/mL and stored at -20 
°C. Stock solution of metolachlor was in nonane at a concentration of 100 µg/mL and stored at -20 
°C. A spiking mixture was prepared for each compound by diluting stocks in methanol to a final 
concentration of 1 μg/mL and stored at -20 °C. 
 
 






A triple stage quadrupole MS/MS TSQ Quantum Ultra mass spectrometer (Thermo Fisher 
Scientific) coupled with Accela 1250 LC and Accela 600 LC pumps (Thermo Fisher Scientific) and 
an HTS XT-CTC autosampler (CTC Analytics AG) was used for analysis of water and sediment 
samples.  
A Hypersil Gold (20 mm × 2.1 mm i.d., 12 µm particles) column from Thermo Fisher Scientific 
was used as an extraction column. A Cogent Bidentate C18 column (50 mm × 2.1 mm i.d., 4 µm 
particle sizes from MicroSolv Technology Corporation Eatontown) was used as analytical column 
for the determination of CAP in water samples. Method parameters are reported in Supplemental 
Data, Table S1, Appendix I. 
Water analysis  
For the in-line-SPE liquid chromatography method (LC/LC/MS/MS) water samples (10 mL) were 
filtered through a syringe filter (0.45 μm, regenerated cellulose, Labicom), after which 5 ng of 
internal standard was added. Each sample was prepared and analyzed in duplicate.  
The limit of quantification (LOQ) for analysis of CAP was determined by measuring aqueous 
standard solution at concentrations ranging from 0.25 µg/L to 10 µg/L, as 25% of the lowest 
calibration point in the linear range (relative standard deviation average response factor < 30%) if 
signal to noise (S/N) ratio was higher than 10 (Golovko et al. 2014). The calibration curve was 
measured during each day of analysis at the beginning and end of the sequence to check the 
instrument repeatability. Matrix effect was assessed for CAP and corrections for ion suppression or 
enhancement were accomplished using matrix-matched standards. Matrix matched standards were 
prepared from sampled water by spiking with both IS and native compound at 5 µg/L and 50 µg/L, 
respectively. To determine matrix affected response factor, the peak area/IS ratio determined in non-
spiked samples was subtracted from the peak area/IS ratio in the matrix matched standard. The LOQs 
for the water samples were 0.08 µg/L (± 0.01, SD). 
Sediment analysis  
Around 2 (± 0.2, SD) grams of sediment were weighed in an autosampler vial, and 20 µL of 
internal standard was added to each sample. Four milliliters of extraction solvent (acetonitrile and 
water (1/1 v/v with 0.1% formic acid)) were added to the sediments and samples were sonicated (DT 
255, Bandelin electronic, Sonorex digitec, Berlin, Germany) for 15 min. The supernatant was filtered 
through a syringe filter (0.45 μm, regenerated cellulose, Labicom, Olomouc, Czech Republic) into 
10-mL vials. The same step was repeated with the same solvent mixture volume. Two supernatants 





were mixed after extraction procedure into 10-mL vials. Each sample was prepared and analyzed in 
duplicate. Quality assurance/quality control and method development samples were fortified with 
CAP. Fortification was done at the level of 100 µg/kg. Fortified blank samples were prepared in 
duplicate. Extracts were then analyzed by liquid chromatography with tandem mass spectrometry 
using Cogent Bidentate C18 column (50 mm × 2.1 mm i.d., 4 µm particle sizes from MicroSolv 
Technology Corporation Eatontown). Method parameters are reported in Supplementary Table S1, 
Appendix I. Percent of recovery was 100 (± 5). LOQs for sediment samples were 5-10 µg/kg. 
Statistical analysis 
Effects of CAP exposure on the different endpoints were evaluated with analysis of variances 
(ANOVA). ANOVA assumptions of normality and homoscedasticity were checked using 
D’Agostino & Pearson omnibus normality test and Brown–Forsythe test, respectively, and when 
required data was transformed. AChE and lipids data were ln transformed to correct for normality. 
Feeding data was square rooted transformed and data on sugar content were ln transformed to correct 
for equal variances. Since Student t tests did not identify significant differences between the control 
and the solvent control (p > 0.05) for any of the variables analyzed, we tested whether there were 
any statistically significant differences between the different CAP treatments and the solvent control 
treatment using Dunnett’s post-hoc test. For all statistical tests the significance level was set at 0.05 
with standardized values of size effect, eta-squared values (η2), reported. All calculations were 
performed using GraphPad Prism version 6.00 for Windows (GraphPad Software). The 48 and 96 h 
LC50 values were calculated using the probit method using Minitab software (Minitab Inc.). 
Results 
Chlorantraniliprole concentrations 
After 6 days, measured concentrations of CAP in water were 0.20 ± 0.01; 0.58 ± 0.35 and 0.90 ± 
0.18 µg/L (mean ± SD), thus did not differ more than 20% from the nominal concentrations 0.25, 0.5 
and 1.0 µg/L CAP, respectively. CAP concentrations in sediments were below the LOD (5-10 µg/kg).  
 
 






No mortality occurred in both control and solvent control treatments. The estimated 48 h LC50 
(95 % CI) for CAP and S. vittatum larvae was 15.38 µg/L (11.41 – 19.35 µg/L) and the estimated 96 
h LC50 (95 % CI) was 8.27 µg/L (5.90 – 10.65 µg/L).  
Feeding activity 
Mean larval weight in the different treatments was: 23.1 ± 5.4, 25.6 ± 5.5, 22.1 ± 5.1 and 22.4 ± 
6.6 mg (± SD) for the solvent control, 0.2, 0.6 and 0.9 µg/L CAP treatments, respectively. Size of 
larvae did not differ more than 10 % between treatments with no significant differences observed 
(F3,55=1.083, p = 0.364, η2 = 0.056). One organism died in the 0.2 µg/L CAP treatment, which can 
be assumed as a random event. The mean feeding rate values for the control and solvent control 
treatment were 0.108 ± 0.007 and 0.098 ± 0.005 (mean ± SE) mg/mg/day, respectively, and did not 
differ statistically (t28 = 1.146, p = 0.190). CAP exposure caused a significant reduction (F3,55 = 5.311, 
p = 0.003, η2 = 0.225, Fig. 1) of S. vittatum feeding activity at 0.9 µg/L CAP, corresponding to 26 % 
of feeding inhibition when compared to the solvent control treatment. 
 
Fig. 1 Feeding rate (mg/mg/day) of S. vittatum larvae after 6 days of exposure to chlorantraniliprole (CAP). 
All values are presented as mean ± SEM, n = 15. * denotes a significant difference when compared with the 
solvent control (SCTR) treatment (ANOVA followed by Dunnett’s tests, p < 0.05). 
Neurotransmission and oxidative stress related biomarkers 
After 6 days of exposure to CAP, TG levels of S. vittatum larvae were significantly reduced (F3,53 
= 14.820, p < 0.001, η2 = 0.456, Fig. 2C) by 15, 32 and 56 % when larvae were exposed to 0.2, 0.6, 
0.9 μg/L CAP, respectively. CAP did not alter any other biochemical biomarker assessed, i.e., 





activities of AChE (F3,52 = 2.161, p = 0.104, η2 =0.111), CAT (F3,54 = 0.896, p = 0.450, η2 = 0.050) 
and GST (F3,54 = 1.759, p = 0.166, η2 = 0.089), as well as, levels of LPO (F3,53 = 1.702, p = 0.178, η2 
= 0.088), on S. vittatum larvae, when compared to the solvent control treatment (Fig. 2). 
 
Fig. 2 Biomarker responses of S. vittatum larvae after 6 days of exposure to chlorantraniliprole (CAP): A) 
catalase (CAT, µmol/min/mg protein); B) glutathione-S-transferase (GST, nmol/min/mg protein); C) total 
glutathione (TG, nmol TNB2-/min/mg protein); D) lipid peroxidation (LPO, nmol TBARS/g wet weight); E) 
acetylcholinesterase activity (AChE, nmol/min/mg protein). All values are presented as mean ± SEM, n = 15, 
14, 15, 15. * denotes a significant difference when compared with the solvent control (SCTR) treatment 
(ANOVA followed by Dunnett’s tests, p < 0.05). 
Cellular energy allocation 
Protein content was significantly reduced (F3,55 = 4.380, p = 0.008, η2 = 0.193, Fig. 3C) to 75 and 
72 % at 0.6 and 0.9 µg/L CAP, respectively, after 6 days exposure, when compared to the solvent 
control treatment. Lipid content was not significantly altered (F3,51 = 1.348, p = 0.269, η2 = 0.074) 
by CAP exposure, although a mean increase of 23 % was observed in the highest CAP concentration 
tested. No significant effects (F3,55 = 0.154, p = 0.927, η2 = 0.008) were observed in terms of sugar 
content of S. vittatum larvae exposed to CAP.  
Despite no significant effects of CAP exposure have been detected by ANOVA on Ec (F3,55 = 
1.970, p = 0.129, η2 = 0.097), a post hoc trend analysis revealed a significant monotonic and linear 
decrease in Ec with increasing concentrations of CAP (p = 0.026, η2 = 0.086). Nevertheless, Ea (F3,51 





= 0.169, p = 0.917, η2 = 0.010) or CEA (F3,51 = 0.943, p = 0.427, η2 = 0.053) of S. vittatum larvae 
were not significantly altered by CAP exposure (Fig. 3). 
 
Fig. 3 Energy budget of S. vittatum larvae after 6 days exposure to chlorantraniliprole (CAP): a) lipids content 
(Elipids, mJ/mg organism); b) sugars content (Esugars, mJ/mg organism); c) proteins content (Eproteins, mJ/mg 
organism); d) energy available – Ea (mJ/mg organism); e) energy consumption – Ec (mJ/h/mg organism); f) 
cellular energy allocation – CEA. All values are presented as mean ± SEM, n = 15, 14, 15, 15. * denotes a 
significant difference when compared with the solvent control (SCTR) treatment (ANOVA followed by 
Dunnett’s tests, p < 0.05). 
Discussion 
Shredders play a key role in freshwater ecosystems (Wallace and Webster 1996), and information 
about their sensitivity to pollutants is imperative to better predict the consequences of pollution for 
ecosystem functioning (Pestana et al. 2009a). As far as the authors know, this is the first study 
reporting deleterious effects of environmentally relevant concentrations of an anthranilic diamide on 
a caddisfly species.  
Estimated median lethal concentrations of CAP for S. vittatum (48 h LC50 of 15.4 μg/L) were 
within the range reported for the most sensitive species: the cladoceran Daphnia magna (LC50 of 
9.4 μg/L) (Lavtižar et al. 2015), the ephemeropteran Centroptilum triangulifer (LC50 of 11.6 μg/L) 
(EFSA 2013) and the trichopteran Chimarra atterima (LC50 of 11.7 μg/L) (EFSA 2013). A higher 
tolerance to CAP has been reported for the dipteran Chironomus riparius (LC50 of 77.5 μg/L) 





(Rodrigues et al. 2015). This means that caddisfly larvae of S. vittatum are quite sensitive to CAP 
and since concentrations of CAP in surface waters can reach 9.7 μg/L (CDPR 2016), there is a 
potential risk for acute detrimental effects in the field. 
Concerning biochemical effects, our results show no significant or dose-related increase in 
oxidative damage (assessed as LPO) nor changes in the oxidative stress related enzymes induced by 
CAP exposure. Nevertheless, the activation of cellular detoxification mechanisms is supported by 
the observed strong dose-dependent decrease in the levels of TG. These observations suggest that 
glutathione and related enzymes play a major role in the protection of S. vittatum against CAP 
induced reactive oxygen species (ROS). In line with our study, a decrease of TG levels and absence 
of oxidative damage were also observed on C. riparius exposed to CAP (Rodrigues et al. 2015). 
Since glutathione contributes for the maintenance of cellular redox status as it binds to electrophilic 
compounds and ROS, resulting in less toxic metabolites that are more easily excreted (Enayati et al. 
2005) and the ratio between reduced (GSH) and oxidized glutathione (GSSG) is essential to the 
maintenance of the oxidative status of cells (Peña-Llopis et al. 2003), future research should 
investigate whether if CAP exposure alters the GSH/GSSG ratio.  
In addition, CAP exposure did not cause significant alterations on AChE activity which is not 
surprising since AChE is not the molecular target of this insecticide (Lahm et al. 2009). These results 
are also in good agreement with the lack of CAP induced effects on AChE activity in C. riparius 
(Rodrigues et al. 2015) and to the lack of CAP induced in vitro effects using S. vittatum larvae 
(Pestana et al. 2014). Nevertheless, the study of AChE activity is of interest since these neurotoxic 
insecticides act on calcium channels that play different vital roles in the regulation of a vast array of 
cellular processes, including neurotransmitter release (Li et al. 2011). Further, changes on this 
enzyme activity have been correlated with pesticide resistance for other pesticides classes (Bass and 
Field 2011). In fact, Jia et al. (2016) have already report AChE activity alterations due to CAP 
exposure on a terrestrial insect species. 
Feeding impairment of S. vittatum larvae showed also to be indicative of effects of CAP exposure. 
In fact, reductions of feeding rates relatively to the control treatments which are within the typical 
feeding rates described for stream shredders (0.04 to 0.5 mg/mg/day) (Canhoto et al. 2005), are in 
accordance with the specific mode of action of anthranilic diamides, which activate the ryanodine 
receptors of insects leading to muscular dysfunction and paralysis (Lahm et al. 2009). Hannig et al. 
(2009) describes CAP as one of the fastest acting insecticides concerning feeding cessation of target 
insects. Although these feeding assays were conducted with contaminated food, since we soaked 
alder leaf discs in the experimental solutions, avoidance of pesticide contaminated food has been 
ruled out in different aquatic insect orders including Trichoptera (Palmquist et al. 2008). Thus, we 





hypothesize that the CAP induce feeding inhibition is the result of dietary and water exposure (i.e. a 
relevant scenario of exposure in natural conditions) (Wilding and Maltby 2006; Martinou et al. 2014) 
and not the result of feeding deterrence. Feeding inhibition due to CAP exposure has been also 
observed on two natural predators: the terrestrial insect Macrolophus pygmaeus (Martinou et al. 
2014) and the freshwater planarian Dugesia subtentaculata (Rodrigues et al. 2016).  
Feeding behaviour has been presented as a reliable, sensitive endpoint to assess chemical-induced 
stress in freshwater invertebrates (Maltby et al. 2002; Campos et al. 2014; Rodrigues et al. 2016). 
Furthermore, if complemented with other bioenergetics parameters, such as, energy reserves and 
cellular metabolism, it can be linked to effects on growth, reproduction and even survival of 
organisms (Calow and Forbes 1998; Sokolova 2013; Rodrigues et al. 2015). Our results showed that 
effects of CAP on S. vittatum larvae were not translated into depletion of sugars or lipids, both of 
which are usually attributed to costs of detoxification and/or consequences of cellular protection 
mechanisms (Arrese and Soulages 2010; Sokolova et al. 2012; Rodrigues et al. 2015; Campos et al. 
2016). On the contrary, at the highest CAP concentration tested, a slight increase in lipid content of 
exposed larvae was observed. Lipids constitute major energy reserves in insects fat body and the 
main source of energy during natural non-feeding periods (such as molting or pupation) (Arrese and 
Soulages 2010; Wang et al. 2010), so that an effort to incorporate lipids may be occurring as response 
to feeding limitation stimulus. Because more than 90% of the lipids stored in insects are triglycerides 
and these can be synthesized from proteins (Arrese and Soulages 2010), we hypothesize that this 
lipid synthesis could also explain the observed reduction in proteins content. Moreover, the 
consumption of proteins under CAP exposure, and not the depletion of other easily metabolizable 
energy reserves such as sugars and lipids, a transition of the organisms’ metabolism to partial 
anaerobiosis (Sokolova et al. 2012). Also, the strong decrease of protein content concomitant with a 
slight but monotonic decrease of energy consumption observed in S. vittatum larvae corroborate that 
CAP concentrations and exposure period tested in the present study might have been high enough to 
induce significant reductions in the activity of S. vittatum larvae. In fact, it has been observed that 
organisms under moderate to extreme chemical stress can also initiate physiological and behavioural 
adjustments leading to a general reduction of activity (locomotion, feeding and ventilation), and of 
aerobic metabolism, that can lead to partial anaerobiosis (Guppy 2004; Sokolova et al. 2012). 
Metabolic depression and arrest has been described in a wide variety of aquatic invertebrate species. 
For example, caddisflies from temperate habitats usually go through periods of hypometabolism and 
metabolic arrest during ontogeny (pupation, aestivation) or in response to natural abiotic stressors, 
such as, changes in flow, temperature, food shortage and photoperiod (García-Esquivel et al. 2002; 
Guppy 2004; Koštál 2006; Hahn and Denlinger 2007). 





Therefore, CAP induced metabolic depression of S. vittatum larvae could explain the observed 
reduction of their metabolism and protein content in the present study after 6 days of exposure. 
Proteins can be metabolized via gluconeogenesis to produce glucose (Arrese and Soulages 2010), 
and used for energy production under chemical stress conditions (Vijayavel and Balasubramanian 
2006). Amino acids can also be utilized in various catabolic reactions to counteract CAP-induced 
stress (Monaghan et al. 2009), which may contribute to prevention of oxidative damage. Moreover, 
protein synthesis can be greatly reduced during periods of metabolic depression (Kwast and Hand 
1996; Storey and Storey 2004; Sokolova et al. 2012) and they can also be used to fuel aerobic and 
anaerobic metabolism especially during conditions of energy deficiency, such as limited energy 
intake (Sokolova et al. 2012) as observed in our study. 
Interestingly, reductions of oxygen consumption and feeding of S. vittatum larvae have been 
observed before in response to other neurotoxic insecticides, such as neonicotinoids (Pestana et al. 
2009b). In our case only a slight, but steady reduction of electron transport system activity was 
observed that, nevertheless, reflect both aerobic and anaerobic metabolic pathways and should not 
be interpreted as a direct reflection of oxygen consumption (García-Esquivel et al. 2002).  
This study provides data that can be used to improve the environmental risk assessment of 
anthranilic diamides, a newest class of insecticides. The results suggest potential sub-lethal effects 
on detritivore populations through different pathways. Caddisflies and other aquatic insects, already 
used as model species in aquatic ecotoxicological studies, have the ability to enter into hypometabolic 
states adjusting their metabolic rates and energy allocation as an adaptive strategy in response to 
harsh conditions of temperature, chemical stress, hypoxia, food shortage, among other factors (Choi 
et al. 2001; Koštál 2006; Hahn and Denlinger 2007). Since the effects of pesticides and other 
environmental stressors on energy metabolism are poorly understood, further research is needed to 
understand the physiological consequences of chemical-induced variations in the energy related 
parameters, as well as, to evaluate their natural and intrinsic variability. Manipulative experiences 
using pesticides and other chemical stressors can contribute to understand the molecular mechanisms 
that underpin these adaptations and enlighten the ecological consequences of such plastic responses. 
This could undoubtedly contribute to a better evaluation of physiological condition of non-target 
species like caddisflies under stress conditions and, thus, to a better assessment of the ecological 
effects of CAP and other pesticides. 
Conclusion 
The present study highlights the validity of using the caddisfly S. vittatum in ecotoxicological 
studies as it showed high sensitivity to environmentally relevant concentrations of CAP. The 





observed effects of CAP on survival and feeding behaviour of S. vittatum larvae together with 
energetic costs related to a reduction of energy metabolism and a decrease of protein content are 
expected to compromise caddisfly development and ecosystem processes, such as leaf 
decomposition.  
Energy metabolism modulate several important aspects of the insect’s life, such as, growth, 
metamorphosis, reproduction and/or egg development (Mirth and Riddiford 2007; Arrese and 
Soulages 2010). The evaluation of biochemical parameters, such as ETS activity and energy reserves 
together with organismal level endpoints related to energy intake and expenditure (feeding and 
respiration rates, locomotion) under exposure to different pesticides is critical to evaluate their 
ecological effects. These assessment, particularly in organisms with longer life cycles such as 
caddisflies, can provide important clues for understanding different sensitivities amongst different 
species and life stages, providing at the same time a simple common physiological approach to 
address effects of chemical stress. 
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Life history and biochemical effects of chlorantraniliprole on 
Chironomus riparius 
Abstract 
The need to overcome pesticide resistance has led to the development of novel insecticides such 
as chlorantraniliprole (CAP), an anthranilic diamide. CAP disrupts calcium homeostasis in nerve and 
muscle cells and is used in several agricultural crops due to its potency and selectivity. However, 
chronic toxicity data for aquatic invertebrates are limited. Our objective was to evaluate the toxicity 
of CAP at different levels of biological organization using Chironomus riparius. Organismal 
endpoints (survival, larval growth and emergence), 5 biomarkers associated with important 
physiological functions (acetylcholinesterase – AChE; catalase – CAT; glutathione-S-transferase – 
GST; total glutathione – TG; and lipid peroxidation – LPO) were investigated. Effects of CAP on 
cellular energy allocation (CEA) were also assessed. Acute tests revealed a 48 h LC50 for C. riparius 
of 77.5 µg/L and life-cycle tests revealed a chronic LOEC of 3.1 µg/L based on effects on C. riparius 
larval growth and emergence. C. riparius females exposed as larvae to low concentrations of CAP 
emerged at a smaller size which might also translate into effects on reproduction. Chironomid larvae 
were not under oxidative stress, since short exposures to CAP did not affect LPO levels, despite the 
significant inhibition of GST (0.6 - 9.6 µg/L) and CAT (9.6 µg/L). It seems that detoxification of 
reactive intermediates and ROS is still achieved due to glutathione consumption, since TG levels 
were significantly decreased in organisms exposed to CAP (0.6 - 9.6 µg/L). Moreover, it was 
observed that CEA was disturbed due to increased activity of the electron transport system (ETS), 
suggesting extra energy expenditure in larvae. These results show that environmental concentrations 
of CAP can impair the fitness of C. riparius natural populations and at the same time that 
chironomids, as for most insecticides are suitable test organisms to evaluate the organismal and 
biochemical effects of anthranilic diamides.  
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Chlorantraniliprole (CAP) is an example of an anthranilic diamide which emerged as a new 
promising chemical class of insecticides. CAP acts by activation of the ryanodine receptors 
stimulating calcium release from internal stores and affecting calcium homeostasis in nerve and 
muscle cells. This impairs normal muscle contraction and leads to feeding inhibition, paralysis and 
death of insects (Cordova et al. 2006; Sattelle et al. 2008; Casida 2009; Li et al. 2011). 
Chlorantraniliprole has a differential selectivity to insect receptors relative to those of mammalians 
of > 500-fold displaying high insecticide efficacy and low toxicity to mammalian species (Cordova 
et al. 2006; Lahm et al. 2009; Gentz et al. 2010; Han et al. 2012; Casida and Durkin 2013). Due to 
their potency and specificity, CAP is rapidly replacing other insecticides such as neonicotinoids, 
organophosphates, carbamates and pyrethroids for which pesticide resistance has been observed 
(Sattelle et al. 2008; Casida 2009; Jeanguenat 2013). CAP is effective against a broad range of 
agricultural pests in the order Lepidoptera, as well as against selected Coleoptera, Diptera and 
Hemiptera species (Lahm et al. 2009; Gentz et al. 2010) and its registered uses vary from agricultural 
crops (such as fruit trees, vegetables until cotton or rice) to ornamentals and turf grass of residential 
and public areas (FAO 2007; USEPA 2008).  
Chlorantraniliprole, with a low octanol/water partitioning coefficient (Log Kow = 2.90) can reach 
freshwaters and groundwaters through runoff and leaching or by direct spraying (Haith 2010; EFSA 
2013). Chlorantraniliprole is considered persistent and mobile in soils and in the aquatic environment 
and its predicted environmental concentrations in freshwaters vary between 0.04 and 9.12 µg/L 
(USEPA 2008; EFSA 2013). 
It is thus essential to evaluate the potentially deleterious effects posed by CAP in freshwater 
ecosystems. Although there is already some information on acute effects for invertebrates (Preetha 
et al. 2009; Spomer et al. 2009; EFSA 2013), there is a lack of information on sub-lethal and chronic 
toxicity of CAP to non-target aquatic invertebrates.  
The purpose of this study was to examine the sub-lethal responses of the midge Chironomus 
riparius Meigen (Diptera: Chironomidae) to CAP that can be used for the biomonitoring and risk 
assessment of this compound in aquatic systems. C. riparius is a standard organism for sediment 
toxicity studies (OECD 2004), it has a life cycle typically completed within 3 to 4 weeks at 20 ºC 
and is easy to culture under laboratory conditions. Moreover, this non-biting midges species is widely 
distributed in the northern hemisphere at temperate latitudes and can be found both in lentic and lotic 
environments, usually in organic enriched waters (Péry et al. 2002; Péry and Garric 2006). C. riparius 




aquatic larvae are collector-gatherers that feed on sediment-deposited detritus playing a key role in 
organic matter cycling and in aquatic food chains (Péry et al. 2002; Péry and Garric 2006).  
The main objective of the present study was to evaluate the ecotoxicological response of C. 
riparius to CAP at different biological levels, from physiological to biochemical endpoints, from 
individual to population levels. The endpoints chosen include larvae survival, growth, emergence 
and adult size as organism and population-relevant parameters. Biochemical biomarkers included 
enzymatic activities related with cholinergic neurotransmission (acetylcholinesterase – AChE – EC 
3.1.1.7), those related with oxidative stress, such as the anti-oxidant enzyme catalase (CAT – EC 
1.11.1.6), and total glutathione levels (TG) and lipid peroxidation (LPO), and the phase II 
biotransformation enzyme glutathione S-transferase (GST – EC 2.5.1.18). We also studied the 
cellular energy allocation (CEA) through the measurements of energy consumption (Ec) and energy 
allocation (Ea). Despite the increasing use of biomarkers for assessing environmental toxicity (Crane 
et al. 2002; Hernández-Moreno et al. 2011) there is a lack of studies on aquatic invertebrates in which 
effects on biomarker responses and effects on individual fitness are assessed altogether. 
Material and Methods 
Test organisms 
Chironomus riparius larvae were obtained from laboratory cultures established at the Biology 
Department, University of Aveiro. Cultures were fed three times a week with a suspension of grinded 
commercial food fish TetraMin® (Tetrawerke, Melle, Germany). Cultures were maintained in 
aquaria with a layer of inorganic fine sediment (<1 mm), previously burnt at 500ºC for 5 hours and 
with American Society for Testing and Materials (ASTM) hard water (ASTM 1980), with a photo-
period of 16 h light: 8 h dark and room temperature of 20 ± 1 ºC. 
Chlorantraniliprole 
Chlorantraniliprole (analytical standard, CAS No. 500008-45-7) was purchased from Sigma–
Aldrich (UK). Stock solutions were prepared in analytical grade acetone and they were protected 
from light to avoid degradation of CAP. Acetone was kept below 0.01 % in all experimental solutions 
used in bioassays. 
 





Acute lethality was assessed following the OECD guideline 235 (OECD 2011) in water only 
exposures. First instar C. riparius larvae (< 24 h old) were exposed to a range of CAP concentrations 
of 8, 16, 32, 64, 128, 256 and 512 µg/L in 6-well Microwell Plates (Cell and Tissue Culture Plates, 
Guangzhou Jet Bio-Filtration Products Co., Ltd.). CAP solutions were prepared in ASTM hard water 
and mortality of C. riparius larvae in the different treatments was verified in 4 replicates with 5 
larvae each. After 48 h of exposure, mortality was determined by mechanical stimulation, with 
animals failing to show any response considered dead. 
Full life-cycle test 
To determine the effects of CAP on C. riparius growth, emergence, development rate and adult 
size, a 28-day full life-cycle test was performed according to OECD guideline 219 (OECD 2004). C. 
riparius 1st instar larvae (3 days old) were exposed to three nominal CAP concentrations (2.5, 5.0 
and 7.5 μg/L) plus control treatments. The larvae were inoculated in 200 mL glass flasks with a 1.5 
cm layer of inorganic fine sediment (< 1 mm), and 150 mL of experimental solutions. The spiking 
of water was made from a stock solution of 1 mg/L CAP.  
For each experimental treatment, 12 replicates were used, each with 5 organisms. Five of these 
replicates, i.e., 25 organisms, were used to assess larvae growth after 10 days of exposure in each 
treatment. At day 10, midges were collected from each replicate and kept in 70 % ethanol. Total body 
length and head capsule width were measured under a stereo dissecting microscope to assess larval 
growth and larval stage according to Domingues (2007). A batch of 30 1st instar larvae was kept in 
ethanol and body length measured to determine their initial size. The remaining seven replicates were 
used for recording the emergence of C. riparius throughout the experiment. C. riparius adults were 
collected daily from emergent traps with the aid of an aspirator and preserved in 70 % ethanol in 
order to check the male/female ratio in each treatment, calculate the cumulative percentage of 
emergence, and the development rate (number of days until emergence) of chironomids. Adult 
midges were then dried at 50 ºC for 24 h and weighted in a microbalance (Mettler Toledo UMT 2). 
At the end of the test, each glass flask was checked for remaining live larvae in the sediment. 
Short exposure for biomarkers determination 
For biochemical biomarkers and CEA measurements, 4th instar (12-day old) C. riparius larvae 
were exposed to CAP solutions for 24 h in 500 ml crystallizing dishes containing ASTM hard water. 




No food was provided during this exposure period. Larvae were exposed to 0.75, 3.0 and 12 μg/L 
nominal concentrations plus control (ASTM hard water only) and solvent control. Seven replicates 
of 15 organisms for each condition were used. After exposure, larvae were collected and quickly 
dried on filter paper, weighed, frozen in liquid nitrogen and kept at – 80 ºC. Samples were 
homogenized on ice in 1600 μL of ultra-pure water by sonication. From each replicate, aliquots of 
300 μL were taken for the analysis of lipids, sugars and proteins contents and electron transport 
system (ETS) activity. An aliquot of 200 μL was used for the determination of LPO, whereas the 
remaining homogenate (~500 μL) was diluted with 500 μL of 0.2 M K-Phosphate buffer, pH 7.4, 
centrifuged for 20 min at 10,000 g (4 ºC) and the post-mitochondrial supernatant (PMS) divided into 
5 microtubes. Those PMS samples were kept in – 80 ºC until further analyses of biomarkers. 
Biomarkers 
Tissue homogenate (200 μL) was separated into a microtube with 4 μL of 4 % butylated 
hydroxytoluene (BHT) in methanol for endogenous LPO determination by measuring thiobarbituric 
acid-reactive substances (TBARS) at 535 nm (Bird and Draper 1984). TG content was determined 
with PMS fraction at 412 nm using a recycling reaction of reduced glutathione (GSH) with 100 μL 
5,5'-dithiobis-(2-nitrobenzoic acid) (DTNB) in the presence of glutathione reductase (GR) excess (25 
μL from stock with 1 U/mL) (Tietze 1969; Baker et al. 1990). GST activity was determined in PMS 
following the conjugation of GSH with 1-chloro-2,4- dinitrobenzene at 340 nm (Habig et al. 1974). 
CAT activity was determined in PMS by measuring decomposition of the substrate H2O2 at 240 nm 
(Clairborne 1985). AChE activity was measured by following Ellman’s method (Ellman et al. 1961) 
adapted to microplate (Guilhermino et al. 1996). The method uses acetylthiocholine as substrate 
following the increase of absorbance at 412 nm.  
The protein concentration was determined according to the Bradford method (Bradford 1976), 
adapted from BioRad's Bradford micro-assay set up in a 96 well flat bottom plate, using bovine γ-
globuline as a standard. 
Cellular Energy Allocation 
The quantification of energy available (sugars, lipids and proteins) and energy consumption 
(ETS) followed the method described by De Coen and Janssen (1997) with slight modifications listed 
below. Microplate reader MultiSkan Spectrum (Thermo Fisher Scientific, USA) was used for all 
needed measurements. 
Total lipid content was separated by centrifugation of samples (300 µL of homogenate) with the 
addition of 500μL of chloroform (119.38M; ACS spectrophotometric grade, ≥ 99.8%) and methanol 
(32.04M; ACS reagent, ≥ 99.8%). The organic phase of each sample was transferred to clean glass 




tubes, 500 μL of H2SO4 were added and incubated at 200 ºC for 15 min. After cooling down to room 
temperature, 1500 μL of ultra-pure water was added to each tube and the absorbance measured in the 
microplate at 375 nm. Tripalmitin was used as a lipid standard. 
The quantification of carbohydrate content was performed by adding 100 μL of 15 % TCA to 300 
µl of homogenate followed by an incubation of 10 min at – 20 ºC. After centrifugation at 1,000 g for 
10 min at 4 ºC, 200 μL of 5 % phenol and 800 μL of H2SO4 were added to the supernatant. The 
samples, and glucose that was used as standard, were incubated at 20 ºC for 30 min and the 
absorbance read at 492 nm in microplate.  
Bradford’s method (Bradford 1976) was used for total protein content quantification in 
homogenate using bovine serum albumin as a standard. Absorbance was measured after 30 min 
incubation in the microplate at 520 nm.  
For the ETS activity measurement 150 μL of homogenization buffer (0.3 M Tris base; 0.45 % 
(w/v) Poly Vinyl Pyrrolidone; 459 µM MgSO4; 0.6 % (v/v) Triton X-100 at a pH of 8.5) were added 
to 300 µl homogenate samples and centrifuged (1000 g, 10 min, 4 ºC). Supernatant was transferred 
to microplate (50 μL per replicate), 150 μL of buffered solution 0.13 M Tris base; 0.27 % (v/v) Triton 
X-100; 1.7 mM NADH; 274 μM NADPH; and 100 μL of INT solution (p-iodonitrotetrazolium; 8 
mM) were added. The absorbance was measured kinetically at 490 nm over a 3-min period.  
The conversion into energetic values of the fractions of energy available were calculated using 
the corresponding energy of combustion: 39,500 mJ/ g lipid, 17,500 mJ/ g glycogen, 24,000 mJ/ g 
protein (De Coen and Janssen 1997). The cellular oxygen consumption rate was calculated based on 
the stoichiometrical relationship in which for 2 μmol of formazan formed, 1 μmol of oxygen is 
consumed. The quantity of oxygen consumed was determined by the formula of Lambert-Beer: A = 
ε x l x c (A = absorbance; ε for INT-formazan = 15,900/ (M.cm); l = 0.9 cm; c = oxygen consumed 
in M). The final Ec value was obtained by the conversion to energetic values using the specific 
oxyenthalpic equivalent for an average lipid, protein and carbohydrate mixture of 480 kJ/ mol O2. 
The sum of total lipids, carbohydrates and proteins constitutes the available energy (Ea). The final 
CEA value is calculated by the formula: CEA = Ea/ Ec (Verslycke et al. 2003). 
Chemical analysis  
Nominal CAP concentrations in stock solution used in the acute test, in overlying water and in 
the sediment samples from the chronic experiment (sampled after 10 days of exposure) and in water 
samples from the short-term exposure for biomarker determination (sampled after 24 hours) were 




verified by chemical analysis. Three water samples and one sediment sample per treatment were 
analysed. All samples were frozen at – 20 ºC and sent for analysis in dry ice.  
Liquid chromatography–mass spectrometry (LC-MS) grade methanol and acetonitrile (Li 
Chrosolv Hypergrade) were purchased from Merck (Darmstadt, Germany). Formic acid to acidify 
the mobile phases was acquired from Labicom (Olomouc, Czech Republic). Ultra-pure water was 
produced using an Aqua-MAX-Ultra System (Younglin, Kyounggi-do, Korea). All analytical 
standards were of high purity (mostly 98 %). Metolochlor (13C6) was purchased from Cambridge 
isotope Laboratories Inc. (Androver, MA, USA) and was used as an internal standard.  
Stock solutions of CAP were prepared in methanol at a concentration of 1 mg/mL and stored at – 
20 °C. Stock solutions of metolochlor were prepared in nonane at a concentration of 100 µg/mL and 
stored at – 20 °C. A spiking mixture was prepared for each compound by diluting stocks in methanol 
to a final concentration of 1 μg/mL and stored at – 20 °C. 
Analysis of chlorantraniliprole in water samples 
For the two-dimensional liquid chromatography method (LC/LC method) (Grabic et al. 2012), 
thawed water samples were filtered through a syringe filter (0.45 μm, regenerated cellulose, 
Labicom, Olomouc, Czech Republic), after which 5 ng of internal standards were added to 10 mL of 
sample. Each sample was prepared and analyzed in duplicate.  
A triple stage quadrupole MS/MS TSQ Quantum Ultra mass spectrometer (Thermo Fisher 
Scientific, San Jose, CA, USA) coupled with Accela 1250 LC and an HTS XT-CTC autosampler 
(CTC Analytics AG, Zwingen, Switzerland) was used for water analysis. A Hypersil Gold (20 mm 
× 2.1 mm i.d., 12 µm particles) column from Thermo Fisher Scientific (San Jose, CA, USA) was 
used as the extraction column. A Cogent Bidentate C18 column (50 mm × 2.1 mm i.d., 4 µm particle 
sizes from MicroSolv Technology Corporation Eatontown, NJ, USA) was used for determination of 
CAP. 
Analysis of chlorantraniliprole in sediment samples 
Two grams of sediment were weighed in an autosampler vial, and a 5 ng of internal standard was 
added to each sample. After adding 4 ml x 2 of extraction solvent acetonitrile and water (1/1, v/v, 
0.1 % formic acid), samples were put to ultrasonic bath for 15 min and filtered through 0.45 µm 
regenerated cellulose syringe filters (Labicom, Olomouc, Czech Republic). 100 µL of each extract 
was analyzed by LC-MS/MS (Grabic et al. 2012).  




Quality assurance/quality control and method development samples were fortified with native 
target compounds. Fortification was done at the level of 100 ng/g. Fortified blank samples were 
prepared in duplicate. 
Analytical procedure 
The limit of quantification (LOQ) for simultaneous analysis of CAP was determined by 
measuring aqueous standard solution at concentrations ranging from 0.25 µg/L to 10 µg/L, as 25 % 
of the lowest calibration point in the linear range (relative standard deviation average response factor 
< 30 %) if S/N ration was higher than 10. The calibration curve was measured during each day of 
analysis at the beginning and end of the sequence to check the instrument repeatability.  
Matrix effect was assessed for CAP and corrections for ion suppression or enhancement were 
accomplished using matrix-matched standards. Matrix matched standards were prepared from 
sampled water by spiking with both IS and native compound at 5 µg/L and 50 µg/L, respectively. To 
determine the matrix affected response factor, the peak area/IS ratio determined in non-spiked 
samples was subtracted from the peak area/IS ratio in the matrix matched standard. 
Statistical analysis  
C. riparius acute, life history traits and biochemical data were analyzed by analysis of variance 
(ANOVA) with multiple comparisons examined by Dunnett’s post hoc test. This procedure allowed 
us to identify statistically significant differences between the different CAP treatments and the 
control. Since Student t tests did not identify significant differences between the negative and the 
solvent control (p > 0.05) for any of the variables analyzed in the life-cycle test, the solvent control 
was used as the control treatment for all the analysis.  
All variables were assessed for normality using residual probability plots. Levene’s and Brown-
Forsythe tests verified the homoscedascity of data. GST data were square root transformed and 
survival data were transformed by the arcsine of the square root to correct for unequal variances. For 
all statistical tests the significance level was set at 0.05. 
The 48h LC50 for CAP (measured as immobilization) was calculated using the probit method 
using Minitab software (Minitab Inc., State College, PA, USA). All other calculations were 
performed using GraphPad Prism version 6.00 for Windows (GraphPad Software, La Jolla California 
USA).  






The stock solution used in the acute toxicity test was analysed and it measured value (1.02 mg/L) 
did not differ from the nominal value of 1 mg/L. Values of nominal and measured concentrations for 
life-cycle test and biomarkers test exposure are presented in Table 1. Because nominal and measured 
concentrations of CAP in water samples differed by more than 10%, the measured CAP 
concentrations are used hereafter. Measured CAP concentrations in control treatments and in all 
sediment samples were below the limits of detection (0.08 µg/L for water and 5-10 µg/Kg for 
sediment). 
Table 1 Chlorantraniliprole concentrations measured in overlying water (µg/L) and sediment (µg/Kg) after 10 
days in the life-cycle test period and after 24 hours of biomarkers test exposure (mean ± SD), limit of 
quantification (LOQ) = 5 – 10 µg/Kg. 
Experiment 
 Water (µg/L) Sediment (µg/Kg) 
Nominal concentrations (µg/L) 10 days (n=3) 10 days (n=1) 
Chronic exposure 2.5 2.29 ± 0.81 <LOQ 
 5.0 3.14 ± 0.24 - 
 7.5 6.11 ± 2.22 <LOQ 
  24hours (n=3)  
Biomarkers exposure 0.75 0.58 ± 0.09  
 3.0 2.49 ± 0.84  
 12.0 9.63 ± 2.71  
Acute toxicity 
In the acute tests, no mortality was observed in both negative and solvent control treatments. The 
aqueous CAP 48 h LC50 (95 % CI) for C. riparius was 77.54 µg/L (61.00 – 102.56 µg/L). Analysis 
of acute data showed a monotonic increase of mortality with increasing concentrations of CAP (F 7, 
24 = 44.88, p < 0.001), and post-hoc comparisons with the control treatments identified the 8 µg/L 




CAP treatment, with 10 % dead larvae, as the no observed effect concentration (NOEC) and the 16 
µg/L CAP treatment as the lowest observed effect concentration (LOEC) with 25 % of dead larvae. 
Full life cycle test 
The chronic exposure experiment verified the validity criteria with emergence in control 
treatments above 70 % (OECD 2004), mean temperature during the test was maintained at 19.8 ± 0.4 
ºC, pH at 7.90 ± 0.16 and dissolved oxygen at 7.60 ± 0.16 mg/L. No mortality was observed in any 
of the control treatments until day 10. However, 4 larvae (16 %) were dead in the 6.1 µg/L CAP 
treatment. Mortality after 28-day exposure reached 44 and 74 % in the 3.1 and 6.1 µg/L CAP 
treatments, respectively. 
Exposure to CAP significantly affected growth rate (F 3, 16 = 63.99, p < 0.001, Fig. 1b) and head 
capsule width (F 3, 17 = 4.287, p = 0.020, Fig. 1a) in C. riparius larvae. Larvae exposed to 3.1 and 6.1 
µg/L CAP had their growth rate reduced by 15 and 23 %, respectively (Fig. 1b). LOECs values for 
growth rate and head capsule width were 3.1 and 6.1 µg/L CAP respectively.  
After 28 days, 77 % of the initial number of larvae emerged in the solvent control treatment (Fig. 
1c). Exposure to CAP significantly affected the percentage of emerged C. riparius (F
 3, 60 = 24.14, p 
< 0.0001) with a LOEC of 3.1 µg/L CAP. In the two highest CAP treatments, the percentage of 
emerged adults was reduced to 29 and 14 %, respectively (Fig. 1c).  
CAP exposure significantly delayed the time to emergence of C. riparius males compared to the 
solvent controls treatments (F 3, 36 = 3.539, p = 0.024). Days until emergence in C. riparius males 
varied from 16.6 in the solvent control treatment to 16.1, 18.3 and 17.5 days in the 2.3, 3.1 and 6.1 
µg/L CAP treatments respectively.  
However, no effects were observed for females (F 2, 25 = 1.492, p = 0.244). Days to emergence in 
C. riparius females varied from 17.5 in the solvent control treatments to 17.6 and 19.3 in the 2.3 and 
3.1 µg/L CAP treatments respectively.  
In contrast, while no differences in the body weight of C. riparius males were observed (F 3, 13 = 
0.948, p = 0.446, Fig. 1 d), the body weight of adult C. riparius females was significantly reduced 
by 20 % with exposure to 3.1 µg/L CAP in comparison with the solvent control treatment (F 2, 11 = 
4.611, p = 0.035, Fig. 1d). Since only one female emerged in the highest CAP treatment (body weight 
= 0.728 mg, emerged after 20 days) this treatment was excluded from the ANOVA’s. 





Fig. 1 Effects of chlorantraniliprole (CAP) exposure on C. riparius life-cycle responses: a) Head capsule width 
(mm; mean ± SE); b) Growth rate (mm/day; mean ± SE); c) Cumulative percentage of C. riparius emergence. 
Percentage emergence was derived by dividing the number of adult midges by the number of introduced larvae. 
d) Adult body weight for males and females (mg; mean ± SE). Number below error bars represent number of 
adult midges collected. Endpoints illustrated on a) and b) assessed after 10 days of exposure; on c) and d) 
assessed after 28 days of exposure. * denotes a significant (p <0.05) differences compared to the solvent control 
(SCTR) treatment (Dunnett’s test).  
Biochemical Biomarkers 
Results in Fig. 2a) show that GST activity was significantly decreased in organisms exposed to 
0.6, 2.5 and to 9.6 µg/L CAP (F 3, 24 = 6.503, p = 0.002), whereas CAT activity (Fig. 2Fig. c) was 
significantly decreased at 9.6 µg/L CAP (F 3, 24 = 5.949, p = 0.004). Levels of total glutathione were 
significantly reduced in all CAP treatments (F 3, 24 = 24.57, p < 0.0001; Fig.  b). In contrast, LPO (F 
3, 24 = 2.415, p = 0.091, Fig. 2d) and acetylcholinesterase activity (F 3, 24 = 1.813, p = 0.172, Fig. 3) 
were not significantly altered with exposure to CAP.   





Fig. 2 Effects of short-term (24 h) chlorantraniliprole exposure on four biochemical parameters measured in 
C. riparius 4th instar larvae. a) GST = glutathione-S-transferase (nmol/ min/ mg protein); b) TG = total 
glutathione (nmol/ min/ mg protein); c) CAT = catalase (µmol/ min/ mg protein); d) LPO = lipid peroxidation 
(TBARS nmol/ g wet weight). All values are presented as means ± SE. * denotes a significant (p <0.05) 
differences compared to the solvent control (SCTR) treatment (Dunnett’s test).  
 
Fig. 3 Effects of short-term (24h) chlorantraniliprole exposure on acetylcholinesterase (AChE) activity (nmol/ 
min/ mg protein; mean ± SE) measured in C. riparius 4th instar larvae. 
 




Cellular Energy Allocation 
No effects were observed in the levels of lipids (F 3, 23 = 0.289, p = 0.833), sugars (F 3, 22 = 0.963, 
p = 0.428) and proteins (F 3, 21 = 1.407, p = 0.269) in C. riparius exposed to CAP treatments in 
comparison with the solvent control. Thus, the energy available (Ea) was not affected (F 3, 19 = 0.499, 
p = 0.687) in C. riparius larvae exposed to CAP, contrasting. Significant effects in ETS activity (F 
3, 24 = 18.93, p < 0.0001) were observed for all treatments when compared to solvent control (Table 
2). CAP caused significant effects on C. riparius cellular energy allocation (F 3, 20 = 5.268, p = 0.008) 
with all treatments showing a reduced CEA when compared to the solvent control treatment (Table 
2).  
Table 2 Effects of short-term (24 h) exposure to sub-lethal concentrations of chlorantraniliprole on the energy 
budget of C. riparius 4th instar larvae. Fractions of energy available: Elipids, Esugars and Eproteins (expressed in mJ/ 
mg organism); the total energy available, Ea, as a sum Elipids, Esugars and Eproteins (expressed as mJ/ mg organism); 
the energy consumption, ETS (expressed in mJ/ mg organism/ hour); and the cellular energy allocation ratio 
(CEA=Ea/Ec). All values are presented as mean ± SE. 
 CAP concentration (µg/L) 
CEA parameter SCTR 0.6 2.5 9.6 
E (lipids) 390.3 ± 28.8 375.8 ± 28.6 409.8 ± 25.3 407.7 ± 37.9 
E
 (sugars) 542.8 ± 46.6 446.0 ± 56.2 509.6 ± 51.7 546.0 ± 12.8 
E (proteins) 244.1 ± 3.5 259.3 ± 6.5 270.1 ± 32.1 314.2 ± 32.6 
Ea (lipids + sugar + proteins) 1163 ± 70.6 1067 ± 94.2 1198 ± 49.9 1190 ± 104.7 
Ec (ETS) 19.99 ± 0.46 24.0 ± 0.9* 27.4 ± 0.9* 26.7 ± 0.8* 
CEA (Ea/Ec) 60.37 ± 3.96 42.9 ± 3.9* 44.5 ± 2.6* 44.6 ± 4.2* 
* denotes a significant difference compared to the solvent control treatment – SCTR (Dunnett’s 
test, p < 0.05). 
Discussion 
Chronic experimental toxicity data of anthranilic diamide insecticides are still limited concerning 
aquatic invertebrates. The use of an inclusive set of endpoints at different developmental stages gave 




detailed insight into the effects of CAP on C. riparius when exposed to ecologically relevant 
concentrations of this insecticide. 
Concerning acute toxicity, the CAP 48 h LC50 observed in this study for C. riparius, 77.5 µg/L, 
is slightly higher than the predicted environmental concentrations for CAP in surface waters which 
range between 0.04 and 9.12 µg/L (USEPA 2008; EFSA 2013). Reported toxicity assessments for 
CAP show that this insecticide is highly toxic to some invertebrates, such as, the cladoceran Daphnia 
magna and the trichopteran Chimarra atterima with acute 48 h EC50 of 11.6 µg/L and 48 h LC50 of 
11.7 µg/L, respectively; the amphipod Gammarus pseudolimnaeus with a 48 h LC50 of 35.1 µg/L 
(EFSA 2013); and the plecopteran Soyedina carolinensis with a LC50 of 258 µg/L. Other 
invertebrates are more tolerant to CAP and LC50’s of 1.2 mg/L for the crustacean Hyalella azteca 
or even > 1.5 mg/L for the sediment dwelling oligochaete Lumbriculus variegatus have also been 
reported (EFSA 2013). 
Results from the 28-day life-cycle test showed that prolonged exposure to concentrations of CAP 
as low as 3.1 µg/L can impair growth, emergence and even survival of chironomids. Taking into 
account that CAP acts on ryanodine receptors and impair muscle contractions, effects on C. riparius 
life history were expected to occur at much lower concentrations than those causing acute toxicity. 
This is because, exposure to CAP and to other neurotoxic pesticides can alter feeding behavior in 
aquatic insects (Pestana et al. 2009). In fact, the speed of action of CAP on insect feeding cessation 
has been compared with fast-acting carbamates and pyrethroids (Hannig et al. 2009; Lahm et al. 
2009). 
The effects caused by exposure to CAP in terms of C. riparius development rates (reduced 
growth, delayed emergence) are expected to have direct consequences in terms of C. riparius 
reproduction and population dynamics. Besides the effects of CAP on larval growth that can be 
translated into delayed emergence of midges, the fact that adult female chironomids, exposed as 
larvae to CAP, were also significantly smaller in terms of body weight, can reveal effects of CAP on 
the trade-off between time to emergence and adult size. Adult body weight in dipterans is a fitness 
related trait since it is directly linked to the flying performance, fecundity and number of eggs in 
females and sperm count in males (Sibley et al. 2001; Ponlawat and Harrington 2007). Therefore, 
our findings on adult body weight suggest additional detrimental effects of CAP on fecundity of 
midge populations. Our results show that the LOEC of adult female body weight for CAP is 
comparable to that of emergence rate and thus that this parameter can be useful to better predict 
effects of insecticides and other contaminants on insect populations’ dynamics (Sibley et al. 2001). 
The LOEC’s of 3.1 µg/L for CAP in terms of growth and emergence observed in this study for 
are in good agreement with the previously reported 28 days NOEC value of 2.5 µg/L for CAP effects 




on emergence of C. riparius (EFSA 2013). Our results also show that effects of CAP on emergence 
rate is comparable with that of other insecticides such as the neonicotinoids imidacloprid, with a 
LOEC of 1.2 µg/L (Pestana et al. 2009), and thiacloprid with a LOEC of 0.5 µg/L (Langer-Jaesrich 
et al. 2010). CAP is however, less toxic compared to the pyrethroid esfenvalerate that caused effects 
on emergence at 0.1 µg/L (Forbes and Cold 2005). 
Concerning the effects of CAP on biochemical biomarkers, inhibition of AChE activity was not 
observed in C. riparius. This result is not surprising since CAP acts by disrupting calcium 
homeostasis in central neurons rather than inhibiting AChE as anticholinergic compounds (Li et al. 
2011). In turn, short-term exposure to low concentrations of CAP decreased antioxidant and 
biotransformation enzyme activities, CAT and GST, and reduced total glutathione levels. These 
effects, however, did not translate into higher levels of oxidative tissue damage measured as lipid 
peroxidation. This may indicate that CAP can trigger cellular detoxification metabolism, for example 
that of glutathione, which has a primordial role in maintaining the cellular redox status of the cell, 
preventing lipid peroxidation, a major mechanism by which oxyradicals can cause oxidative damage 
(Doyotte et al. 1997; Rikans and Hornbrook 1997). There is scarce information on the effects of CAP 
on biomarkers. Bantu et al. (2013) reported effects of CAP on levels of CAT, GST and LPO on fish 
tissues varied with exposure periods. Pestana et al. (2014) found that in vitro exposures to CAP did 
not affect AChE activity of caddisfly larvae. 
Stress stimulus may also initiate compensatory adjustments in the energy metabolism of 
organisms in order to maintain physiological or biochemical homeostasis. Consequently, 
consumption of energy-yielding substrates such as glycogen, lipids or proteins, may be increased 
under stressful conditions (Choi et al. 2001; Bantu et al. 2013). There is evidence that chronic 
exposure to sub-lethal concentrations of CAP decrease levels of proteins, glycogen and total lipids 
in fish (Bantu et al. 2013). Our results show that available energy reserves were not significantly 
altered in C. riparius exposed to any of the CAP concentrations tested. This was probably due to the 
short duration of exposure (24 hours) and to the fact that exposures were conducted without food 
hindering the detection of toxic effects mediated by feeding impairment. Nevertheless, the increased 
ETS activity cause a decrease on CEA values in C. riparius exposed to CAP. The electron transport 
system is directly related to the process of oxygen consumption and, thus ETS activity by itself can 
be a useful proxy for metabolism. Usually, increased ETS activity has been described in organisms 
exposed to low concentrations of organophosphate insecticides and associated with the activation of 
the respiratory chain due to an increased need of energy for detoxification (Choi et al. 2001). The 
electron transport system seems to be a valuable complementary tool to assess organisms’ stress 
condition, despite its sensitivity not only to chemical stressors, but also to changes in abiotic factors 
(Choi et al. 2001). Therefore, albeit the absence of changes in the available energy reserves, increased 




metabolism suggests a high-energy demand in C. riparius exposed to CAP that reduce the energy 
available for growth and reproduction.  
Although the increase in the C. riparius ETS activity is most probably related with the 
overstimulation of larval muscles, results also showed that increased energy consumption in C. 
riparius exposed to CAP might be in part associated with its detoxification, since most of the studied 
biomarkers were altered by CAP.  
Therefore, ETS activity appears to be a good indicator of effects on cellular metabolism, which 
not only integrates the energetic costs of the contaminant-induced biochemical effects, but also 
appears to be correlated with effects at higher levels of biological organization (e.g. growth). 
Although more work is still needed, mainly to address dose and time dependent effects and trait 
correlation, ETS activity might be important in the context of new and more integrated risk 
assessment approaches. For example, the Adverse Outcome Pathways approach (AOP) (Ankley et 
al. 2010) could greatly benefit from using ETS activity to better link molecular initiating events with 
relevant outcomes at the organism level. 
To sum up, our results shows that chronic toxicity assessments are more relevant in determining 
the long term effects of insecticides to non-target aquatic organisms and thus are much needed for a 
better ecological risk assessment of anthranilic diamides that can reach surface waters. 
Because differences in CAP binding sites of the ryanodine receptors have been observed for 
different species (Sattelle et al. 2008), aquatic insects might show great differences in their sensitivity 
to sub-lethal concentrations of CAP. Moreover, CAP is characterized as persistent in aquatic 
environments, with a half-live of 10-22 days at 20 °C in natural sediment water systems (EFSA 
2013). Deleterious effects of environmentally relevant concentrations CAP on invertebrate natural 
populations, ranging from growth reductions to mortality are thus plausible. Since CAP also adsorbs 
to organic matter in sediments, an additional route of exposure exists for detritivores and sediment-
dwelling organisms, which might increase its toxicity. It is therefore prudent to consider that even 
low levels of CAP and of other diamide insecticides can in fact pose an ecological risk to freshwater 
invertebrate communities and aquatic insects in particular, with potential ecological adverse effects. 
Conclusions 
The present study revealed that exposure to CAP impairs the development of the freshwater 
invertebrate C. riparius at environmental relevant concentrations. It was also observed that oxidative 
damage was avoided by a high consumption of total glutathione in C. riparius larvae that were 
sufficient to cope with an increased production of ROS and other reactive intermediates due to the 




inhibition of antioxidant defences (CAT) and conjugation processes (GST). At the same time, C. 
riparius larvae exposed to CAP showed increased cellular respiration, measured as ETS activity. 
Physiological biomarkers, such as the assessment of energetic reserves and energetic expenditure 
used in this study, seemed to be useful biomarkers for stress, showing that energetic cost and 
detoxification processes induced by short exposure to CAP preceded effects observed at higher levels 
of biological organization. Our results clearly demonstrate that effects of CAP in C. riparius are in 
accordance with muscular deregulation, an effect typically associated with exposure to anthranilic 
diamides, which in turn were translated into increased energy expenditure, reduced growth, and 
reduced development rate of midges. 
This study is a contribution to the growing knowledge of invertebrate’s biochemistry, allowing 
for a better interpretation of biochemical responses to insecticide exposure and to an improved 
evaluation of ecological risk of anthranilic diamide insecticides in freshwaters.  
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Behavioural responses of freshwater planarians after short-term 
exposure to the insecticide chlorantraniliprole 
Abstract 
Recent advances in video tracking technologies provide the tools for a sensitive and reproducible 
analysis of invertebrate activity under stressful conditions nurturing the field of behavioural 
ecotoxicology. This study aimed to evaluate behavioural responses of the freshwater planarian 
Dugesia subtentaculata exposed to a model compound, chlorantraniliprole (CAP). This compound 
is an anthranilic diamide insecticide and due to its neurotoxic action can, at low concentrations, 
impair behaviour of exposed organisms. Behavioural endpoints measured included feeding and 
locomotor activities. Feeding responses were based on predatory behaviour on Chironomus riparius 
larvae prey. Locomotion was measured by the traditional planarian locomotor velocity (pLMV) assay 
and additionally using an automated video tracking system using a Zebrabox ® (Viewpoint, France) 
device. While feeding and pLMV responses were impareired at 131.7 μg/L CAP, the video tracking 
system showed that total distance covered by planarians was significantly reduced at concentrations 
as low as 26.2 μg/L CAP. Our results show that more advanced automated video recording systems 
can be used in the development of sensitive bioassays allowing a reliable, time- and cost-effective 
quantification of behaviour in aquatic invertebrates. Due to their ecological relevance, behavioural 
responses should not be disregarded in risk assessment strategies and we advocate the suitability of 
planarians as suitable organisms for behavioural ecotoxicological studies.  
 
Key-words: Feeding activity, Locomotion, Automated video tracking system, Dugesia 
subtentaculata, Anthranilic diamides  
  






Behavioural patterns result from the integration of biochemical and physiological processes 
which in turn can be linked to alterations at upper levels of biological organization (Scott and Sloman 
2004; Alonso and Camargo 2011; Hellou 2011). Behaviour has been suggested as a sensitive measure 
of ecotoxicological effect as it responds earlier than other classical endpoints such as growth and 
reproduction (Pestana et al. 2007; Alonso and Camargo 2011). However, these later endpoints are 
the most often used in ecological risk assessment and regulatory actions since they can easily be 
objectively quantified. Behavioural endpoints tend to be overlooked in ecotoxicology because their 
determination is time-consuming and many times measuring behavioural endpoints imply a bias due 
to the observer’s subjectivity limiting their repeatability (Gerhardt 2007). Therefore, only a few 
behavioural protocols exist that can be applied to different model species in laboratory assays.  
Behavioural assays have been developed based on the activity of freshwater invertebrate species, 
such as feeding inhibition (Maltby et al. 2002; Pestana et al. 2007), avoidance behaviour (Lopes et 
al. 2004) and mobility patterns assessed using impedance techniques (Macedo-Sousa et al. 2007; 
Azevedo-Pereira and Soares 2010). Moreover, contaminant exposure in aquatic systems often occurs 
by short-term or pulse exposures (spray drift, surface runoff or drain flow) rather than continuously. 
Due to this phased exposure, evaluation of post- exposure effects of contaminants, reflecting the 
capacity of recovery of an organism, can be a more realistic evaluation of the effects at population 
and ecosystem levels (Reinert et al. 2002). Post- exposure feeding inhibition has been broadly used 
as a valuable endpoint to determine the effects due to metals and organic compounds in the 
cladoceran Daphnia magna (McWilliam and Baird 2002) or in the amphipod Gammarus pulex 
(Wilding and Maltby 2006). Post- exposure effects on locomotor activity has also been used as 
indicator of stress induced by phthalate esters in Gammarus pulex (Thurén and Woin 1991) and by 
ammonia in the planarian Polycelis felina (Alonso and Camargo 2015). These parameters showed to 
be robust, sensitive and reliable so they can be used as early warning indicators of stress (Hellou 
2011). 
This assessment is of critical importance since changes in behaviour caused by toxicants have the 
potential to alter ecological functions of individuals reducing their fitness and ultimately conditioning 
ecosystem function. Therefore, these should be used as an early warning signs of stress induced by 
environmental pollution (Gerhardt 2007; Hellou 2011).  
A promising tool for assessment of behaviour, the video tracking analysis, has been developed 
and used, mainly in terrestrial behaviour research and more recently with aquatic organisms (Talbot 
and Schötz 2011; Bossus et al. 2014; Augusiak and Van den Brink 2015). 





Given their amenability to laboratory culturing conditions, freshwater planarians are excellent 
candidate non-target organisms to study sub-lethal effects of contaminants using a wide array of 
endpoints (e.g. regeneration, locomotion, feeding, bioaccumulation, biochemical parameters, etc.). 
Since planarians are small sized predators, commonly found in many freshwater systems (2009), they 
can be also excellent model organisms to be used in community ecotoxicology for the assessment of 
trait and density mediated indirect effects of contamination. Therefore, planarians are ideal model 
organisms to assess direct and indirect effects of contaminants along trophic chains and thus hold 
great potential as bioindicators of ecological integrity of freshwaters. Also, freshwater planarians are 
useful model species on behavioural and biomedical studies as they are easily maintained in 
laboratory and display specific behavioural responses to psychoactive substances (Tallarida et al. 
2014; Pagán et al. 2015). Planarians are well characterized animal models in neurobiology research 
(Newmark and Alvarado 2002; Reddien and Alvarado 2004) and their nervous system shares features 
with vertebrates in terms of cell morphology and physiology (Buttarelli et al. 2000, 2008). 
The main objective of this study was to evaluate behavioural responses of the native freshwater 
planarian Dugesia subtentaculata induced by short-term exposure to chlorantraniliprole (CAP). CAP 
is an insecticide belonging to the newest anthranilic diamide class and it was selected as a model 
compound due to its known mode of action and consequent behavioural effects (Knight and Flexner 
2007; Hannig et al. 2009). This compound acts by activation of the ryanodine receptors causing a 
depletion of intracellular calcium stores, disrupting muscle contraction and feeding behaviour 
causing paralysis and leading to death (Cordova et al. 2006; Casida and Durkin 2013). A key feature 
of CAP is its low toxicity to mammalians as it has a great selectivity for ryanodine receptors of 
insects (Lahm et al. 2007; Sattelle et al. 2008). Furthermore, CAP is persistent in soils and natural 
sediments (USEPA 2008; EFSA 2013) and its harmful effects to non-target freshwater invertebrates 
have been reported at predicted environmentally relevant concentrations (EFSA 2013; Rodrigues et 
al. 2015).  
Effects of sub-lethal concentrations of CAP were thus evaluated using planarians’ locomotor 
activity assessed through the traditional locomotor velocity (pLMV) assay and by video tracking 









Material and Methods 
Test organisms 
Dugesia subtentaculata were collected in a non-polluted small stream, Ribeira de Boialvo (40º 
30’ 13.6’’N; 8º 20’ 33.7’’W), central Portugal. In the laboratory, animals were allowed to acclimate 
to laboratory conditions: they were gradually cultivated in ASTM hard water (ASTM 1980) medium, 
at 20 ± 1 ºC, in the dark, for at least one week prior to bioassays and were fed with Chironomus 
riparius larvae. Organisms showing no signs of injuries and active when exposed to light were used 
in the ecotoxicological assays. 
Chlorantraniliprole 
The insecticide chlorantraniliprole (analytical standard, CAS No. 500008-45-7) was purchased 
from Sigma-Aldrich (UK). Analytical grade acetone was used as solvent in stock solution, which 
was protected from light to avoid degradation of CAP. Experimental solutions were prepared by 
dilution of the stock solution in ASTM medium. A concentration of 0.0002 v/v % of acetone was 
used for solvent control treatments. 
Experimental design for the assessment of behavioural responses 
Dugesia subtentaculata (0.6 ± 0.1 cm, total length) were exposed for 96 h to a gradient of CAP 
concentrations: 7.7 ± 0.4; 26.2 ± 2.3 and 131.7 ± 5.1 μg/L (measured concentrations, mean ± SD) 
plus solvent control treatment. Exposure was performed with groups of 10 organisms with 5 
replicates per treatment, in crystallizing dishes containing 100 mL of experimental solution, at 20 ± 
1 ºC, in complete darkness and with no food added. After 96 h, individuals were randomly collected 
from each replicate and different behavioural endpoints were assessed, as described below. 
Feeding activity assay 
Post-exposure feeding activity was assessed using 12 planarians per treatment individually placed 
into crystallizing dishes with 20 mL of ASTM medium. Fifteen live C. riparius larvae (6 days old) 
were added as food in each replicate. Feeding rate was measured as the number of larvae ingested 
per planarian over a 24 h period. 






Locomotor velocity (pLMV) assay 
Fifteen planarians per treatment were individually placed in the center of a clear acrylic box (50.0 
cm x 50.0 cm) positioned over graph paper (grid lines spaced 0.5 cm apart) and with ASTM medium 
covering the bottom. Post-exposure locomotor velocity was thus measured as the number of grid 
lines that each planarian crossed or re-crossed per min, during 2 min of observation, after a 30 s 
adaptation period. 
Automated video tracking system 
After exposure, twenty planarians per treatment were allocated to 24-multiwell plates with 0.5 
mL ASTM medium in each well. Planarian locomotion was video tracked using a ZebraBoxTM 
apparatus and the ZebraLab ® v3 software (Viewpoint, France). Video tracking continuously 
monitored planarian behaviour over a 10-min period (+ 2 min of acclimation to light conditions – 
550 lux). Locomotion was determined by calculating the distance covered (cm) per min during a 10-
min observation period. A background correction of 20 was used to properly detect individuals. 
Chemical analysis  
Nominal CAP concentrations in experimental solutions used (sampled after 96 h of exposure) 
were verified by chemical analysis. Three water samples (100 mL per sample) per treatment were 
analyzed. All samples were frozen at −20 °C.  
Chemicals 
Liquid chromatography–mass spectrometry (LC-MS), grade methanol and acetonitrile (Li 
Chrosolv Hypergrade) were purchased from Merck (Darmstadt, Germany). Formic acid to acidify 
the mobile phases was acquired from Labicom (Olomouc, Czech Republic). Ultra-pure water was 
produced using an Aqua-MAX-Ultra System (Younglin, Kyounggi-do, Korea). All analytical 
standards were of high purity (mostly 98%). 2,4-Dichlorophenoxyacetic acid (2,4-D) was purchased 
from Cambridge isotope Laboratories Inc. (Androver, MA, USA) and was used as an internal 
standard because it has similar retention time as CAP (elution time is 9.5 min for CAP and 9.6 min 
for 2,4-D). CAP was purchased from Sigma Aldrich (UK).  
Stock solutions of CAP and 2,4-D were prepared in methanol at a concentration of 1 mg/mL for 
CAP and 100 µg/mL for 2,4-D, and stored at -20 °C. A spiking mixture was prepared for each 
compound by diluting stocks in methanol to a final concentration of 1 μg/mL and stored at -20 °C. 





Analysis of CAP in water samples 
For the liquid chromatography method (LC method) thawed water samples were filtered through 
a syringe filter (0.45 μm, regenerated cellulose, Labicom, Olomouc, Czech Republic), after which 5 
ng of internal standards were added to 1 mL of sample. Each sample was prepared and analyzed in 
duplicate.  
A triple stage quadrupole MS/MS TSQ Quantum Ultra mass spectrometer (Thermo Fisher 
Scientific, San Jose, CA, USA) coupled with Accela 1250 LC and an HTS XT-CTC autosampler 
(CTC Analytics AG, Zwingen, Switzerland) was used for water analysis.  
Hypersil Gold column (50 mm × 2.1 mm i.d, 3 µm particle size from Thermo Fisher Scientific, 
San Jose, CA, USA) was used as analytical column for chromatographic separation of target 
compounds. Heated electrospray ionization (HESI) was used in order to ionized targeted compounds. 
Method parameters are reported in Suppl. Table S1, Appendix I, detailed LC-MS/MS configuration 
and set up has been provided elsewhere (Grabic et al. 2012). 
Analytical procedure 
This method was validated in the range of tested concentrations and exhibited good linearity in 
the concentration range between 1 µg/L to 250 µg/L CAP; R2 = 0.989 and recovery of CAP was 116 
%.  
The limit of quantification (LOQ) for simultaneous analysis of the CAP was determined by 
measuring aqueous standard solution at concentrations ranging from 1 µg/L to 250 µg/L. LOQ was 
calculated as one quarter of the lowest calibration point in the calibration curve where relative 
standard deviation of average response factor was < 30 %. Peak area corresponding to this 
concentration was used to calculate LOQ for CAP in each sample. The calibration curve was 
measured during each day of analysis at the beginning and end of the sequence to check the 
instrument repeatability. Average limit of quantification was 0.37 µg/L. 
Matrix-matched standard response was used as factors for correcting the response derived from 
the calibration curve. Matrix matched standards were prepared from tested water by spiking with 
both IS and native compound at 5 µg/L and 50 µg/L, respectively. To determine the matrix affected 
response factor, the peak area/IS ratio determined in non-spiked samples was subtracted from the 
peak area/IS ratio in the matrix matched standard. 
 
 






The effects of CAP exposure on D. subtentaculata behavioural responses were assessed by one-
way analysis of variance (ANOVA) followed by multiple comparison Dunnett's post hoc test. The 
latter test allowed to test for significant differences of treatments from solvent control. Data normality 
was assessed using residual probability plots and D'Agostino & Pearson omnibus normality test 
while homoscedasticity was verified by Brown–Forsythe test. All calculations were carried out with 
the statistical software GraphPad Prism version 6.00 for Windows (GraphPad Software, La Jolla, 
California, USA), with the significance level set at 0.05.  
Results 
Feeding activity 
Feeding activity of D. subtentaculata was significantly (p < 0.05) decreased by CAP exposure 
(F3, 44 = 6.388, Fig. 1). Over a period of 24 h, planarians ate 33 % less chironomids in the 131.7 μg/L 
CAP treatment, when compared to solvent control treatment. 
 
Fig. 1 Feeding activity of D. subtentaculata, as number of chironomids larvae consumed per 24 h, after short-
term exposure (96 h) to sub-lethal CAP concentrations. All data are presented as mean ± SEM, n = 12. * denotes 
a significant difference compared to the solvent control treatment, SCTR (Dunnett's test, p < 0.05). 
 
 






Locomotor velocity (pLMV) of D. subtentaculata, measured as crossings per min, was 
significantly (p < 0.05) reduced after 96 h CAP exposure (F3, 56 = 5.246, Fig. 2), with a decreased of 
27 % in the 131.7 μg/L CAP concentration, when compared to solvent control treatment. 
The distance covered by D. subtentaculata, measured using the automated video tracking system, 
was significantly (p < 0.05) decreased after CAP exposure (F3, 20 = 5.918, Fig. 3) by 11 and 12 % 
after exposure to 26.2 and 131.7 μg/L CAP, respectively, when compared to solvent control 
treatment. 
 
Fig. 2 Locomotor velocity, pLMV, as number of gridlines crossed per min, of D. subtentaculata, after short-
term exposure (96 h) to sub-lethal CAP concentrations. All data are presented as mean ± SEM, n = 15. * denotes 
a significant difference compared to the solvent control treatment, SCTR (Dunnett's test, p < 0.05). 
 
Fig. 3 Distance covered (cm/min) of D. subtentaculata, using the automated video tracking system, after short-
term exposure (96 h) to sub-lethal CAP concentrations. All data are presented as mean ± SEM, n = 20. * denotes 
a significant difference compared to the solvent control treatment, SCTR (Dunnett's test, p < 0.05) 
 






Our study highlights the suitability and sensitivity of behavioural endpoints in characterization of 
neurotoxic effects induced by insecticide exposure on freshwater planarians. Additionally, we also 
identified the advantages of introducing automated video tracking systems to increase the sensitivity 
and reproducibility of behavioural endpoints.  
The behavioural effects observed in D. subtentaculata after CAP exposure are most likely due to 
its neurotoxic action since anthranilic diamides such as CAP activate the ryanodine receptors (Lahm 
et al. 2007). Planarians ryanodine receptors are intracellular calcium channels known as responsible 
for mediating intracellular calcium release and the contraction of muscle fiber (Day et al. 2000; 
Cobbett and Day 2003). Some studies have already reported effects of CAP on feeding (Hannig et 
al. 2009; Martinou et al. 2014) and mating behaviour (Knight and Flexner 2007) of some terrestrial 
insects. 
One of the behavioural tests proposed was a simple feeding test based on the predatory behaviour 
of planarians. Understanding the effects on feeding activity of planarians is a valuable information 
for environmental monitoring due to their key role in freshwater ecosystems (2009), but also as 
potential biological control agents of mosquito aquatic larvae, vectors of human diseases (Tranchida 
et al. 2009, 2014). Our results indicate that this test is also a valuable tool in detecting sub-lethal 
effects at the behavioural level with results similar to those reported in the traditional locomotor 
velocity assay. Both assays presented a lowest observed effect concentration (LOEC) of 131.7 μg/L 
CAP, corresponding to a decrease of about 30 % of activity in both feeding and locomotion of 
exposed D. subtentaculata. 
Locomotion of planarians, traditionally measured by the locomotor velocity (pLMV) assay, is a 
simple but quantitative manner of behaviour evaluation, showing sensitivity to contaminant exposure 
(Raffa et al. 2001; Raffa and Martley 2005; Pagán et al. 2006; Alonso and Camargo 2015). 
Nevertheless, the traditional method holds a considerate uncertainty and high variability due to an 
observer-induced bias (different times of observation, different ways of counting the line crosses or 
re-crosses, boxes of different sizes, light conditions, etc.). Moreover, this pLMV assay is time-
consuming with measurements of individual locomotor activity taking up to several hours depending 
on the number of replicates and experimental treatments. As a new and improved method to measure 
mobility, we also used an automated video tracking system, based on video image analysis, which 
improved the sensitivity and reliability of mobility assessments in planarians. Video tracking 
planarians activity allowed the detection of CAP effects at lower concentrations than any other 
method used in this study, with observed effects on D. subtentaculata locomotion, measured as 





distance covered, at concentrations as low as 26.2 μg/L CAP. Another clear advantage of this method 
is a more accurate quantification of mobility as planarians can perform different types of movements 
in response to stress (Raffa and Desai 2005; Talbot and Schötz 2011), which are not accounted for 
in the traditional pLMV method as only forwards movements are considered, ignoring the flips and 
small turns that planarians frequently perform. In fact, the difference in the patterns of response 
between methods is more likely to be due to different types of mobility quantification than to be a 
result of different observational periods. Small distance and erratic movements of planarians are 
more frequent under stressful conditions (Raffa and Desai 2005; Tallarida et al. 2014; Vouga et al. 
2015) and are probably underestimated in the pLMV assay leading to a lower number of grid lines 
crossed in the highest concentration and thus to the linear response observed in comparison with 
covered distance measured through video tracking. Therefore, evaluation of locomotion through this 
image analysis software holds higher precision taking into account these small differences in 
planarian movements, which may reflect induced stress by neurotoxic contaminants on muscle 
contraction (Buttarelli et al. 2008; Wu et al. 2014). However, the greatest benefit of this system relies 
on the simultaneous recording of the distance covered by several organisms and for a longer period. 
This is undoubtedly an advantage in comparison with the traditional pLMV assay, excluding possible 
confounding variables such as temperature variations, acclimation during experimental setup, 
differences in the exposure/post-exposure periods or simply different phases of the circadian cycle.  
The lowest LOEC obtained in our study for locomotion of D. subtentaculata, 26.2 μg/L CAP, is 
within the range of predicted environmental concentrations of CAP for surface waters (3 – 28 μg/L) 
(PMRA 2008; EFSA 2013). However, we should consider that these behavioural responses were 
observed after only 96 hours of exposure, and thus ecological effects of CAP and other anthranilic 
diamides in natural systems are to be expected if non-target invertebrates are exposed for longer 
periods. Despite the lack of information about behavioural toxicity induced by CAP exposure in other 
freshwater invertebrates, D. subtentaculata showed to be more tolerant to aqueous CAP exposure 
than the cladoceran Daphnia magna, with effects on mobility at 3.7 μg/L CAP (Lavtizar et al. 2015) 
or the insect Chironomus riparius (LOEC for growth of 3.1 μg/L CAP) (Rodrigues et al. 2015). 
Although few studies have used planarians as models in ecotoxicology, these organisms showed to 
be suitable and sensitive for the assessment of behavioural alterations. For instance, behavioural 
alterations at environmentally relevant concentrations were observed in Dugesia dorotocephala due 
to organophosphorus pesticide exposure (Villar et al. 1993), as well as to Polycelis felina exposed to 
an herbicide (Horvat et al. 2005). Moreover, these bioassays have the advantages of being fast and 
low cost tools for evaluation of toxicological effects of contaminants.  






Our results showed that short exposures to CAP elicited feeding inhibition and reduced locomotor 
activity in freshwater planarians, highlighting the validity of behavioural parameters as 
complementary tools in the assessment of sub-lethal effects of neurotoxic pesticides. 
This work lends support to the utilization of freshwater planarian species such as D. 
subtentaculata in laboratory behavioural ecotoxicology assays. Moreover, automated video tracking 
of aquatic invertebrates’ activity is a sensitive, reproducible, fast and non-invasive method, which 
allows a time- and cost-effective quantification of the behavioural alterations induced by 
contamination. As such, these methods pave the way for the inclusion of robust and standardized 
behavioural assays in monitoring programs and ecological risk assessment. These endpoints are 
easily quantified, sensitive, robust, and ecologically relevant. The automated video tracking of 
planarians mobility is a sensitive, fast and non-invasive method, which allows a time- and cost-
effective quantification and automation of the behavioural alterations due to induced stress by 
pesticides. Therefore, it is strongly recommended the inclusion of behaviour responses in monitoring 
programs and ecological risk assessment. 
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Combined effects of insecticide exposure and predation risk on 
freshwater detritivores 
Abstract 
Insecticides usually present in low concentrations in streams are known to impair behaviour and 
development of non-target freshwater invertebrates. Moreover, there is growing awareness that the 
presence of natural stressors, such as predation risk may magnify the negative effects of pesticides. 
This is because perception of predation risk can by itself lead to changes on behaviour and physiology 
of prey species. To evaluate the potential combined effects of both stressors on freshwater 
detritivores we studied the behavioural and developmental responses of Chironomus riparius to 
chlorantraniliprole (CAP) exposure under predation risk. Also, we tested whether the presence of a 
shredder species would alter collector responses under stress. Trials were conducted using a 
simplified trophic chain: Alnus glutinosa leaves as food resource, the shredder Sericostoma vittatum 
and the collector C. riparius. CAP toxicity was thus tested under two conditions, presence/absence 
of the dragonfly predator Cordulegaster boltonii. CAP exposure decreased leaf decomposition. 
Despite the lack of significance for interactive effects, predation risk marginally modified shredder 
effect on leaf decomposition, decreasing this ecosystem process. Shredders presence increased leaf 
decomposition, but impaired chironomids performance, suggesting interspecific competition rather 
than facilitation. C. riparius growth rate was decreased independently by CAP exposure, presence 
of predator and shredder species. A marginally interaction between CAP and predation risk was 
observed to chironomids development. To better understand the effects of chemical pollution to 
natural freshwater populations, natural stressors and species interactions must be taken into 
consideration, since both vertical and horizontal species interactions play their role on response to 
stress. 
 
Key-words: detritivore invertebrates, chlorantraniliprole, predation risk, leaf decomposition 
  





Modern agriculture largely increased the use of chemical pesticides consequently impacting 
adjacent freshwaters worldwide (Millennium Ecosystem Assessment 2005; Schäfer et al. 2007). 
Among agricultural pesticides, insecticides have been frequently detected above regulatory 
thresholds and due to their biologically active substances, they are a real threat for the ecological 
integrity of aquatic ecosystems (Stehle and Schulz 2015). Indeed, exposures to sub-lethal 
concentrations of insecticides pose at risk non-target arthropods due to effects on physiology and 
behaviour (Relyea and Hoverman 2006; Maltby and Hills 2008). 
Under natural conditions other environmental stressors may influence the overall fitness of an 
organism and therefore alter its susceptibility to toxicants (Holmstrup et al. 2010). Traditionally, 
most studies have been focused on chemical mixtures or interactions of abiotic stressors such as 
temperature or salinity (Noyes et al. 2009). However, biotic factors like predation risk (Campero et 
al. 2007), competition (Knillmann et al. 2012) and parasitism (Coors and De Meester 2008) also can 
interact and mediate effects of insecticides in natural ecosystems. Among biotic stressors, predation 
plays a key role in the prey fitness (Bolnick and Preisser 2005), regulating population dynamics and 
influencing the structure of natural communities (Peckarsky et al. 2008). Besides mortality, non-
consumptive effects of predation may elicit prey trait changes through alteration in the preys’ 
behaviour, such as reduced foraging time and rates that have been linked to impairment of 
development and reproductive success (Peckarsky et al. 2008; Preisser and Bolnick 2008). Recent 
studies have also shown that the effects of pesticides may be magnified by predation stress (Pestana 
et al. 2009; Trekels et al. 2012; Janssens and Stoks 2013).  
Predator-prey interactions occur within a community, thus changes on species interactions and 
the dynamics of resources usage might indirectly affect ecosystem functions (Gessner et al. 2010; 
Matassa and Trussell 2015). For instance, in detritus-based systems like low order streams that highly 
depend on leaf litter inputs from riparian vegetation, trophic cascades may influence nutrient cycling 
through effects on leaf decomposition (Gessner et al. 2010; Tank et al. 2010). Among detritivores, 
shredders transform the coarse particulate organic matter (CPOM) into fine particulate organic matter 
(FPOM) that can be used by other organisms such as collectors (Graça et al. 2001; Tanaka et al. 
2006). Due to this feeding activity of shredders it is commonly assumed that collectors’ performance 
is enhanced as there is more FPOM available (Heard and Richardson 1995). Nevertheless, some 
studies showed that this shredder-collector facilitation hypothesis depends more on other factors than 
the rates of organic matter processing, with competition been observed due to changes on species 
densities or leaf litter quality (Usio et al. 2001; Jonsson and Malmqvist 2003; Campos et al. 2014).  
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For all the previous reasons, there is a growing concern in understanding how the combined 
effects of the contaminants and biotic stressors may affect prey populations, food webs dynamics 
and ecosystem functions (Relyea and Hoverman 2006; Van Praet et al. 2014). The present study is a 
contribution to such challenging questions by focusing on behavioural and developmental endpoints 
of freshwater detritivores under insecticide stress, examining vertical (predation) and horizontal 
(facilitation) interactions. Chlorantraniliprole (CAP) was used as a model compound. CAP is an 
insecticide which acts on ryanodine receptors of insects disrupting calcium homeostasis and leading 
to muscular dysfunction and paralysis (Lahm et al. 2007). Anthranilic diamide insecticides readily 
conquered the market, due to their high levels of efficacy against target species, no signs of 
phytotoxicity and high levels of mammalian safety (Jeanguenat 2013). Nevertheless, sub-lethal 
effects on freshwater invertebrates have been reported at environmentally relevant concentrations 
(Lavtižar et al. 2015; Rodrigues et al. 2015, 2016). 
Laboratory trials were conducted using a simplified trophic chain: Alnus glutinosa leaves as food 
resource, larvae of a caddisfly shredder Sericostoma vittatum, larvae of the collector midge 
Chironomus riparius and larvae of the dragonfly Cordulegaster boltonii was used as predator. We 
evaluated the sub-lethal responses of C. riparius larvae measuring feeding behaviour and growth 
rate, under exposure to CAP, predation risk and the combination of both. We have also assessed 
whether the presence of the shredder caddisfly and associated FPOM production will alter the 
responses of C. riparius to the same stressors. We hypothesized that: (1) both CAP and predation-
induced stress will impair the activity of shredders and collectors, decreasing leaf decomposition and 
C. riparius growth (2) presence of shredder will favor collectors’ growth, as there is more FPOM 
available; (3) effects of CAP will be magnified when combined with predation risk. 
Methods 
Leaf conditioning 
Alnus glutinosa leaves is one of the most nutritious and easily degraded food item for many stream 
macroinvertebrates (Carvalho and Graça 2007). A. glutinosa leaves were collected soon after 
senescence, air dried and stored in the dark until further use. Leaves were soaked in distilled water 
and 10 mm diameter discs were cut using a cork borer. Leaf discs were placed in 2 L Erlenmeyer 
flasks with aeration and water from the Mau river, a good ecological quality river in central Portugal 
(Vidal et al. 2014), to ensure microbial conditioning (Campos et al. 2014). After 7 days, leaf discs 
were dried (at 50 ºC for 4 days), weighted, and rehydrated in distilled water for other seven days, 
prior to the beginning of the trial.  





The selected invertebrate species are abundant and frequently co-habit in small order Iberian 
streams, plus they are easy to maintain and culture under laboratory conditions, being their 
organismal responses to stress well characterized (Péry et al. 2002; Bo et al. 2011; Campos et al. 
2014; Rodrigues et al. 2016). Sericostoma vittatum is considered a very efficient shredder (Feio and 
Graça 2000) and C. riparius is a widely used model species in ecotoxicology and is described as 
collector-gatherer, as they feed preferentially on FPOM deposited on the sediment (Péry et al. 2002). 
Lastly, the odonate Cordulegaster boltonii is an opportunistic ambush predator, considered a top 
predator in small order lotic systems (Bo et al. 2011). 
Sericostoma vittatum and Cordulegaster boltonii larvae were collected from Mau river, central 
Portugal, using a hand net. Organisms were acclimated in the laboratory for at least one week, in 
ASTM hard water medium (ASTM 1980) at 15 ± 1 ºC, with a photoperiod of 16 h light: 8 h dark. 
Caddisflies were fed ad libitum with alder leaves and dragonflies were fed with live chironomids and 
caddisflies larvae. 
Chironomus riparius egg masses were obtained from a well-established culture at the Department 
of Biology, University of Aveiro, Portugal. Cultures were maintained in ASTM hard water medium, 
a layer of inorganic fine sediment (< 1mm), at 20 ± 1 ºC, with a 16 h light: 8 h dark photoperiod and 
fed with a suspension of ground commercial fish flakes (Tetramin®). 
Experimental design 
The experimental procedure was conducted at 15 ± 1 ºC, 16 h light: 8 h dark photoperiod, in 
plastic buckets containing 500 mL of ASTM hard water medium, 1.5 cm layer of inorganic fine 
sediment (< 1 mm, previously burnt at 500 ºC for 4 hours), 10 alder leaf discs as food source and 10 
C. riparius larvae. A three-factorial design was used testing the effects of the insecticide (CAP, 0 or 
2 µg/L), presence/absence of predators (1 individual of C. boltonii) and shredders (1 individual of S. 
vittatum) on leaf mass loss and C. riparius growth. Each treatment was replicated 7 times (Fig 1A). 
Predators were allocated in the center of the plastic buckets, inside a cylindrical cage with 250 µm 
nets in the ends, allowing the water to flow through the mesh and release the chemical cues (Fig. 
1B). Predators were fed every second day with 1 S. vittatum and 10 C. riparius larvae allowing also 
the release of alarm clues from conspecifics. Cages with no predators were distributed on treatments 
without predator present. Every second day cages were lifted out and re-submerged to replace 
exposure media.  




Fig. 1 Schematic representation of the test vessels (A) and predator cages (B). 
Endpoints assessment 
After 10 days of trial, leaf discs were removed, dried (at 50 ºC for 4 days) and weighed. Leaf mass 
loss was calculated as the difference between the initial and final leaf discs dry mass (mg). Three 
control replicates per treatment with leaf discs but no organisms were used to correct for leaf disc 
weight alterations due to other factors than detritivore feeding. C. riparius larvae were collected from 
each replicate and preserved in 70 % ethanol. Chironomids larvae body length was then measured 
using a stereomicroscope. A group of 1st instar larvae was kept at the beginning of the trial to 
determine the initial size of larvae. Growth rate (mm/day) was calculated as the length of the 
individual larvae at the end of the exposure minus the average length of the initial size divided by 
the exposure period (10 days). 
Test compound and chemical analysis 
One CAP concentration of 2 µg/L was used representing an environmentally relevant 
concentration in freshwaters (CDPR 2016) inducing sub-lethal effects to most freshwater 
invertebrates (EFSA 2013; Rodrigues et al. 2015, 2016), but not to the selected predator (personal 
observation: C. boltonii 96 h LC50 > 640 µg/L CAP).  
CAP (analytical standard, CAS No. 500008-45-7, Sigma-Aldrich, UK) stock solution was 
prepared in analytical grade acetone and protected from light to avoid CAP degradation. 
Experimental solutions were prepared with acetone as carrier which was kept below 0.01 % in all 
treatments. Water samples were taken at 10 days, and kept at – 20 ºC until further analysis. 




Liquid chromatography–mass spectrometry (LC-MS), grade methanol and acetonitrile (Li 
Chrosolv Hypergrade) were purchased from Merck (Darmstadt, Germany). Formic acid to acidify 
the mobile phases was acquired from Labicom (Olomouc, Czech Republic). Ultra pure water was 
produced using an Aqua-MAX-Ultra System (Younglin, Kyounggi-do, Korea). All analytical 
standards were of high purity (mostly 98%). Metolachlor (13C6) was purchased from Cambridge 
isotope Laboratories and was used as internal standard. Stock solutions of CAP and Metolachlor 
(13C6) were prepared in methanol at a concentration of 1 mg/mL for CAP and 100 µg/mL for 
Metolachlor (13C6), and stored at -20°C. A spiking mixture was prepared for each compound by 
diluting stocks in methanol to a final concentration of 1 μg/mL and stored at -20°C. 
For the liquid chromatography method thawed water samples were filtered through a syringe filter 
(0.45 µm, regenerated cellulose, Labicom, Olomouc, Czech Republic), after that 10 ng of 
metolachlor (13C6) (internal standard) was added to 1 ml of each sample. 
TSQ Quantiva triple-stage quadrupole mass spectrometer (Thermo Fisher Scientific, San Jose, 
CA, USA) coupled with Accela 1250 LC and an HTS XT-CTC autosampler (CTC Analytics AG, 
Zwingen, Switzerland) was used for water analysis. Hypersil Gold column (50 mm × 2.1 mm i.d, 3 
µm particle size from Thermo Fisher Scientific, San Jose, CA, USA) was used as analytical column 
for chromatographic separation of target compounds. Heated electrospray ionization (HESI) was 
used to ionized targeted compounds.  
This method was validated in the range of tested concentrations and exhibited good linearity in 
the concentration range between 0.5 µg/L to 50 µg/L CAP; R2= 0.989 and recovery of CAP was 110 
%. The limit of quantification (LOQ) for simultaneous analysis of the CAP was determined by 
measuring aqueous standard solution at concentrations ranging from 0.5 µg/L to 50 µg/L. LOQ was 
calculated as one quarter of the lowest calibration point in the calibration curve where relative 
standard deviation of average response factor was < 30%. Peak area corresponding to this 
concentration was used to calculate LOQ for CAP in each sample. The calibration curve was 
measured during each day of analysis at the beginning and end of the sequence to check the 
instrument repeatability. Average LOQ was 0.58 µg/L. Matrix-matched standard response was used 
as factors for correcting the response derived from the calibration curve. Matrix matched standards 
were prepared from tested water by spiking with both internal standard and native compound at 10 
µg/L and 50 µg/L, respectively. To determine the matrix affected response factor, the peak 
area/internal standard ratio determined in non-spiked samples was subtracted from the peak 
area/internal standard ratio in the matrix matched standard.  
 




Leaf mass loss and C. riparius growth rate data were analysed through three-way analysis of 
variance (ANOVA), with CAP exposure, presence/absence of predators and of shredders as fixed 
factors. Prior to analysis, normality was checked using residual plots plus Shapiro-Wilk normality 
test and homogeneity of variances was checked using Brown–Forsythe test. Leaf mass loss data was 
ln transformed to meet homogeneity of variances. The significance level was set as 0.05 for all 
calculations and were performed using SigmaPlot 11.0 (Systat Software, Inc., San Jose California 
USA). Graphs were done with GraphPad Prism version 6.0 for Windows (GraphPad Software, La 
Jolla California, USA). 
Results 
CAP concentrations in water 
At the end of the 10-day trial, CAP concentration values on the aqueous phase were 1.95 ± 0.07 
µg/L CAP (absence of predator) and 1.87 ± 0.21 µg/L CAP (presence of predator), which means that 
were quite stable and close to nominal levels. 
Effects of CAP exposure, predation risk and shredder presence on leaf decomposition 
In treatments where shredders were present leaf decomposition was significantly enhanced (Table 
1, Fig. 2c) with a mean value of 42.71 ± 1.88 mg against 12.13 ± 0.86 mg (mean ± SE) on treatments 
with chironomids only, on respective control treatments. Despite that, CAP significantly reduced leaf 
mass loss in all treatments (Table 1, Fig. 2a,c). The presence of predators and their interaction with 
shredders marginally (0.05 < p < 0.1) contributed to decreases on leaf decomposition (Table 1). 
Effects of CAP exposure, predation risk and shredder presence on C. riparius larval growth 
Chironomids growth rate was significantly reduced by CAP exposure, predator and shredder 
presence independently (Table 1, Fig. 2b,d). The joint effects of CAP exposure and predation risk 
marginally contribute to the reduced growth of chironomids. Despite no significant interaction 
between all three factors, the smallest chironomids growth rates (minus 35 %) were observed on 
treatments were CAP exposure, predation risk and shredder presence were combined (Table 1, Fig. 
2d).  




Table 1 Three-way ANOVA results testing for effects of chlorantraniliprole (CAP) exposure, predator presence 
(P) and shredders presence (S) on Alder leaf mass loss and C. riparius growth rate. 
  Alder leaf mass loss C. riparius growth rate 
Factor d.f. F p R2 F p R2 
CAP (C) 1, 52 16.832 < 0.001 0.040 31.083 < 0.001 0.345 
Predator (P) 1, 52 3.134 0.083 0.007 4.546 0.038 0.051 
Shredder (S) 1, 52 306.629 < 0.001 0.803 4.897 0.032 0.054 
C x P 1, 52 0.680 0.414 0.002 3.612 0.064 0.040 
C x S 1, 52 1.812 0.185 0.004 0.009 0.924 0.000 
S x P 1, 52 3.948 0.053 0.012 0.439 0.511 0.005 
C x S x P 1, 52 0.144 0.706 0.001 0.162 0.689 0.002 
 
Fig. 2 Leaf mass loss (mg; mean ± SE) and C. riparius larvae growth rate (mm/day; mean SE), after 10 days 
exposure, in the absence (a,b) and presence (c,d) of shredders, respectively.  
 




Sub-lethal effects of pesticides and predation risk are known to be important factors impacting 
individuals’ development and behaviour on freshwater systems. Thus, studying their interactive 
effects along freshwater food webs and their related functions is of special relevance for an accurate 
evaluation of chemical toxicity to natural communities.  
Reported results showed that exposure to sub-lethal and environmentally relevant CAP 
concentrations impaired the growth of C. riparius larvae and leaf processing of S. vittatum, which 
means that detritivores behaviour and ecosystem processes such as leaf litter decomposition can be 
negatively affected. The suggested decline in both detritivore species feeding activity is in 
accordance with the mode of action of CAP, which disrupts calcium homeostasis and consequently 
impairs muscular function, being one of the fastest compounds triggering feeding cessation (Hannig 
et al. 2009; Lahm et al. 2009). Similarly, feeding inhibition of S. vittatum under CAP exposure have 
been reported at 0.9 µg/L (20 ºC) (Rodrigues et al. 2016). Increased metabolic costs and reduction 
of C. riparius development rates had been observed under exposure to 0.6 and 3 µg/L CAP (20 ºC) 
(Rodrigues et al. 2015).  
Leaf decomposition was highly increased by the presence of an efficient shredder such as S. 
vittatum (Feio and Graça 2000), and slightly decreased by the joint effect of predation risk. On the 
other hand, C. riparius seemed to adopt a low risk behaviour in the presence of C. boltonii, translated 
into less 25 % of leaf decomposition. These differences are not surprising since previous studies have 
reported a lack of response (or less response) to predation pressure for cased caddisflies (Pestana et 
al. 2009; Lagrue et al. 2015), as well as stronger responses of chironomids under the presence of top 
odonatan predators (Starzomski et al. 2010). This is because the trait-mediated responses vary 
according to prey species vulnerability to a specific predator and the antipredator strategies (Schmitz 
et al. 2004; Lagrue et al. 2015). In our study, C. boltonii presence probably diminished chironomids 
food foraging leading to lower leaf decomposition. Similar trophic cascade effects have been 
observed on detritus processing chains due to predatory stress with odonates (Jabiol et al. 2014) and 
fish (Greig and McIntosh 2006; Ocasio-Torres et al. 2015) as top predators.  
As previously mentioned and as expected, the presence of a shredder species enhanced the 
decomposition of leaf litter (Hieber and Gessner 2002), however this was not translated into an 
increased development of the collector C. riparius. Indeed, our results and previous studies suggested 
competition rather than facilitation between these species occur when nutritive food such as alder 
leaves is available (Campos et al. 2014; Bordalo et al – unpublished data). This change from a 
positive to a negative horizontal interaction may occur because chironomids, which are typically 




classified as collector-gatherers, are in fact opportunistic, and can feed directly on leaf litter (Callisto 
et al. 2007; Biasi et al. 2013). Nonetheless, competition for food may limits organisms energy to deal 
with pesticide-induced stress, increasing susceptibility of exposed organisms to pesticides 
(Knillmann et al. 2012).  
Indeed, deleterious effects of CAP exposure, shredder competition for food and predation risk on 
C. riparius larvae growth were observed. Different patterns of combined effects of neurotoxic 
insecticides and predation risk have been reported and are probably due to differences on tested levels 
of both pesticides and predation risk (Campero et al. 2007; Pestana et al. 2009). The lack of 
significant interactive effects observed in our study may therefore be due to the low levels of both 
stressors tested.  
Regarding the combined effects on larval development, antipredator behaviour of chironomids 
larvae seemed to be compromised by CAP exposure in particular when shredders were present. 
Previous studies combining neurotoxic insecticide exposure with predation risk have suggested that 
such neurotoxic compounds may disrupt chemical recognition of predators by chironomids (Pestana 
et al. 2009), which under natural conditions will potentially increase exposure to predation and 
decrease survival of organisms. These outcomes agree with combined effects of pesticides and 
predation stress previously observed for sub-lethal endpoints of C. riparius (Pestana et al. 2009; Van 
Praet et al. 2014) and other freshwater invertebrates such as the cladoceran Daphnia magna (Coors 
and De Meester 2008) or the odonate Enallagma cyathigerum (Janssens and Stoks 2013). Life history 
and behaviour are sub-lethal ecologically relevant endpoints since they integrate both inter and 
intraspecific interactions of organisms with their environment (Gerhardt 2007; Amiard-Triquet 
2009). As it is known, organisms need to allocate some of the assimilated energy to repair and/or 
maintain their energy homeostasis under anthropogenic and/or natural stress conditions, leading to 
less energy available for growth and reproduction (Janssens and Stoks 2013; Van Dievel et al. 2015). 
Therefore, multiple stressors that affect life history and behaviour will ultimately impair natural 
populations (Amiard-Triquet 2009; Van Praet et al. 2014).  
To conclude, findings in the present study also support that simultaneous exposure to chemical 
and biotic stressors have the potential to impact trophic structure of detritus-based communities. 
Therefore, more studies encompassing vertical and horizontal species interactions will contribute 
towards a better comprehension of the toxicity of pesticides under natural stress conditions and, 
ultimately, contribute to an increment of relevant environmental quality standards (EQS) for novel 
class of insecticides. As the extent of the combined effects of chemical contamination and predation 
risk are species-dependent and may thus fluctuate with community composition (Dangles and 
Malmqvist 2004), studies encompassing changes on species identity (such as native vs invasive 
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species) and addressing effects on invertebrate communities and ecosystems functioning will add 
valuable information of the possible outcomes of multiple stressors interactions in freshwaters 
systems. 
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Combined effects of predation risk and food quality on freshwater 
detritivore insects 
Abstract 
Because both predation risk and resource quality have a pivotal role in ecological communities, 
their combined effects were assessed in stream detritivores. Bioassays were conducted using a 
simplified trophic chain, coupling effects of predation risk and basal resources with different 
nutritious qualities, namely, a predator planarian Dugesia subtentaculata, a caddisfly shredder 
Sericostoma vittatum, a dipteran collector Chironomus riparius, native alder Alnus glutinosa and 
invasive eucalypt Eucalyptus globulus. We investigated whether individual performance of C. 
riparius larvae is affected under predation risk and whether the response can be mediated by resource 
quality. We also assessed whether shredder-collector interactions are altered under these conditions. 
Predation risk and food quality influenced leaf decomposition and C. riparius growth independently. 
Chironomus riparius fed preferentially on alder, resulting in increased growth rate. Litter processing 
decreased under planarian presence, in both leaf types, impairing the growth of C. riparius larvae, 
this effect being exacerbated with Eucalyptus. Chironomus riparius growth was also reduced in the 
presence of the caddisfly, suggesting competition between these species, irrespective of planarian 
presence, but dependent on leaf type. The present study highlighted the importance of assessing 
predator influence along detritus-based processing chains, because predation risk may result in sub-
lethal costs, with potential cascading effects. 
 
Key words: leaf decomposition, predator cues, resource quality, shredder-collector interactions, 
stream ecosystems   





Predation is a natural stressor that plays a key role in the regulation of prey population dynamics, 
thereby influencing the structure of ecological communities (Peckarsky et al. 2008; Matassa and 
Trussell 2015). Predators have an effect not only by direct consumption and the decrease of prey 
densities, but they may also elicit trait-mediated effects, simply by the threat of their presence, 
inducing changes in prey behaviour, growth and development (Schmitz et al. 2004; Preisser and 
Bolnick 2008; Preisser et al. 2009). In aquatic ecosystems, prey may recognize chemical, visual, 
auditory and mechanical cues emitted from their predators and injured conspecifics, and respond 
accordingly by exhibiting a variety of defensive strategies, resulting in decreased activity, drifting or 
hiding, to avoid capture (Beketov and Liess 2007; Ferrari et al. 2010; Roberts 2017). This 
antipredator behaviour often has associated costs, because the time and energy spent for other crucial 
activities such as foraging is diminished, resulting in reduced energy intake, altering the 
developmental rate and reproductive success of the prey, with potential consequences to population 
dynamics and, ultimately, to the structure and functioning of stream communities (Trussel et al. 
2006; Preisser and Bolnick 2008; Preisser et al. 2009). Predation may also influence prey population 
dynamics by modifying the interactions of the prey with other species (Preisser and Bolnick 2008; 
Mowles et al. 2011). Predators may generate trophic cascades as they may indirectly affect basal 
resource dynamics through effects on consumers (Greig and McIntosh 2006; Peckarsky et al. 2008; 
Hammill et al. 2015).  
In low-order streams with established riparian vegetation, trophic cascades may influence trophic 
dynamics and nutrient cycling through effects on leaf litter decomposition (Gessner et al. 2010; Majdi 
et al. 2014), a key ecosystem process, strongly dependent on the activity of microorganisms and 
shredding invertebrates (Wallace et al. 1997).  
Leaf litter breakdown is largely mediated by microbial decomposers, which are able to degrade 
the recalcitrant compounds, enriching litter palatability to shredders (Gessner et al. 1999; Graça 
2001). Subsequently, invertebrate shredders feeding directly on the conditioned leaves transform the 
coarse particulate matter (CPOM) into fine particulate organic matter (FPOM), releasing nutrients 
that can be further used by other organisms, for instance collectors (Vannote et al. 1980; Graça 2001; 
Biasi et al. 2013). Leaf litter found in the stream bed often contains a variety of plant species with 
distinct structural and chemical traits, offering different palatability and resource quality to 
consumers (Moretti et al. 2007; Gessner et al. 2010; König et al. 2014). As such, some types of litter 
are more attractive to micro- and macro-decomposers than are others, being more easily broken down 
(Graça 2001; Biasi et al. 2013; König et al. 2014). Aquatic communities inhabiting areas drained by 
small streams, which strongly rely on the litter provided by the riparian vegetation, are thus 
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potentially vulnerable to factors influencing leaf litter inputs (Abelho and Graça 1996). Changes in 
the forest composition greatly affect the nature of the detritus and the subsequent colonisation of 
microorganisms and macrobenthic detritivores (Abelho and Graça 1996; Graça et al. 2002; König et 
al. 2014), potentially altering stream ecosystem functioning and benthic assemblages (Boyero et al. 
2012; Biasi et al. 2013).  
A eucalypt (Eucalyptus globulus Labill.) was introduced in the Iberian Peninsula because of its 
commercial value and nowadays occupies vast areas previously covered by deciduous native forests, 
with consequences to the quality, magnitude and timing of leaf litter entering the streams (Abelho 
and Graça 1996; Molinero and Pozo 2004; Larrañaga et al. 2009). Eucalyptus has low-palatability 
leaves, with a waxy and thick cuticle, poor nutrient content and presence of secondary toxic 
compounds (Canhoto and Graça 1995; Canhoto and Graça 1999; Canhoto and Laranjeira 2007). 
Several studies have been focusing on the effect of these Eucalyptus plantations on stream 
ecosystems, concluding that these contributed to a reduced diversity, density and biomass of fungal 
and invertebrate shredder communities (Canhoto and Graça 1999; Bärlocher and Graça 2002; 
Larrañaga et al. 2009; Correa-Araneda et al. 2015).  
Considering that predation has a major effect on prey individual traits, and that the resource 
quality available in streams is often variable, it is crucial to understand the combined effect of these 
biotic variables to freshwater detritivores. Both nutritional and predator-induced stress may interfere 
with the prey developmental performance in several ways (Stoks 2001). Furthermore, given that most 
defence mechanisms are expected to be energetically costly, food limitation may likely interfere with 
predator-induced responses (Pauwels et al. 2010). Previous studies have addressed the interaction 
effects between predation risk and food stress in various species (Pijanowska et al. 2006; Beketov 
and Liess 2007; Pauwels et al. 2010; Krause and Liesenjohann 2012; Jabiol et al. 2014), yet these 
may be expected to yield different responses, depending on the species involved, conditions of the 
experimental design and measured endpoints (Preisser et al 2009). In some cases, a stronger response 
to predator cues has been found under limited food resources (Hölker and Stief 2005; Beketov and 
Liess 2007; Pauwels et al. 2010), whereas, in other studies, response has been more notorious at high 
food quality (Pijanowska et al. 2006; Gliwicz and Maszczyk 2007).  
The aim of the present study was to examine whether exposure to predation risk affects growth 
and leaf decomposition of stream detritivores and whether basal resources of different nutritious 
quality mediate these effects. Furthermore, we also tested whether shredder-collector interactions are 
altered when exposed to predation risk and different food quality. So as to achieve this goal, 
laboratory experiments were performed with the collector non-biting midge Chironomus riparius 
Meigen (Diptera: Chironomidae) larvae feeding on different food resources in either the presence or 




absence of the native predator the planarian Dugesia subtentaculata Draparnaud (Tricladida: 
Dugesiidae) and the caddisfly Sericostoma vittatum Rambur (Trichoptera: Sericostomatidae) used 
here as a model shredder species. Two leaf species with contrasting characteristics were used, 
namely, the native alder (Alnus glutinosa (L.) Gaertn.) characterized by fast decomposition rates, and 
considered a high-quality resource for freshwater detritivores and the invasive eucalypt (Eucalyptus 
globulus), less palatable with low nutrient content.  
Our predictions were as follows: (1) a decreased leaf litter decomposition and consequent reduced 
growth rate of C. riparius is expected under predation risk and using Eucalyptus leaves as food 
source, (2) predation risk and food quality may alter the nature of the interactions between shredder 
and collector and, consequently, modify C riparius response. 
Materials and Methods 
Test organisms 
Test species were chosen on the basis of their abundance and co-occurrence in Portuguese 
streams, and because of their ease of maintenance in laboratory conditions, providing an opportunity 
for the study of behavioural and trophic interactions in stream food webs. Furthermore, these species 
have already been used in laboratory bioassays and different endpoints have been measured in 
response to chemical and biotic stressors (Pestana et al. 2009; Campos et al. 2014; Rodrigues et al. 
2016a, 2016b). 
Chironomus riparius was chosen because of its ecological relevance within benthic communities 
in freshwater systems and its widespread distribution (Péry et al. 2002). Chironomus riparius larvae 
are considered to be collector-gatherers, because they preferentially feed on FPOM deposited in the 
sediment (Péry et al. 2002). Sericostoma vittatum is one of the most abundant detritivore 
invertebrates in Iberian streams, with a key role in the fragmentation of allochtonous organic matter 
(Feio and Graça 2000). Dugesia subtentaculata is a native small-sized predator frequently found in 
freshwater ecosystems, considered an excellent model organism that is easily cultured in laboratory 
conditions (Rodrigues et al. 2016b). 
Chironomus riparius (48h-old, 1st-instar) larvae were obtained from a laboratory culture at the 
Department of Biology, University of Aveiro, Portugal, established for more than 15 years in 
standard conditions. Cultures were maintained in aquaria, with American Society for Testing and 
Materials (ASTM) hard water (ASTM 1980), and a layer of inorganic fine sediment (<1 mm), at a 
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room temperature of 20 ± 1 ºC and a light-dark regime of 16 h-8 h. Larvae in the culture were fed 
with a suspension of ground commercial fish flakes (Tetramin®, Melle, Germany) three times a week.  
Sericostoma vittatum larvae used as shredders in the experiment were collected from S. João 
stream (Lousã, Portugal 40º06´N, 8º14W), with a hand net. Organisms with 1 ± 0.1 cm length were 
acclimated in the laboratory for at least 1 week, in ASTM hard water at 20 ± 1 ºC with a light-dark 
cycle of 16 h-8 h. During acclimation, organisms were fed ad libitum with alder leaves, until 1 day 
prior to the beginning of the experiment. 
Individuals of Dugesia subtentaculata (Tricladida: Dugesiidae) used as predators in the 
experiment, were collected in Boialvo stream (Águeda, Portugal 40º30’N; 8º20’W), using chicken 
liver as bait. At the laboratory, organisms were acclimated in ASTM hard water, at 20 ± 1 ºC, in the 
dark, for at least 1 week, and fed with C. riparius larvae, twice a week. Organisms of 1-cm length (± 
0.1) showing no signs of injuries and active when exposed to light were used in the experiment. 
Leaf collection and conditioning 
Alder and eucalypt leaves were collected in autumn from the riparian vegetation of Alva River in 
São Pedro de Alva (40º28’N, 8º19’W) and Alfusqueiro River near Destriz (40º38’N, 8º16’W) 
respectively. Leaves were air dried and stored until needed. They were then soaked in distilled water 
and discs were cut (ø 10 mm) with a cork borer, avoiding primary veins. Leaf discs were allowed to 
leach for 3 days in Erlenmeyer flasks with aerated water from S. João stream (Lousã, Portugal). 
Subsequently, water was renewed to allow for microbial conditioning during 1 week for alder and 3 
weeks for eucalypt, going in line with another study that also employed a distinct conditioning time 
for these two plant species (García and Pardo 2015). After this period, leaf discs were oven-dried at 
50 ºC for 4 days and weighed. They were then soaked in distilled water for posterior use in the 
experiment. Eucalyptus leaves need a more prolonged period to be conditioned, because microbial 
colonisation is delayed when compared to alder, as a result of its secondary compounds and waxy 
and thick cuticle (Bärlocher et al. 1995; Canhoto and Graça 1996; Abelho and Graça 1996). 
Additionally, leaching of phenolics and tannin contents is also a slower process in Eucalyptus leaves 
(Bärlocher et al. 1995). 
Experimental design 
The experiment was performed on the basis of OECD 219 guideline (OECD 2004). The 
experiment was performed in 1-L plastic buckets (Fig. 1; 5 replicates per treatment) containing 1.5 
cm layer of inorganic fine sediment (< 1 mm), 900 mL of test medium (ASTM hard water), was 




continuously aerated, and used either alder or eucalypt leaf discs as a food source. The experimental 
procedure was conducted at 20 ± 1 ºC, with a photoperiod of 16 h light-8 h dark. The effects of 
presence or absence of predators (5 D. subtentaculata), leaf type (A. glutinosa vs E. globulus) and 
presence or absence of shredders (1 S. vittatum) were tested in a three-factorial design with five 
replicates per treatment, and each replicate with 15 C. riparius larvae. The 5 D. subtentaculata were 
placed on top of the cages in a 500 μm mesh-size nylon net submersed in the medium, separated 
from the other organisms to prevent actual predation but allowing the release of predatory cues. At 
the same time, this net restrained the input of organic matter to the bottom chamber, namely planarian 
mucus secretions that otherwise would cover the surface of leaf disks or sediment. These planarians 
were fed with 15 C. riparius larvae every other day, allowing as well the release of alarm cues from 
the conspecifics. Predation risk was thus simulated by a combination of chemical cues from predators 
and injured conspecifics and hydrodynamic and visual cues. 
 
Fig. 1 Schematic view of plastic buckets used in the experiments. 
After 10 days of exposure, C. riparius larvae were collected from each replicate and preserved in 
ethanol (70 %). Leaf discs were removed, oven-dried at 50 ºC for 4 days and weighed. Leaf mass 
loss was calculated as the difference between the initial and final leaf disc dry masses (mg). Three 
control replicates per treatment with leaf discs and no animals (shredders or collectors) were used to 
correct for leaf disc weight changes owing to factors other than feeding. Chironomus riparius larvae 
body length was measured by using a stereomicroscope equipped with a calibrated eyepiece 
micrometer. Body length was taken from the front of the head to the end of the ninth abdominal 
segment (Domingues et al. 2007). A group of 30 1st-instar larvae was kept at the beginning of the 
experiment and the body lengths of the larvae were also measured, so as to determine the initial size 
of the larvae. Growth rate was calculated as the average length of the individual larva presented at 
the end of the exposure, minus the average length of the initial size, divided by the exposure period 
(10 days). 




Leaf mass loss and C. riparius growth rate data were analysed by three-way ANOVA, which 
allowed to identify statistically significant effects of the different factors and of their interaction, 
using leaf type (alder and eucalypt), presenc or absence of predators, presence or absence of 
shredders as fixed factors. Variables were assessed for homogeneity of variances and normality using 
residual probability plots. All calculations were performed using SPSS 22 (SPSS Inc., Chicago, 
Illinois) and GraphPad Prism version 6.0 for Windows (GraphPad Software, La Jolla California, 
USA). 
Results 
Effects of predation risk and leaf species on leaf discs mass loss 
Leaf mass loss was significantly reduced in the presence of predators, independently of the leaf 
type (Fig. 2, Table 1). Leaf mass loss was greater in treatments with shredders, and when alder was 
given as a food source (Fig. 2, Table 1). There was a significant interaction between the leaf type and 
shredder presence (Fig. 2, Table 1), because the effect of shredder in the leaf mass loss was more 
evident in the treatment with alder leaves. In average, the highest leaf mass loss was recorded in the 
alder treatments, in the absence of predators and in the presence of S. vittatum (39. 43 mg ± 3.01, 
mean ± SE). Overall, all Eucalyptus treatments exhibited lower leaf mass loss (two to three times 
lower) than did treatments with alder leaves. No significant interaction was found between predation 
risk and shredder presence nor among the three factors (p > 0.05).  
Table 1 Three-way ANOVA results testing for effects of leaf type (alder and eucalypt), presence or absence of 
predators and presence or absence of shredders on leaf mass loss and C. riparius growth rate.  
 
 
Factor d.f SS F p R2 SS F p R2
Leaf type (L) 1 1950.34 63.57 < 0.001 0.34 0.144 57.66 < 0.001 0.24
Predators (P) 1 441.43 14.39 < 0.001 0.07 0.294 139.39 < 0.001 0.50
Shredders (S) 1 1639.54 53.44 < 0.001 0.28 0.052 19.30 < 0.001 0.09
L*P 1 63.50 4.07 0.160 0.011 0.006 1.68 0.172 0.01
L*S 1 539.12 17.58 < 0.001 0.09 0.002 1.96 0.205 0.003
P*S 1 39.02 1.27 0.268 0.007 4.88*10-5 0.58 0.811 8.27*10-5
L*P*S 1 3.38 0.11 0.748 0.0005 2.69*10-6 0.18 0.676 4.56*10-6
Leaf mass loss C. riparius growth rate





Fig. 2 Leaf mass loss of alder (A) and eucalypt (B) discs (mg; mean ± SE) exposed to the presence or absence 
of predators, in the presence or absence of shredders, during 10 days.  
Effects of predation risk and leaf species on C. riparius growth 
Both predation risk and the presence of shredders significantly reduced C. riparius growth (Fig. 
3, Table 1). Moreover, a leaf type effect was also observed on C. riparius growth rate (Fig. 3, Table 
1) because larvae feeding on alder leaves grew 1.5 x more than did the larvae consuming eucalypt 
leaves, independently of the shredder or predator presence. Interactions among all three factors were 
not significant (p > 0.05) (Fig. 3, Table 1). 
 
Fig. 3 C. riparius larvae growth rate (mm/day; mean SE), feeding on different leaf species, alder (A) and 
eucalypt (B), exposed to the presence or absence of predators, in the presence or absence of shredders, during 
10 days.  
 




Changes in both food quality and predation risk are expected to induce behavioural responses in 
organisms, which was observed in the present study. Our results suggested that predatory planarians 
can induce trait-mediated effects in detritus-based food webs in streams, leading to reduced feeding 
behaviour and growth of detritivores, with strong implications in leaf litter processing, particularly 
in the presence of eucalypts.  
In the present study, predator presence seems to diminish detritivore leaf consumption rate, 
observed as reduced leaf mass loss, potentially decreasing litter decomposition, a key ecosystem 
process (Gessner et al. 2010), and influencing trophic dynamics and elemental cycling. Several 
studies have also reported cascading effects of stream predators on litter processing through non-
consumptive mechanisms (Greig and McIntosh 2006; Jabiol et al. 2014; Majdi et al. 2014; Ocasio-
Torres et al. 2015; Rodríguez-Lozano et al. 2016), suggesting a predator control on detritivores and 
their resources. 
According to Hölker & Stief (2005), C. riparius adjusts its foraging behaviour in the face of 
predation risk. In the present study, C. riparius seemed to adopt low risk behaviour in the presence 
of D. subtentaculata predators, by reducing feeding activity, as observed by the reduced leaf mass 
loss, in both leaf species. As a result, perception of predation risk resulted in decreased C. riparius 
larval growth rate. Pestana et al. (2009) also observed a smaller larvae size and consequent delay in 
emergence in C. riparius, when in contact with fish predatory cues. Body size can have important 
repercussions to the organisms’ fitness, mostly regarding reproductive success (Peckarsky et al. 
2001). This is particularly critical to C. riparius which has a short adult stage, being fecundity 
strongly determined by the size of the larva at the time of metamorphosis (Peckarsky et al. 2001). 
Alterations in larval growth of organisms exposed to predator cues may also be explained by factors 
other than differences in the amount or quality of food ingested (McPeek et al. 2001; Trussel et al. 
2006). Frequently, the simple presence of predators may trigger physiological stress responses such 
as elevated metabolic demands or the expression of heat shock proteins (Pauwels et al. 2005; Slos 
and Stoks 2008) and other biochemical defensive mechanisms (Pauwels et al. 2005; Campero et al. 
2007; Slos and Stoks 2008; Trekels et al. 2012) that may drive the differences in growth efficiency, 
because of increased energy expenditure (Trussel et al. 2006).  
In addition to predator-prey interactions, also food quality can regulate population- and 
community-level processes in streams (Majdi et al. 2014). Unsurprisingly, C. riparius larvae were 
selective among leaf species, because consumption of alder leaves was higher than that of eucalypt 
leaves. Consequently, C. riparius larvae feeding on eucalypt leaves showed reduced growth 




compared with the ones consuming alder. This result is consistent with other studies which have 
shown that Eucalyptus leaves and leachates impair growth and survival of stream invertebrates 
(Canhoto and Graça 1995; Canhoto and Laranjeira 2007; Campos et al. 2014; Correa-Araneda et al. 
2015).  
To better understand the effects of perceived predation risk on insect population dynamics, it is 
vital to analyse them when combined with other natural variables (Stoks et al. 2005; Beketov and 
Liess 2007) such as food quality. Nutritional limitation can either intensify or mitigate the sub-lethal 
effects of predation risk (Beketov and Liess 2007). In the present study, the general patterns of 
response to predation risk were not altered by leaf nutritional quality. Regardless of the leaf species 
present, predation risk triggered a reduction in both C. riparius feeding behaviour and growth rate. 
However, this effect was more noticeable in Eucalyptus, demonstrating a stronger response to 
predators when in the presence of this leaf species. Therefore, Eucalyptus exacerbated the negative 
effects of planarian presence, suggesting additive effects of these two biotic stressors (predation risk 
and resource quality), as prey may not be able to compensate for the energetic costs of antipredator 
behaviour in the presence of low quality resource (Bolnick and Preisser 2005). When given a rich 
resource quality, prey may store energy reserves, increasing their capability to respond to predation 
risk (Danner and Joern 2004; Preisser et al. 2009; Matassa and Trussell 2015). Other studies have 
addressed this issue, for instance Ball and Baker (1995) found that both predation risk and food 
limitation decreased adult emergence and body size and increased age at emergence of Chironomus 
tentans, but no interaction was found between these factors. Beketov and Liess (2007) also reported 
that when the resources are scarce, intimidation by predator cues could result in delayed development 
of the mosquito Culex pipiens. Moreover, in a study by Stoks (2001), both food and predator stress 
independently and negatively affected all measures of developmental performance of the damselfly 
Lestes sponsa. In contrast, Hölker and Stief (2005) demonstrated different responses, as C. riparius 
exhibited a trade-off between food scarcity and predation risk, by increasing foraging activity when 
food was limited, even in the presence of predation threat.  
Understanding the importance of these factors on prey populations is crucial for predicting how 
alterations in predator density and resource-quality availability interact to influence population 
dynamics. By not considering predation-risk effects, predation is expected to influence prey 
dynamics only through direct consumption, whereas other effects such as decreased reproduction 
would be attributed to other limiting factors such as food supply (Creel and Christianson 2008), 
therefore a potentially significant source of variation may be overlooked (Trussel et al. 2006). 
Chironomus riparius growth rate was reduced with the concomitant presence of S. vittatum, 
independently of predation risk and leaf species. It is generally assumed that the presence of 
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shredders enhances the food availability for the collector invertebrates, promoting their growth and 
development (Vannote et al. 1980; Heard and Richardson 1995; Dieterich et al. 1997; Campos et al. 
2014). However, in the present study, rather than “facilitating” C. riparius feeding, S. vittatum seems 
to be competing with C. riparius for the same food resource. Sericostoma vittatum is considered a 
very efficient shredder (Feio and Graça 2000), and may be a strong competitor to C. riparius that is 
not an exclusive collector, feeding on leaf litter as an alternative energy source, owing to its 
opportunistic behaviour (Callisto et al. 2007; Campos et al. 2014). Fine particulate organic matter 
(FPOM) produced by shredders may not be critical for enhancing collector development, because 
many invertebrates are known to exhibit plastic foraging behaviour, which may mask the classical 
functional feeding groups (Usio et al. 2001). As a result, shredder-collector facilitation is not always 
easy to demonstrate (Heard & Buchanan (2004). In similar experimental approaches, Campos et al. 
(2014) observed interspecific competition between S. vittatum and C. riparius when given the high-
quality resources, whereas facilitation due to the presence of shredders was observed in the presence 
of lower quality leaf litter (Eucalyptus). In the present study, owing to the 3-week conditioning 
period, nutritional quality of Eucalyptus was probably improved; therefore, negative effect on C. 
riparius growth (as a result of competition rather than facilitation) was observed in Eucalyptus 
treatments, even when under the risk of predation. Despite the microbial colonization, eucalypt 
leaves were still the less preferred food resource and the effect of shredder presence seemed to be 
less evident in these treatments. Consequently, C. riparius feeding on Eucalyptus with or without the 
presence of S. vittatum larvae showed similar growth rate values. This shredder-collector interaction 
seemed not to be modified by the presence of predatory planarians, when regarding effect on leaf 
processing and C. riparius growth rate. Thus, we could not confirm other studies where predation 
risk has been shown to alter competitive interactions among prey species (Preisser and Bolnick 2008; 
Mowles et al. 2011). Leaf consumption by the two detritivores combined was greatly decreased in 
the presence of predators. This may be also a result of a competition between these species but may 
also correspond to a strong response from S. vittatum to the planarian presence, even though other 
studies have demonstrated a lack or low response of cased-caddisflies to predation risk (Pestana et 
al. 2009; Lagrue et al. 2015). However, a treatment with S. vittatum only is lacking, so as to confirm 
this antipredator behaviour. 
Microcosm bioassays using simplified trophic chains are crucial to isolate effects and control the 
many sources of variability of the natural environment. These bioassays allow discriminating critical 
interactions and mechanistically assess responses to the tested variables, as well as identifying 
indirect effects that may contribute to the possible outcomes. However, caution is needed when 
extrapolating results from simplified trophic chains to ecosystem-level responses, given the multiple 
interactions and factors that the species are subjected to, namely the presence of other competing 




species, other predators, parasites and pathogenic diseases, occurrence of effective predation, and a 
large array of other biotic and abiotic variables. 
In conclusion, the present work demonstrated that C. riparius growth rate was diminished the 
most when organisms perceived predation risk and when Eucalyptus, low nutritional-quality leaf 
species, was provided as a food resource. The presence of planarians affected foraging behaviour of 
the aquatic insect larvae of C. riparius and S. vittatum, which was reflected into lower leaf litter 
decomposition rates. The combination of both predator presence and low food quality, resulting in 
reductions in detritivores growth, may, therefore, influence population dynamics, secondary 
production and other important ecosystem-level processes such as litter processing and nutrient 
cycling. These results may give an insight about possible trophic cascades, highlighting the 
importance of assessing the trait-mediated effects of predation along detritus-based processing 
chains, together with other environmental parameters such as resource quality. This is especially 
important if we consider the presence of an invasive plant species E. globulus in many riparian 
corridors that may, therefore, exacerbate the effects of predation risk and of other stressors in the 
aquatic environment.   
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Invasive species mediate insecticide effects on a freshwater benthic 
community and ecosystem function 
Abstract 
Anthropogenic activities increase pesticide contamination and biological invasions in many 
rivers. Understanding their combined effects on community structure and to ecosystem functions 
presents challenges for an improved ecological risk assessment. This study focuses on community-
level data obtained in artificial stream mesocosms to evaluate the direct and indirect effects of 
insecticide (chlorantraniliprole – CAP) exposure and the presence of invasive species on the structure 
(macroinvertebrate abundance) and function (leaf decomposition, primary production) of a benthic 
community, and how the presence of invasive species alters the community responses to chemical 
stress. Low concentrations of CAP reduced the abundance of shredders and grazers, decreasing leaf 
decomposition and increasing primary production. Presence of invasive species (crayfish and 
eucalypt leaves) decreased macroinvertebrate survival, reduced leaf decomposition and enhanced 
primary production. Structural equation modeling (SEM) highlighted that CAP toxicity to 
macroinvertebrates was mediated by the presence of crayfish or eucalypt. Primary production was 
enhanced in treatments with simultaneous presence of crayfish and eucalypt leaves. In summary, 
both detritus quality and predator identity can mediate the structural and functional effects of 
chemical contamination to benthic freshwater communities, emphasizing the value of incorporating 
biotic stressors in ecotoxicological experiments.  
 
Key-words: benthic invertebrates, community structure and function, invasive species, 
chlorantraniliprole, combined effects, structural equation modelling   






Freshwater ecosystems provide essential resources for humans and are also rich habitats with a 
great diversity of organisms. Nevertheless, these ecosystems have been exposed to several 
anthropogenic pressures that contribute to their degradation and loss of biodiversity, being their 
recovery one of the priority actions of governments and management policies nowadays (European 
Community 2000; Van den Brink et al. 2016). A great challenge for risk assessment is set by the 
combinations of pesticides and environmental factors that are probable to occur and, which combined 
effects on freshwater communities are difficult to predict (Holmstrup et al. 2010; Clements et al. 
2016; Jackson et al. 2016). So, there is a growing awareness that pesticide effects may be misjudged 
due to interactions with natural stressors, making the increase of natural complexity for 
ecotoxicology testing essential to achieve a better ecological risk assessment (Holmstrup et al. 2010; 
Mcmahon et al. 2012; Janssens et al. 2017). Notwithstanding, and despite the growing efforts to 
classify and summarize combined effects of anthropogenic and environmental stressors, a better 
understanding of the dynamics of these interactions is still needed (Singer et al. 2015; Côté et al. 
2016; Liess et al. 2016).  
Anthropogenic impacts on the composition and abundance of biological communities lead also 
to increased rates of biotic invasions (Hooper et al. 2005). As invasive species enter and are part of 
trophic webs they generally have faster and stronger direct impacts on the communities than chemical 
or abiotic factors (Jackson et al. 2017). These changes from native to invasive species, with different 
functional traits, are expected to cause trophic cascade effects on recipient freshwater communities 
(Gherardi 2007; Pagnucco et al. 2016). Understanding the impacts of shifts in species composition 
to ecosystems is a vital issue, since these shifts have been shown to affect community dynamics 
(Frainer and McKie 2015) and ecosystem functions, such as productivity and decomposition (Hooper 
et al. 2012). It is thus critical to investigate the potential for invasive species to play an important 
role in altering the community context and thus become themselves an important mediator of 
contaminant effects on natural communities (Guedes et al. 2016; Jackson et al. 2016).  
In freshwater system, predation (Bundschuh et al. 2012; Kattwinkel et al. 2016) and resource 
quality (Bundschuh and Mckie 2016; Stoler et al. 2017) are factors that may cause density and trait 
mediated effects at community level, shaping ecosystem functioning, thus being potential mediators 
of changes on organisms and populations susceptibility to chemical toxicity (Gessner et al. 2010; 
Rasmussen et al. 2012; Stoler et al. 2017). 
Among freshwater predators, omnivorous macroinvertebrates are usually top consumers that may 
decouple cascading chains through both direct effects on the food resource and indirect effects on 




intermediate consumers, along with engineering effects (Statzner 2012; Atkinson et al. 2016). For 
this study, we selected the red swamp crayfish, Procambarus clarkii, native to northeastern Mexico 
and southcentral USA, that is today a dominant predator in several European rivers (Souty-Grosset 
et al. 2016). This crayfish has many properties of a successful invader (plastic life cycle, generalist 
and opportunistic feeding habits, behavioral plasticity when coping with other predator species), 
making it capable to disperse widely and tolerate environmental extremes (Gherardi 2006; Anastácio 
et al. 2015).  
Predators are known to influence trophic dynamics and elemental cycling through effects on leaf 
litter decomposition, a key ecosystem process in many freshwater systems (Gessner et al. 2010). 
However, the full extent and mechanisms of such influence are not well understood and there is an 
increased debate about the strength of non-trophic interactions and habitat complexity (Majdi et al. 
2014). 
Regarding leaf litter, the replacement of native vegetation by exotic plantations surrounding 
headwater streams occurs worldwide and poses an extra challenge to freshwater benthic communities 
(Kominoski et al. 2013). Leaf litter inputs are one of the main energy sources for benthic 
invertebrates’ food webs, mainly in low order streams (Brett et al. 2017), and different resources 
have the potential to alter benthic invertebrate assemblages, the structure and functioning of these 
communities through the input of allochthonous leaf litter of different nutritional quality, litterfall 
timing and quantity (Gessner et al. 2010; Boyero et al. 2012; Martínez et al. 2016). For instance, 
Eucalyptus globulus plantations are frequently found nowadays on the riparian vegetation of Europe, 
being available as leaf litter to invertebrate communities (Gessner et al. 2010; ICNF 2013; Ferreira 
et al. 2015) and changing coarse organic matter dynamics (Molinero and Pozo 2004). Eucalyptus 
leaves have lower nutritional quality than, for example, Alnus glutinosa leaves, a European native 
species (Pérez et al. 2014; Correa-Araneda et al. 2015) and have higher quantities of oils and 
polyphenols that can be toxic to most freshwater organisms (Graça et al. 2002; Canhoto and 
Laranjeira 2007).  
The present research intended to contribute to the actual challenge of community ecotoxicology 
research by assessing combined effects of contaminants and invasive species to freshwater benthic 
macroinvertebrate community structure, with special focus on detritus-based stream food webs 
(Handa et al. 2014). For that, we used as model compound chlorantraniliprole (CAP), which belongs 
to the anthranilic diamides pesticides group. CAP readily won the pesticides market due to successful 
action against target species at low doses and high selectivity toward ryanodine receptor of insects 
(EFSA 2013; Casida and Durkin 2016). Nevertheless, feeding and development impairment have 





already been reported for freshwater non-target invertebrates exposed to environmentally relevant 
CAP concentrations (EFSA 2013; Lavtižar et al. 2015; Rodrigues et al. 2015, 2016; CDPR 2016). 
Stream mesocosms were thus used to test how the effects of insecticide pollution can be mediated 
by changing resource quality and/or predator identity. The experimental design focused on testing 
combination of stressors manipulating insecticide contamination (0 or 2 μg/L), predator identity 
(native Cordulegaster boltonii or invasive P. clarkii) and leaf litter identity and quality (leaves from 
the native A. glutinosa or the invasive E. globulus). Direct, indirect and interaction effects of 
insecticide exposure and the presence of invasive species were assessed at different levels of 
organization: community structure (detritivore abundance) and ecosystem function (leaf 
decomposition and primary production). To better discriminate and relate indirect and interaction 
effects, we designed and tested a model with Structural Equation Modeling (SEM). Through path 
analysis we can quantify the relative weight of direct, indirect and interaction effects of the studied 
stressors on community structure, linking changes in the different functional groups to modifications 
on ecosystem functions. 
Material and Methods 
Macroinvertebrates and leaves collection 
The Mau river (Sever do Vouga, Portugal) was selected for invertebrate sampling as this stream 
presents a good ecological quality status (Vidal et al. 2014). Prior to the experiment and to determine 
the composition of benthic macroinvertebrate communities in the chosen aquatic system, four 
quantitative samples were taken using an enclosed surber sampler (0.09 m2, 500 µm mesh) in winter 
(January 2016), from slow riffle habitat. Macroinvertebrate samples were preserved in 70% ethanol 
and were identified to family level, using a stereomicroscope. The density of each taxon in the natural 
habitat was then calculated, based on the mean values of the four samples.  
Juveniles of Procambarus clarkii Girard were collected using funnel traps in channels of Ria de 
Aveiro, central Portugal. Organisms were acclimated to laboratory conditions for at least one month 
before the experiment (15 ºC, 16 h light: 8 h dark photoperiod).  
Alnus glutinosa (L.) Gaertn leaves were collected soon after senescence from the riparian 
vegetation at São Pedro de Alva, central Portugal. Leaves of Eucalyptus globulus Labill. were 
collected during autumn at Boialvo, central Portugal. Both types of leaves were air dried and stored 
in darkness. 




Description of the mesocosm experiment 
The present study was conducted in an indoor modular mesocosms system, in a total of 24 glass 
streams (individual streams: 2 m length, 0.200 m width, 0.225 m depth) on recirculated water regime. 
Flow in each stream was maintained at a constant rate of 3.75 L/min, similar to the hydraulic 
conditions present in nearby natural riffles. The medium used was artificial pond water (APW) 
(Naylor et al. 1989), enriched with phosphate, nitrate and silicate to meet realistic concentrations of 
these minerals in Mau river water (Vidal et al. 2014). The mesocosm room was maintained with 
constant temperature of 15 ± 1 ºC and a photoperiod of 16 h light: 8 h dark. 
The stream mesocosms were filled with enriched APW medium (~ 280 L) and commercial river 
sand (~ 2 cm layer), which was previously burnt at 500 ºC for 4 h. Alder and eucalyptus leaves were 
previously conditioned for 14 days in aerated natural river water. Leaves were then dried at 50 ºC for 
4 days, weighed and placed in the respective experimental streams in leaf packs with a coarse mesh 
(10 mm pore size). Ten unglazed ceramic titles (20 cm2) were added along each stream as 
standardized substrate to posterior periphyton sampling. Stones from the Mau River were scraped 
with toothbrushes and washed with water from the site to a final volume of ~ 5 L. In the same day of 
collection, 100 mL of this concentrated inoculum of biofilm was added to each mesocosm stream, 
and the mixture between APW medium and inoculum recirculated through the experimental streams 
for 15 days to allow for biofilm colonization. On the 15th day (day 0 of exposure period), benthic 
macroinvertebrates were collect by kick-sampling in riffle and pool habitats using a 500 μm mesh 
pond net in Mau river in February 2016. Macroinvertebrates were brought in river water to the 
laboratory, immediately sorted by taxa and placed into the artificial streams based on the previously 
calculated densities. A total of 217 organisms were distributed per stream, representing 17 taxa, with 
the main representative functional feeding groups in terms of abundance being shredders (~ 29 %), 
collectors (~ 37 %) and grazers (~ 23 %) (SI Table S1). Treatments were designed to produce 8 
combinations, each of them replicated in 3 artificial streams. The macroinvertebrate community was 
exposed for 7 days to the combinations of: insecticide (0 or 2 μg/L CAP), predator identity (the native 
Cordulegaster boltonii or the invasive Procambarus clarkii) and leaf litter from 2 different tree 
species (the native A. glutinosa or the invasive E. globulus – Figure 1).  






Fig. 1 Schematic representation of experimental design. 
Endpoints assessed 
Water physico-chemical parameters (temperature, pH, conductivity and dissolved oxygen) and 
flow of the streams were assessed every two days. After 7 days of exposure period, leaf packs were 
carefully rinsed in distilled water, and the attached invertebrates retrieved. Remaining leaf material 
was dried at 50 ºC for 4 days, and weighed. Ceramic plates were removed from each stream, scrubbed 
with toothbrushes and rinsed with water to individual plastic flasks. Samples for periphyton 
identification were fixed with 5 % formaldin and stored in darkness. Samples for chlorophyll 
measurement were kept in the dark, at 4 ºC for 24 h. These samples were then filtered through GF/C 
filters (1.2 µm; Whatman Inc.) and stored in darkness at – 20 ºC until analysis. Extraction was 
performed with 90 % acetone and chlorophyll a measured spectrophotometrically following Jeffrey 
and Humphrey (1975). Chlorophyll a concentration was used as an estimation of periphyton primary 
production. Macroinvertebrates were collected by sieving the sediment and preserved in 70 % 
ethanol for later identification, using a stereomicroscope.  
Insecticide contamination 
A stock solution of CAP (analytical standard, CAS No. 500008-45-7, Sigma-Aldrich) was 
prepared in analytical grade acetone, protected from light to avoid degradation. Water was spiked to 
a nominal concentration of 2 µg/L CAP in experimental streams (keeping acetone below 0.01 %). 
The selected nominal CAP concentration represents a realistic measured concentration in freshwaters 
(CDPR 2016) and also a sub-lethal concentration for most of the detritivore freshwater invertebrates 
(EFSA 2013; Rodrigues et al. 2015, 2016). Primary producers and predator species are, in general, 




more tolerant to this insecticide (EFSA 2013) so, no direct effects of CAP are expected for these 
groups. Indeed, Qi and Casida (Qi and Casida 2013) found no significant binding activity of CAP to 
ryanodine receptor of a decapoda species. Also, Barbee et al. (2010) tested the sensitivity of P. clarkii 
to CAP and reported a no-observed effect concentration of 480 µg/L. The native representative 
predator Cordulegaster boltonii showed similar tolerance to CAP exposure: > 640 µg/L (acute 
exposure) and > 96 μg/L (feeding inhibition test) (personal observation, data not shown). 
Nominal CAP concentrations in overlying water (sampled at 2 h, 96 h and 7 days of exposure) 
were verified by chemical analysis. All samples were frozen at − 20 °C and sent, in dry ice for 
analysis. 
Chemical analysis 
Liquid chromatography–mass spectrometry (LC-MS) was used to quantify CAP on water 
samples. Grade methanol and acetonitrile (Li Chrosolv Hypergrade) were purchased from Merck 
(Darmstadt, Germany). Formic acid to acidify the mobile phases was acquired from Labicom 
(Olomouc, Czech Republic). Ultra pure water was produced using an Aqua-MAX-Ultra System 
(Younglin, Kyounggi-do, Korea). All analytical standards were of high purity (mostly 98%). 
Metolachlor (13C6) was purchased from Cambridge isotope Laboratories and was used as internal 
standard. Stock solutions of CAP and Metolachlor (13C6) were prepared in methanol at a 
concentration of 1 mg/mL for CAP and 100 µg/mL for Metolachlor (13C6), and stored at -20°C. A 
spiking mixture was prepared for each compound by diluting stocks in methanol to a final 
concentration of 1 μg/mL and stored at -20°C. 
For the liquid chromatography method thawed water samples were filtered through a syringe filter 
(0.45 µm, regenerated cellulose, Labicom, Olomouc, Czech Republic), after that 10 ng of 
Metolachlor (13C6) (internal standard) was added to 1 ml of each sample. 
TSQ Quantiva triple-stage quadrupole mass spectrometer (Thermo Fisher Scientific, San Jose, 
CA, USA) coupled with Accela 1250 LC and an HTS XT-CTC autosampler (CTC Analytics AG, 
Zwingen, Switzerland) was used for water analysis. Hypersil Gold column (50 mm × 2.1 mm i.d, 3 
µm particle size from Thermo Fisher Scientific, San Jose, CA, USA) was used as analytical column 
for chromatographic separation of target compounds. Heated electrospray ionization (HESI) was 
used to ionized targeted compounds.  
This method was validated in the range of tested concentrations and exhibited good linearity in 
the concentration range between 0.5 µg/L to 50 µg/L CAP; R2= 0.989 and recovery of CAP was 110 
%. The limit of quantification (LOQ) was calculated as one quarter of the lowest calibration point in 





the calibration curve where relative standard deviation of average response factor was < 30 %. Peak 
area corresponding to this concentration was used to calculate LOQ for CAP in each sample. The 
calibration curve was measured during each day of analysis at the beginning and end of the sequence 
to check the instrument repeatability. Average LOQ was 0.58 µg/L. Matrix-matched standard 
response was used as factors for correcting the response derived from the calibration curve. Matrix 
matched standards were prepared from tested water by spiking with both internal standard and native 
compound at 10 µg/L and 50 µg/L, respectively. To determine the matrix affected response factor, 
the peak area/internal standard ratio determined in non-spiked samples was subtracted from the peak 
area/internal standard ratio in the matrix matched standard. 
Statistical analysis 
Differences in macroinvertebrate community composition among treatments (CAP exposure, 
predator identity and leaf litter type, p < 0.05) were first tested by Permutational Multivariate 
Analysis of Variance (PERMANOVA) using the Bray-Curtis dissimilarity distance and tested using 
Monte Carlo permutation test with 999 permutations (Anderson 2001). These analyses were 
performed on R software 3.2.2 version, from The R Foundation for Statistical Computing (Vienna, 
Austria), using the ‘vegan’ package (Oksanen et al. 2017). 
For abundance analysis, macroinvertebrates were grouped into three functional groups: shredders 
(Sericostomatidae, Lepidostomatidae, Calamoceratidae and Limnephilidade), collectors 
(Ephemeridae and Chironomidae) and grazers/scrapers (Habrophlebiidae, Baetidae and 
Heptageniidae). These functional groups include the main representative taxa of our community, 
accounting for ~ 88 % of initial number of the organisms per stream, and also three important feeding 
groups regarding leaf decomposition/ grazing and nutrient cycling (Vannote et al. 1980). A t-test 
compared the number of organisms per stream on day 0 and day 7 in the control streams (no-CAP 
and no invasive species presence) to exclude effects on survival of organism other than the tested 
stressors.  
A Structural Equation Modelling (SEM) model was used to investigate mechanistic pathways that 
may explain the direct, indirect and total effects (Campero et al. 2007; Grace 2008) of CAP exposure, 
predator identity and leaf litter type on community composition (abundance of shredders, collectors 
and grazes), and on ecosystem functions (leaf degradation and primary production). By using SEM 
to interpret the mesocosm results, a refined hypothesized model was obtained that evaluated the 
effects of insecticides and invasive species at the community and ecosystem levels. Path coefficients 
(partial multiple regression coefficients), with the values of each variable standardized to a common 
metric, allow to compare relative importance of each effect. All response variables were previously 




normalized so that their responses had equal weight in the analysis. For calculations purposes, the 
independent variables representing the natural conditions (no CAP, native predator C. boltonii and 
native leaf A. glutinosa) were set as 0, the stress conditions (CAP contamination, presence of the 
invasive predator P. clarkii and of invasive leaf species E. glutinosa) were set as 1. Indirect effects 
of a variable in another was calculated as the sum of the products of direct path coefficients. Strength 
and sign of the total effect of a stressor on one variable were calculated as the sum of both direct and 
indirect effects. The fit of the path model for our data was tested using four goodness-of-fit measures: 
the χ2 test value that tests the similarity between the observed and the predicted covariance matrices; 
the root of mean square error of approximation (RMSEA) where values ≤ 0.05 indicate a good fit; 
the comparative fit index (CFI) where a value ≥ 0.95 combined with the standardized root-mean-
squared residual (SRMR) value ≤ 0.08 is indicative of a good fit (Kline 2011). The interactions 
between functional feeding groups were tested in preliminary models, but removed from the final 
model based on goodness of fit values. These analyses were performed with R software 3.2.2 version, 
from The R Foundation for Statistical Computing, using the ‘lavaan’ package (Rosseel 2012). 
Results 
Chemical fate of CAP and exposure concentration 
Measured concentrations of CAP are presented on Table 1. A mean degradation of 23 % of CAP 
until the end of the experiment was observed on water samples along treatments. 
Table 1 Chlorantraniliprole concentrations measured in overlying water (μg/L; mean ± SD) after 2 h, 96 h and 
7 days of test exposure. 
CAP treatments 
Measured concentration (μg/L) 
2 h  
(n = 3) 
96 h  
(n = 1) 
7 days  
(n = 3) 
Alder + C. boltonii 1.63 ± 0.21 1.6 1.29 ± 0.37 
Alder + P. clarkii 1.40 ± 0.26 1.5 1.16 ± 0.47 
Eucalyptus + C. boltonii 1.65 ± 0.14 1.6 1.23 ± 0.36 
Eucalyptus + P. clarkii 1.50 ± 0.14 1.6 1.11 ± 0.43 
 





Global analysis of effects on the community composition 
Measured concentrations of CAP are presented in Table 1. A mean degradation of 23 % of CAP 
until the end of the experiment was observed in water samples along treatments. 
Global analysis of effects on the community composition.  
No significant differences (t4 = 1.732, p = 0.158, η2 = 0.429) between invertebrates’ abundances 
at day 0 and day 7 were observed in the streams simulating natural conditions (A. glutinosa as leaf 
litter and predation by the native C. boltonii). 
Changes on community structure and function 
The presented SEM model provided good fit to the data: χ2 = 0.82, df = 6, p = 0.99; RMSEA = 
0.00, GFI = 1.00 and SRMR = 0.005. Variation of abundances of shredders, collectors and grazers, 
leaf decomposition and primary production were well explained by the model (R2 range: 0.561–
0.974, Figure 2). The mean values of abundance for the three functional groups per treatments are 
presented in Figure 3, and changes of leaf decomposition and primary production, measured as 
chlorophyll a concentration, are shown in Figure 4. 
 Shredders abundance was significantly (p < 0.05) decreased both by CAP exposure and by the 
presence of eucalypt leaves by the same magnitude (standardized path coefficient (r) = - 0.662, 
Figures 2 and 3a). Collectors abundance was mainly reduced by direct negative effects of P. clarkii 
presence (r = - 1.312), followed by the negative effects of eucalyptus leaves (r = - 0.270, Figures 2 
and 3b). Crayfish presence (r = - 1.172) and CAP exposure (r = - 0.486) caused the main direct 
negative effects on grazers abundances (Figures 2 and 3c).  
In treatments with CAP exposure and simultaneous presence of crayfish, the stronger effect of 
predator identity overlaps CAP toxicity to collectors and grazers (CAP x Crayfish interaction effects: 
r = + 0.421 and r = + 0.421, respectively, Figure 2).  
CAP toxicity to collectors was magnified in streams where eucalypt leaves were present, with the 
interaction effect (r = - 0.329) higher than the individual effects of these stressors. The presence of 
eucalypt leaves decreased the negative impacts of presence of invasive crayfish (Eucalyptus x 
Crayfish, Figure 2) to collectors (r = + 0.467) and grazers (r = + 0.230). 
As expected, eucalypt leaf decomposition was significantly slower compared to alder leaves (r = 
- 0.943, Figures 2 and 4a). Also, indirect effects of P. clarkii presence (r = - 0.182, Table 2) through 
effects on shredders and collectors’ abundances, all contribute similarly to the observed decreases on 
leaf decomposition.  




Although no significant effects for single effects of invasive species presence were obtain 
regarding primary production, when they were combined (Eucalyptus x Crayfish, Figures 2 and 4b) 
their effects on primary production were magnified (r = + 0.632). On the other hand, simultaneous 
exposure to CAP and presence of eucalypt leaves (Eucalyptus x CAP, Figure 2) significantly 
decreased primary production (r = - 0.353). Plus, there was a positive indirect effect of the presence 
of crayfish on primary production (r = + 0.145, Table 2) through the negative effects on grazers 
abundances. A complete description of direct, indirect and total effects is present on Table 2. 
 
 
Fig. 2 Graphical representation of the supported SEM model for chlorantraniliprole (CAP) exposure, presence 
of crayfish predator and eucalyptus leaves and their combined effects. Standardized path coefficients and 
variation explained by the model are given for response variables. Thickness of the arrows is proportional to 
the strength of the standardized path coefficient. * p < 0.05, ** p < 0.001. 
 






Fig. 3 Effects of CAP exposure and leaf litter type (Alnus glutinosa or Eucalyptus globulus) on the abundance 
(no. of individuals) of (a) shredders, (b) collectors and (c) grazers on streams with different predator identities 
(Cordulegaster boltonii or Procambarus clarkii). All values are presented as mean ± SE:  
 





Fig. 4 Effects of CAP exposure and leaf litter type (Alnus glutinosa or Eucalyptus globulus) on streams with 
different predator identities (Cordulegaster boltonii or Procambarus clarkii) on: (a) leaf mass loss (mg) and 
(b) chlorophyll a concentration (mg/cm2). All values are presented as mean ± SE: 




Table 2. Standardized path coefficients of the structural equation model for direct, indirect, and total effects of CAP exposure, crayfish and eucalyptus presence, and their 




                                                                              Direct effects 
CAP Eucalyptus Crayfish Crayfish x CAP Eucalyptus x CAP Eucalyptus x Crayfish Shredders Collectors Grazers 
Leaf decomposition -0.107 -0.943 0.135 0.056 0.061 -0.104 -0.028 0.147 - 
Primary production 0.199 0.243 0.141 0.156 -0.353 0.632 - - -0.124 
Shredders -0.662 -0.662 -0.397 0.229 0.344 -0.115 - - - 
Collectors -0.199 -0.27 -1.312 0.421 -0.329 0.467 - - - 
Grazers -0.486 -0.177 -1.172 0.421 0.249 0.23 - - - 
 Indirect effects    
 CAP Eucalyptus Crayfish Crayfish x CAP Eucalyptus x CAP Eucalyptus x Crayfish 
Leaf decomposition -0.011 -0.021 -0.182 0.055 -0.058 0.072 
Primary production 0.060 0.022 0.145 -0.052 -0.031 -0.029 
 Total effects 
 CAP Eucalyptus Crayfish Crayfish x CAP Eucalyptus x CAP Eucalyptus x Crayfish 
Leaf decomposition -0.118 -0.964 -0.047 0.111 0.003 -0.032 
Primary production 0.259 0.265 0.286 0.104 -0.384 0.603 
Shredders -0.662 -0.662 -0.397 0.229 0.344 -0.115 
Collectors -0.199 -0.270 -1.312 0.421 -0.329 0.467 
Grazers -0.486 -0.177 -1.172 0.421 0.249 0.230 
 





Macroinvertebrate community was altered by exposure to environmentally relevant 
concentrations of CAP (CDPR 2016) particularly through effects of survival in most sensitive 
shredders, grazers and collectors. Differences in sensitivity among organisms belonging to different 
feeding groups are not surprising. For instance, the shredder Sericostoma vittatum has been shown 
to be more sensitive to CAP acute exposure, with a 48 h LC50 of 15.38 µg/L (Rodrigues et al. 2016) 
than the collector Chironomus riparius, 48 h LC50 of 77.54 μg/L (Rodrigues et al. 2015). CAP, is a 
highly specific anthranilic diamide, targeting insects’ ryanodine receptors causing disruption of their 
muscular function. Thus, impairments of macroinvertebrate behaviours, such as feeding activity and 
escape capability, ultimately leading to death are to be expected even at low concentrations (Lahm 
et al. 2005; Casida and Durkin 2013; Rodrigues et al. 2016). In our study, a concentration below the 
HC5 for CAP (5.5 µg/L) (Nagai 2016) was selected and caused about 15 % mortality within the 
macroinvertebrate community. This relatively high mortality may be due to an increase in CAP 
toxicity at low temperatures (15 ºC). Increase toxicity at low temperatures is well known for some 
classes of insecticides, such as pyrethroids (Weston et al. 2009). Further, the fact that 
macroinvertebrate community structure was affected at low and environmentally relevant insecticide 
concentrations of CAP, emphasizes the potential of such insecticides to interact with natural stressors 
under field conditions.  
In our systems, the replacement of natural dragonfly predator by pest species such as the crayfish 
P. clarkii caused the strongest decrease on abundances of collector and grazers, mainly due to 
consumptive effects. The juveniles of P. clarkii are known to be more active predators than adults 
and their feeding preferences include chironomids and several grazer species (Correia and Anastácio 
2007; Souty-Grosset et al. 2016). So, the consumptive effect observed highlights the great impact 
that active juvenile crayfish can have on structure and composition of freshwater communities, 
especially in small and/or confined systems (Correia and Anastácio 2007). On the other hand, the 
native dragonfly C. boltonii uses mainly the sit-and-wait strategy (Bo et al. 2011), therefore their 
encounter rates with preys were expected to be lower than the ones of an active predator, as observed 
here. Cased shredders were less affected by predator presence, which is in accordance with the 
recognized role of their cases as physical defense (Ferry et al. 2013; Lagrue et al. 2015). Indeed, 
Lagrue et al (Lagrue et al. 2015) suggested that the tradeoff between the energetic investment on 
behavioural and morphological defenses are thus likely to explain the weaker numerical response to 
predation in armored/cased caddisflies observed in field studies. Thus, the strength of consumptive 
(and non-consumptive) effects of predator presence under field conditions are expected to vary with 





different predation strategies, as well as with differences among detritivores avoidance strategies 
(such as drift, reduced activity or hiding) and morphological defenses (Jabiol et al. 2014; Lagrue et 
al. 2015).  
Pesticides contamination and predation should act additively in the sense that they are expected 
to compromise survival, behaviour and growth of invertebrates, but they differ in selectivity and 
adaptability (Rico and Van den Brink 2015; Janssens et al. 2017). Interestingly, when CAP exposure 
and crayfish presence were combined, CAP toxicity to all macroinvertebrates seemed to be reduced, 
but especially for collectors and grazers. One reasonable explanation would be that the predator 
mobility and consumption efficiency were decreased under CAP exposure. However, and since no 
effects on both C. boltonii (96 µg/L CAP, personal observation) and P. clarkii (480 µg/L CAP) 
(Barbee et al. 2010) feeding behaviour were observed no effects of the insecticide on predators 
activity were to be expected. Therefore, the most likely explanation is related to CAP mode of action 
that causes immobility of invertebrates (Cordova et al. 2006; EFSA 2013), diminishing their 
exposure to predation. On the other hand, antagonism between pairs of stressors to freshwater 
communities responses, has been suggested to be a result of differences on the strength of effects, 
with the stressor having the larger magnitude negating the weaker one (Jackson et al. 2016). This is 
in accordance with the stronger effect of predation observed in our study. Similarly, other studies 
have reported antagonistic interactions between pesticides and predation at lethal and sub-lethal 
endpoints such as survival and reproductive outputs of Daphnia magna (Coors and De Meester 
2008), or mayfly drift behaviour (Schulz and Dabrowski 2001). 
The quality of food resources available is known to limit the fitness and energy budget of 
organisms to cope with stress (Smolders et al. 2005; Gessner and Tlili 2016). In our experiments, 
replacing alder leaves by a lower quality leaf species, such as eucalypt, affected macroinvertebrates 
abundances, ecosystem functioning and interactions of other biotic stressors with pesticide exposure. 
We can hypothesised that the observed decreases on survival of shredders and collectors on streams 
where eucalypt was the available leaf litter were mainly due to both reduced nutritional quality of 
these leaves (Graça et al. 2002; Correa-Araneda et al. 2015), and increased foraging time due to 
toughness of leaves. Our results thus agree with field studies reporting lower invertebrate density, 
and specially of shredders, in streams flanked by eucalypt plantations than in streams flowing through 
native vegetation (Larrañaga et al. 2009). 
When looking at the interaction between CAP exposure and the presence of eucalypt leaf litter, a 
higher negative effect to collector abundances was observed. This result is not surprising since it has 
been shown that chironomids, some of the most abundant collectors in our community, highly 
increased their metabolism to counteract CAP induced-stress (Rodrigues et al. 2015). Therefore, 




when they feed on less nutritive leaves they will have less energy available (Geddes 2015) to deal 
with CAP detoxification. The importance of food quality in the response to stress has been shown 
under an increased temperature scenario, with detritivores feeding on poor quality resource, such as 
eucalypt, being particularly affected (Díaz Villanueva et al. 2011). Stoler et al (Stoler et al. 2017) 
also suggested that leaf litter of different nutritional and chemical content changed invertebrates and 
amphibians response to insecticide exposure. 
Collectors and grazers abundance was influenced by a strong antagonistic action between crayfish 
and eucalyptus presence. As previously advocated, eucalyptus is a less nutritive food resource, 
though one advantage of these leaves may serve as habitat structure, constituting a refuge for 
invertebrates against active searching predators such as crayfish. Indeed, Jabiol et al (Jabiol et al. 
2014) have shown that refractory litter supports the structural complexity of the habitat needed for 
stream detritivore communities to assure subsistence under strong predation pressure. 
Decays on biodiversity caused by pesticides and environmental stressors are likely to affect 
ecosystem functions, such as leaf litter decomposition or primary production (Mcmahon et al. 2012; 
Peters et al. 2013). Further, pesticide contamination and alterations of surrounding terrestrial 
vegetation are common consequences of increased land use (Frainer and McKie 2015). Therefore, 
assessing leaf decomposition in freshwater systems is of special interest, since it is integrative of the 
trophic dynamics. Biologically driven processes such as organic matter processing and biofilm 
development are carried out by several microorganism and invertebrate species (McKie and 
Malmqvist 2009; Gessner et al. 2010; Abelho et al. 2016), therefore, with major impacts on 
ecosystem energetics (Dudgeon et al. 2006).  
In our study, low reductions on leaf decomposition were observed, which may be in accordance 
with the short exposure period. Nonetheless, under field conditions, both leaf litter microbial 
decomposition and invertebrate consumption might be strongly impaired in adjacent systems to 
agricultural areas, likely resulting from sorption and accumulation of pesticides (Hunting et al. 2016).  
Decomposition of alder leaves was approximately 3 times higher in comparison with the mass 
loss of eucalypt leaves which was expected, since eucalypt leaves have dense waxy cuticles that 
delay microbial colonization (Canhoto and Graça 1996) and hamper shredders consumption 
(Canhoto and Graça 1995, 1999). We selected such extreme leaves because it is accepted that shifts 
in riparian tree composition are more important when major changes in functional traits are involved 
(Stoler and Relyea 2016). Accordingly, our results support the view that changes in leaf litter species 
and composition, such as the usual case of Eucalyptus monocultures, can lead to changes in patterns 
and rates of leaf litter utilization and decomposition by detritivores (Gessner et al. 2010). However, 





such leaves may also represent a resource and refuge over longer time scales as they are more stable 
and durable (Biasi et al. 2013).  
The lack of combined effects between insecticide and invasive species presence regarding leaf 
decomposition may be due to functionally redundant shredder species in the community. Indeed, 
several anthropogenic stressors have been proved to cause changes in biodiversity that were not 
translated into ecosystem function impairment, due to the elimination of species that contribute little 
to the function and also the survival of species with similar functions in the ecosystem (Mcmahon et 
al. 2012).  
In natural streams where water flow limits the growth of other primary producer, diatoms are the 
dominant algae (Ghosh and Gaur 1998), as observed in our samples. Also, and as expected, primary 
production was not directly affected by chemical contamination (Tlili et al. 2017). Indeed, changes 
on periphyton biomass and productivity due to pesticide contamination are usually the result of 
density-mediated effects due to reductions on grazing (Abelho et al. 2016; Rogers et al. 2016). 
Similarly, the decrease of grazers abundance observed due to crayfish presence, was translated into 
higher primary production in these streams. In agreement with our results, increases in periphyton 
biomass due to P. clarkii consumption of grazer snails have been reported elsewhere (Jackson et al. 
2014). 
On the other hand, the higher primary production observed in Eucalyptus treatments is in 
accordance with Friberg et al (Friberg and Winterbourn 1996) that observed that leaf leachates with 
high nitrate (N) content promote algal growth, and leachates such as those from Alnus, inhibit their 
growth. Other studies have also shown that recalcitrant litter, such as from elm and maple, can reduce 
nutrient and energy availability for consumers, but might promote stable population sizes of primary 
producers (Geddes 2015; Stoler et al. 2017). Further, it has been recognized that predators such as 
decapods can have an ubiquitous function in freshwater systems, with crayfish-originating nutrients 
and labile carbon contributing to increase algal growth and activity (Schmitz et al. 2010; Majdi et al. 
2014; Atkinson et al. 2016). Therefore, it is not surprising that the combined presence of both 
invasive species (eucalyptus leaves and crayfish) increased primary production.  
In conclusion, the present mesocosm’s results provide additional insights on the joint effects of 
biotic stressors with pesticide usage on community and ecosystem levels responses. Results of this 
study indicated that several functional groups must be taken into account in community 
ecotoxicology studies since species declines at different trophic levels can affect ecosystem functions 
in complex ways and, therefore both vertical and horizontal interactions should be included. Further, 
as many aquatic invertebrates have complex life cycles that include a terrestrial stage, insecticides 
and voracious invasive predators can also impact the export of energy and nutrients to terrestrial 




ecosystems, for instance, by reducing adult emergence which may cause cross-ecosystem cascades 
(Knight et al. 2005; de Omena et al. 2017). Similarly, different riparian vegetation inputs contribute 
to changes on these cross-ecosystem interactions on leaf litter decomposition and aquatic invertebrate 
species diversity (Rodriguez-Cabal et al. 2016).  
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General discussion and conclusions 
Freshwater systems are frequently affected by multiple stressors (Ormerod et al. 2010), thus 
studies focused on species interactions and ecosystem processes affected by multiple stressors 
interactions are needed. Simultaneously, insecticides increasing market raised concerns about their 
impacts on non-target freshwater natural communities and ecosystem (Schäfer et al. 2011; 
Rasmussen et al. 2012). Therefore, growing efforts are being made to obtain a better knowledge on 
multiple stressors impacts on freshwater systems and create effective strategies for their management 
(Science for Environment Policy 2015; Selck et al. 2017).  
In this context, one of the actual challenges is to assess both direct and indirect effects of biotic 
stressors as potential mediators of chemical pollution. Due to their nature and ubiquity, biotic 
stressors such as predation, competition or parasitism are important factors that can alter the 
ecological effects of contaminants. Studies encompassing biotic stressors highlighted that although 
environmentally realistic concentrations of pesticides can directly alter species’ abundance, behavior 
and physiology, species interactions and community context play an important role as mediators of 
these contaminant effects (Relyea and Hoverman 2006; Rohr et al. 2006; Gessner and Tlili 2016).  
Most previous empirical and experimental knowledge about biotic stressors (mainly predation) 
were derived from studies with pelagic food webs, nevertheless benthic detritus-based food webs are 
also of great ecological relevance since many freshwater systems are fueled by both autochthonous 
and allochthonous organic matter (Moore et al. 2004; Brett et al. 2017). In particular, detritus-based 
food webs are suitability for community and ecosystem health assessment in freshwaters since 
detritus are known to increase systems stability and persistence, influencing habitats and food webs 
composition and dynamics, thus leading to effects on trophic structure and biodiversity (Moore et al. 
2004). In these detritus-based trophic chains, resource type and quality may be changed due to several 
anthropogenic activities, such as replacement of native forest by different tree species with more 
refractory leaves and/or adsorption of chemical contaminants (Bundschuh and Mckie 2016; Hunting 
et al. 2016), which may potentially change organisms and communities’ susceptibility to chemical 
pollutants. 
Thus, there is an increasing application of the food web ecology framework to assess the effects 
of contaminants on community composition, species interactions and ecosystem functions, to predict 
contaminant fate and effects, and to identify communities that are sensitive to different xenobiotics 
and species that are crucial for the occurrence of cascading effects across trophic levels (Halstead et 
al. 2014; Clements et al. 2016). Still, a major issue is whether ecological functions are maintained in 
impacted ecosystems (Ferreira et al. 2015; Boyero et al. 2016), which stresses the importance of 
addressing and characterizing the anthropogenic pressure at the ecosystem level. In the present thesis, 




leaf decomposition and primary production were assessed as they represent major biological 
processes influencing carbon storage in freshwaters and, therefore they are sensitive indicators of 
changes on species diversity (Hooper et al. 2012).  
In addition, other important issues are related to alterations of fauna and flora species identity by 
invasive species that are widely spread through Europe, and efforts have been made in the last years 
to know the real extent of their negative impacts. One of the first steps was to launch the European 
Alien Species Information Network (EASIN) in September 2012 (https://easin.jrc.ec.europa.eu/) to 
gather all the information available about invasive species in unique and standard format easy to be 
consulted. Next steps proposed by the EU regulation no. 1143/2014, include the identification, 
characterization and elaboration of a list of invasive alien species of concern, in order to achieve 
effective management actions and strict regulation of these species trade to effectively control such 
invasions in member states until 2020. Among these species, the invasive crayfish Procambarus 
clarkii is considered one of the worst plagues in Europe, classified as a species of high impact, with 
deleterious effects on biodiversity, agriculture and water quality, and very strict rules are urged to 
control these invaders (Souty-Grosset et al. 2016). On the other hand, Eucalyptus trees are considered 
low/unknown impact species and their plantations are considered of minor concern. 
Recommendations for buffer zones with native trees surrounding plantations have been suggested to 
mitigate most of their ecological impacts to nearby freshwaters (Ferreira et al. 2016). Nevertheless, 
the efficiency of these buffer zones has been questioned and factors such as dissimilarities between 
the smaller area of these buffer zones seem to limit the protective desired effect (Oliveira et al. 2016)  
That said, the main objective of the present research was to investigate whether the deleterious 
effects of insecticide pollution may be mediated by the presence of alien invasive species with special 
focus on detritus-based food webs. For that, an integrative approach was proposed and presented 
through the chapters of this thesis from the individual towards the community and ecosystem levels: 
i) starting with the assessment of direct effects of insecticide exposure on single-species standard 
tests; ii) to microcosms systems combining chemical and natural stressors exposure to a simplified 
tri trophic detritus-based food webs; iii) mesocosms testing with a natural and complex freshwater 
benthic community. 
 
Therefore, several highlights can be derived from results obtained in the present thesis: 
• Anthranilic diamides presented less toxicity than pyrethroids, but are expected to be toxic to 
most freshwater invertebrates at environmentally relevant concentrations. 
Single-species toxicological approaches are an important first step as they give information about 
relative sensitivity among taxa to different contaminants, as well as about the magnitude of the 
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expected effects (Gessner and Tlili 2016). Nevertheless, the diversity of non-target freshwater 
organisms and their different sensitivities to chemical exposure are not fully accomplish. Therefore, 
the present work contributes with insecticides toxicity data to both model (the dipteran Chironomus 
riparius) and non-model (the caddisfly Sericostoma vittatum and the planarian Dugesia 
subtentaculata) freshwater invertebrates.  
Summarizing the results from Chapter II to V, the trichopteran Sericostoma vittatum was more 
sensitive to exposure to both insecticides than the dipteran Chironomus riparius. On the other hand, 
predator species showed higher tolerance to chlorantraniliprole (CAP; LOEC = 26 µg/L and LC50s 
> 640 µg/L CAP, Chapter VI and Appendix III, respectively). These differences in sensitivity to 
insecticide exposure between species with different trophic positions are of special relevance 
regarding trophic interactions, since it could be expected that CAP directly disrupt prey populations, 
but not predator behaviour under realist exposure scenarios.  
• Behavioural endpoints were sensitive alternative organismal level responses to assess 
insecticides toxicity to freshwater invertebrates with longer life cycles. 
Developmental endpoints (such as growth rates, time or percentage of emergence or reproduction) 
are objective to measure, sensitive responses to induced-stress and easy to assess in exposed 
organisms with short life cycles such as C. riparius; while for organisms with longer life cycles such 
as S. vittatum this is not so practical. Thus, behavioural changes have been used as alternative 
measures of ecotoxicological effects and, it has been reported that they can even respond earlier than 
other classical developmental endpoints (Pestana et al. 2007; Alonso and Camargo 2011). Similarly 
to previous studies (Pestana et al. 2009; Campos et al. 2014), the reliability and sensitivity of feeding 
inhibition of S. vittatum as a parameter to assess chemical-induced stress was observed (Chapters II 
and IV).  
However, other behavioural endpoints, such as locomotion, have gain new attention due to 
advances for example on video tracking analysis systems (Pyle and Ford 2016). This is because 
behaviour patterns result from the integration of biochemical and physiological processes, thus, 
changes in behaviour might alter the fitness and ecological functions of organisms with consequences 
for ecosystem function (Hellou 2011; Pyle and Ford 2016). In Chapter VI, effects of CAP exposure 
on the locomotion of the planarian Dugesia subtentaculata were investigated using an automated 
video tracking device. This approach was shown to be a fast and non-invasive method, easy to 
reproduce, allowing an effective quantification of the behavioural alterations induced by anthranilic 
diamides. So, this works also lends support to the use of freshwater planarian species such as D. 
subtentaculata and to behavioural endpoints as early warning signs of stress induced by 
environmental pollution.  




• Biochemical and energy allocation related biomarkers were shown to be important early 
warning responses to environmentally relevant concentrations of the two studied 
insecticides.  
Biochemical biomarkers related with oxidative stress defenses were sensitive measures of 
insecticides induced stress (Chapter II to IV). Further, the results presented on these chapters 
emphazise that the evaluation of biochemical and physiological parameters, such as ETS activity and 
energy reserves, together with endpoints related to energy intake (such as feeding) give insights into 
the energetic costs due to pesticide-induced stress. It is also highlighted that these extensive 
complementary assessments, particularly in organisms with longer life cycles such as caddisflies 
(Chapter II and IV), provide a simple common physiological approach to address effects of chemical 
stress and infer about their long-term consequences (such as decreased growth or energy for 
reproduction) that might be translated into deleterious effects at the population level.  
• Environmentally relevant exposures to CAP are expected to impair developmental rates and 
feeding behaviour of detritivores and change the structure of freshwater macroinvertebrate 
communities.  
To encompass more environmentally relevant scenarios, bioassays were developed where 
detritivores interactions (Chapter VII) and community responses (Chapter IX) where assessed under 
exposure to relevant CAP concentration (2 µg/L). CAP exposure impaired behaviour, development 
and survival of detritivores species. These results are not surprising, since anthranilic diamides were 
designed to be highly specific on target insects’ ryanodine receptors, disrupting muscular function 
as a result of changes on calcium homeostasis (Lahm et al. 2005; Casida and Durkin 2013). Thus, 
impairments of macroinvertebrate behaviour (such as feeding activity and mobility) that ultimately 
will lead to death are to be expected even at low concentration exposures. In addition to the moderate 
persistence of CAP on water-sediment systems (EFSA 2013), these results highlight the potential 
impact that low doses of agricultural insecticides may pose to most sensitive freshwater non-target 
macroinvertebrates. 
• Non-consumptive and consumptive effects of predation altered detritivores growth and 
behaviour, and community structure, respectively. Replacing native odonate predators by 
an invasive species of crayfish had important consequences in terms of community structure 
and mediate insecticide effects in freshwater communities. 
Predation risk posed by native predators was shown to potentially affect foraging behaviour of 
the aquatic insect larvae of C. riparius and S. vittatum, which was reflected into lower leaf litter 
decomposition rates (Chapters VII and VIII). In mesocosms trials, however, the presence of an 
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invasive voracious predator species caused the major impacts on macroinvertebrate abundances and 
mediated CAP toxicity to these organisms (Chapter IX). It is accepted that predation stress is one 
major limiting factor inducing changes on abundance and diversity of freshwater macroinvertebrate 
communities, therefore invasive predators are more likely to cause drastic changes than other biotic 
invasions at other trophic positions (Gallardo et al. 2016). On the other hand, higher impacts on the 
structure of communities have been observed during the first periods of invasions, since the native 
organisms do not recognize the new predator (Sih et al. 2010). After some time, the populations seem 
to adjust anti-predator behaviours and new balance between dominant species might occur (Carvalho 
et al. 2016; Gallardo et al. 2016). For this study, juveniles crayfish were selected as they are known 
to be active predators (Correia and Anastácio 2007) and mesocosms trials were run for only seven 
days avoiding extreme predation in our closed systems and the consumption of leaves by these 
crayfish (Carvalho et al. 2016). 
These drastic effects of introduced species occur because they are functionally dissimilar from 
the species on the recipient community, having the potential to cause ecological impacts along the 
food webs (Gallardo et al. 2016). Biotic invasions tend to impact abundance and diversity of aquatic 
communities by interactions with native species but also through changes on the habitat (Gallardo et 
al. 2016), which is the case of polytrophic and habitat engineer P. clarkii (Souty-Grosset et al. 2016). 
P. clarkii is a voracious omnivore predator and their extreme impacts on native biota (from 
macrophytes, invertebrates or amphibians) are well documented (Gherardi 2006; Correia and 
Anastácio 2007; Souty-Grosset et al. 2016). Souty-Grosset et al. (2016) reviewed the actual impacts 
of P. clarkii in Europe, indicating that the great success of these well stablished crayfish and their 
high deleterious effects on ecosystems and biodiversity are mainly due to their active predatory 
behaviour and omnivory, but also their activity as engineers being also are vectors of diseases of 
native European crayfish. Furthermore, due to their high mobility, continuous dispersal through new 
streams and other aquatic systems is very likely to occur (Cruz and Rebelo 2007; Anastácio et al. 
2015).  
• Leaf quality and type can mediate insecticides effects to freshwater communities. 
It has been recognized that environmental changes will affect biota and ecosystem function 
depending on the functional traits of species, being this particularly true regarding riparian vegetation 
(Kominoski et al. 2013). For instance, in Europe, the replacement of native deciduous forest by 
generalist Eucalyptus species has been shown to reduce the numbers of aquatic invertebrates and 
microorganisms compared with streams fenced by deciduous trees (Bärlocher et al. 1995; Graça et 
al. 2002; Larrañaga et al. 2009). Graça et al. (2002), pointed out that in addition to eucalyptus leaves 
being less nutritive they contain higher contents of oils and polyphenols that are toxic to many 




invertebrate detritivores and the slower colonization of leaves by microorganisms diminish their 
palatability to shredders. Moreover, the changes on litter inputs from fall to summer may reduce food 
available to species with larval stages on autumn. Therefore, the observed reductions on leaf 
decomposition on streams with eucalyptus leaves are not surprising (Chapter IX).  
Resource quality is an important factor limiting freshwater invertebrates’ development and 
survival (Danger et al. 2016). Indeed, detritivore survival was impaired by changing nutritive alder 
leaves by less nutritive eucalyptus leaves. Further, the presence of eucalyptus leaves magnified CAP 
toxic effects to invertebrates (Chapter IX). Further, the results from microcosms simplified trophic 
chains emphasize and agree with the known importance of food quality to freshwater species 
responses and interactions under stress, such as predation (Gessner and Tlili 2016). On Chapter VIII, 
it was observed that the less nutritive leaves from the invasive plant species E. globulus may 
additively exacerbate the effects of predation risk, with reductions in chironomids growth observed. 
Therefore, besides changes in rates of litter processing, bottom-up effects caused by changes in 
resource quality are plausible and might influence detritivore population dynamics, secondary 
production and alter responses to predation. 
• Ecosystem functions can be affected differently due to multiple stressors interactions: Leaf 
litter decomposition might be a more resilient process than primary production. 
The results from Chapter IX suggest that leaf decomposition might not be altered by short-term 
exposures to insecticides or predation, mainly due to functional diversity and redundancy of 
detritivores species. These results agree with studies showing that species diversity is positively 
associated with ecosystem stability and recovery (Clements and Rohr 2009; Clements et al. 2012). 
Indeed, leaf decomposition is an ecosystem process that depends on several functional groups of 
organisms, therefore many interactions between species can compensate for the final outcome under 
stress scenarios (Gessner et al. 2010; Clements et al. 2016).  
On other hand, primary production is an ecosystem process closely related with few groups of 
organisms and, thus effects of contaminants on such groups can be easily translated into changes in 
primary productivity (Clements et al. 2016). Accordingly, on Chapter IX periphyton primary 
production was enhanced through density-mediated effects, caused by CAP exposure and crayfish 
predation that decreased grazers individuals. Furthermore, new focus has been given to 
environmental stoichiometry that measures the flow of multiple elements between organisms and 
their environment (Atkinson et al. 2016). In the present research, some evidence of the importance 
of this “consumer-driven nutrient dynamics” was observed due to the presence of the crayfish, whose 
activity was suggested to influence the nutrient available for algal growth, which also favored 
primary production. In accordance, increases in nitrogen contents in invaded habitats have been 
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correlated with invaders biomass and activities such as excretion and bioturbation (Gallardo et al. 
2016). 
• Experimental evidence of the combined effects of invasive species presence and insecticide 
contamination to a freshwater community structure and function were presented.  
Contrarily to chemicals stressors, biotic invasions take part on the communities, entering the 
trophic chains and interacting with the other species in several ways (as predators, competitors, food 
resource, etc). Therefore, both direct and indirect effects of biotic invasions are expected to disrupt 
trophic links. An extensive review of the current knowledge about direct and indirect effects of biotic 
invasions was done by Jackson et al (Jackson et al. 2017), presenting several examples about the 
trophic position that invasive species may occupy on freshwater trophic chains and their consequent 
impacts. However, there is a lack of knowledge on the potential of biotic invasions to mediate 
chemical effects. In the present study, interactive effects of chemical exposure and invasive species 
presence were observed in terms of aquatic community structure and function. Further, the co-
occurrence of the invasive crayfish and eucalyptus leaves synergistically changed ecosystem 
functions (decreasing leaf decomposition but increasing primary production, Chapter IX). In sum, 
this last chapter emphasizes the variety and complexity of multiple stressors interactions that are 
probable to occur under natural conditions.  
• Structural equation modelling (SEM): a promising framework to address individual to 
community level effects. 
Path analysis using structural equation modelling (SEM) allows to test hypothesis about causal 
networks and the interpretation of responses that derived from several predictors in complex causal 
connections (Grace et al. 2010). In the present thesis, SEM methodology was applied to two different 
sets of data. In the Chapter II, SEM analysis was used to improve the interpretation of the energy 
allocation and energetic costs of an individual under insecticide-induced stress, linking the energy 
related parameters (from feeding to cellular energy allocation components). In Chapter IX, SEM was 
applied to data from mesocosms trials and provided additional insights on combined effects of 
studied stressors on community structure and function. SEM allowed the design of an integrative 
model where the strength of direct, indirect and combined effects of pesticides and invasive species 
on stream trophic chains could be elucidated, linking changes in the different functional groups to 
modifications on ecosystem functions. In both chapters, SEM methodology proved to be sensitive 
and useful to identify and compare the different types of effects that can be expected. 
In the last years, SEM methodology has been more frequently applied to ecotoxicology studies 
focused on community and ecosystem level responses (Frainer and McKie 2015; Alexander et al. 




2016; Rogers et al. 2016), since it can contribute to bridge the gap between laboratory and field 
studies. SEM could be a suitable framework to fulfil the need of ecological and toxicological research 
for an effective modelling by establishing plausible causal links to support models (Van den Brink 
et al. 2016). The vastness of different stressors affecting natural systems makes it impossible to study 
all the probable combinations and all potential interactive effects. Therefore, efforts should be put on 
the relationships between ecosystems characteristics, the stressors mode of action and responses that 
reliably predict these combined effects (Côté et al. 2016). The assessment of multiple stressors 
impacts on freshwater communities is a challenging and hard task but at the same time urgent for 
effective measures of management.  
 
In conclusion, the presented research simulating a very likely scenario of multiple stressors 
interaction on European streams, stresses the need to consider the interactions between chemical and 
biotic stressors when evaluating the ecological effects of insecticide contamination, and shows that 
both predator identity and detritus quality can mediate the structural and functional effects of 
chemical contamination. Further, several functional groups must be considered in ecotoxicological 
evaluations since species declines at different trophic levels can affect ecosystem functions in 
complex ways. 
Moreover, this thesis focused on effects of insecticide contamination and biotic invasions on 
detritivore communities emphasizes the need for inclusions in ecotoxicological approaches of 
ecological factors and threshold responses that determine community resistance and resilience. This 
will improve the ability to predict how and when communities will respond to, and recover from 
multiple stressors effects (Clements et al. 2016). 
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Appendix I: Supplementary Table of Chapter IV 
Supplementary information of chlorantraniliprole chemical analysis 
methodology 
Supplementary Table S1. LC-LC gradient for the elution of target compounds (water samples, in-line-
SPE, Hypersil Gold column). 
 
Analytical pump High-flow pump for in-line extraction 
Time 
(min) 





A (%) B (%) C (%) 
Flow 
(μL min-1) 
0.00 95 5 200 0.00 100 0 0 1200 
1.05 95 5 300 1.05 100 0 0 1200 
8.00 60 40 350 1.07 0 100 0 50 
11.00 20 80 400 11.10 0 100 0 50 
13.00 0 100 400 12.00 0 50 50 2000 
13.01 95 5 300 12.01 100 0 0 1200 
16.00 95 5 300 15.00 100 0 0 1200 






Appendix II: Supplementary material of Chapter IX 
Basic set-up of the modular mesocosm system (MMS) 
The basic concept of this system is to provide a versatile framework for experimental 
manipulation of environmental (chemical and physical) parameters and ecological scenarios, 
which may affect aquatic organisms (Fig. 1). This system was developed using a modular 
construction concept, which allows researchers to work over a wide range of configurations and 
address specific questions using statistically robust experimental designs. The system was 
assembled using affordable materials and equipment readily available in local or online stores, 
thus facilitating its replication across the world. 
Each system module is composed of three experimental glass mesocosms (0.225 m high, 2.000 
m long and 0.200 m wide) with a maximum functional volume of approximately 80 L, designed 
to be used either with water and/or sediment. 
The system can be operated in a flow-through or recirculated regime; in this last option, the 
tanks are connected to a common filtration sump (0.500 m high, 0.900 m long and 0.630 m wide), 
operating with a maximum functional water volume of approximately 280 L. 
The modular system design described in the following sections allows researchers to control 
key factors that affects aquatic organisms biology and physiology, namely water temperature, 
pollution, water chemistry, nutrition, photoperiod, and light intensity, among others. 
Filtration and water flow 
The modular culture system can be used in three configurations: flow-through system; 
recirculated system using independent experimental mesocosms; and recirculated system with 
independent modules of experimental tanks.  
For the work presented on this thesis the recirculated system with independent modules of 
experimental tanks was used. Each system module (composed of three experimental mesocosms) 
is connected to a 280 L filter tank (the sump) (Fig. 2). A submerged pump (EHEIM Compact+ 
5000, Germany) placed in the sump provides a flow up to 1000 L h-1 to each of the three 
experimental mesocosms on each modular system, through an inlet PVC ring pipe system with 





Fig. 1 Global view of the modular mesocosms system. 
 
 




Supplementary Table S1. Macroinvertebrate community: initial number per steams, relative percentage (%) and mean final number per treatment. 
    
Final number of organisms per taxa per treatment 
    
















Alder Alder + CAP Eucalyptus Eucalyptus + CAP Alder Alder + CAP Eucalyptus Eucalyptus + CAP 
Organisms Mean SD Mean SD Mean SD Mean SD Mean SD Mean SD Mean SD Mean SD 
Sericostoma Shredder 47 21.66 46.00 1.73 45.33 0.58 43.33 2.52 43.33 2.89 46.00 1.00 45.00 2.00 45.00 1.00 45.33 1.53 
Lepidostoma  Shredder 10 4.61 7.00 2.65 6.00 1.00 7.33 1.15 3.33 1.53 7.00 3.00 2.00 1.00 0.33 0.58 1.67 1.53 
Calamoceras Shredder 2 0.92 1.67 0.58 1.67 0.58 2.00 0.00 1.33 0.58 2.00 0.00 2.00 0.00 1.00 0.00 2.00 0.00 
Allogamus Shredder 3 1.38 3.00 0.00 2.33 0.58 2.67 0.58 2.67 0.58 2.33 0.58 2.67 0.58 2.33 0.58 2.33 0.58 
Ephemera Collector 20 9.22 18.67 1.15 18.33 1.53 19.67 0.58 19.33 0.58 11.67 6.11 18.33 1.53 17.67 1.15 16.67 3.21 
Chironomidae Collector 60 27.65 22.00 3.46 18.33 4.16 15.67 5.13 5.33 3.06 4.00 2.65 3.00 2.65 3.33 4.16 2.33 1.15 
Simulium Collector 14 6.45 0.33 0.58 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 
Protonemura Collector 1 0.46 0.33 0.58 0.00 0.00 0.00 0.00 0.33 0.58 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 
Habroleptoides Grazer 35 16.13 23.67 5.13 15.33 3.51 17.33 4.16 18.00 6.08 5.00 2.65 8.00 4.36 9.33 1.53 10.33 4.93 
Baetidae Grazer 5 2.30 0.33 0.58 0.00 0.00 0.67 0.58 0.33 0.58 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 
Epeorus Grazer 9 4.15 1.67 1.15 0.00 0.00 2.00 1.00 1.67 0.58 0.00 0.00 0.00 0.00 0.00 0.00 0.33 0.58 
Oligochaeta Collector 1 0.46 0.67 0.58 0.67 0.58 0.00 0.00 0.33 0.58 0.00 0.00 0.00 0.00 0.33 0.58 0.33 0.58 
Atherix Predator 2 0.92 2.00 0.00 2.00 0.00 2.00 0.00 1.67 0.58 1.67 0.58 1.67 0.58 1.00 1.00 1.67 0.58 
Calopteryx Predator 2 0.92 2.00 0.00 2.00 0.00 2.00 0.00 1.67 0.58 1.33 0.58 1.33 0.58 0.00 0.00 1.33 0.58 
Hydropsyche Predator/Collector 3 1.38 2.00 1.00 1.00 1.00 1.33 0.58 0.33 0.58 2.00 1.00 0.33 0.58 0.67 0.58 1.67 0.58 
Turbellaria Predator 1 0.46 0.33 0.58 0.67 0.58 0.00 0.00 0.00 0.00 0.33 0.58 0.33 0.58 0.00 0.00 0.67 0.58 

























Appendix III: Toxicity of chlorantraniliprole to freshwater 
predator species 
Acute toxicity of CAP  
Acute lethality of CAP to Dugesia subtentaculata and Cordulegaster boltonii was assessed in 
water only exposures. CAP solutions were prepared in ASTM hard water and mortality of organisms 
in the different treatments was verified in 10 replicates with 1 organism each. Exposures were 
performed on dark, at 20 º C. After 96 h of exposure, mortality was determined by mechanical 
stimulation, with animals failing to show any response considered dead. No higher concentrations 
were tested, since the tested concentrations are more than 100-fold higher than predicted 
environmentally relevant concentrations of CAP on freshwaters.  
Table 1 Acute toxicity of chlorantraniliprole to the two native predators (Dugesia subtentaculata and 
Cordulegaster boltonni) and the invasive species Procambarus clarkii 
 LC50 
Time of exposure (h) 
 CAP (μg/L) 
Dugesia subtentaculata > 12800 96 
Cordulegaster boltonii > 640 96 
Procambarus clarkiia 951 96 
a (EFSA 2013) 
Feeding activity assays 
Post-exposure feeding activity was assessed using 10 C. boltonii/ P. clarkii per treatment 
individually placed into crystallizing dishes with 20 mL of ASTM medium. Twenty live C. riparius 
larvae (8 days old) were added as food in each replicate. CAP concentrations tested were 6, 24 and 
96 μg/L. Feeding rates were measured as the number of larvae ingested per organism over a 1 h 
period. No effects on feeding behaviour of selected species were observed due to CAP aqueous 
exposure. 
